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Abstract 
Conservation and economic paradigms are shifting in recognition of the interdependencies 
among environmental, economic, and social systems. This shift is changing philosophies on why, 
where, and how we conserve nature. In this thesis I develop and apply novel approaches to plan for 
diverse objectives with the goal of enhancing the effectiveness, efficiency, and equitability of 
landscape management for multiple stakeholders. 
Forest carbon policy epitomises the challenges of interdependent environmental, economic, and 
social concerns. The ideals of REDD+ are inherently appealing, but in practice it presents a 
minefield of vagaries, unintended consequences, and trade-offs. Current forest-carbon policy fails to 
reflect the multiplicit social values of different management actions. As a solution, in chapter 2 I 
propose a policy framework that distinguishes distinct outcomes, promotes more effective 
incentives by better reflecting and leveraging from stakeholder values, and allows faster adaptation 
of policy to an uncertain future. 
Chapters 3-7 of my thesis develop a case study in a REDD+ priority region, the Ex-Mega Rice 
Project (EMRP) of Central Kalimantan, Indonesia. Restoration and development of the EMRP is of 
global interest due to substantial carbon emissions from degraded peatland, charismatic 
biodiversity, and a rapidly developing palm-oil industry. Understanding spatial distributions of 
environmental values is needed for their sustainable management. However, different stakeholders 
often perceive these values in different ways. In chapter 3, I explore the carbon, biodiversity, and 
development implications of seven proxies for carbon dynamics. I find above-ground biomass is not 
an adequate surrogate for emission dynamics, and current regulation limiting development on 
peatland may fail to incentivise peatland restoration. My results highlight that the most appropriate 
carbon proxy may not be the most accurate one, but rather the one that best incentivizes positive 
actions in suitable locations. 
REDD+ landscapes need to be managed for multiple social, economic, and environmental goals. 
In chapter 4 I quantify and map key policy-relevant ecosystem-service values, and evaluate the 
expected outcomes of four future land-use scenarios in the EMRP. I find that the prospective land-
use plans will be considerable improvements on current land use, but identify several potential 
trade-offs. For example, oil-palm development may push smallholder agriculture into low-
productivity areas, and negatively impact biodiversity and carbon outcomes. This highlights that for 
effective, efficient, and equitable management these local-scale trade-offs will need to be carefully 
considered in future land-use planning for the EMRP. 
Estimating potential outcomes of different land-use policies can highlight where we may 
anticipate conflicts. Land-sharing and land-sparing strategies are embodied in agricultural and 
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environmental policies currently applied in landscapes worldwide, and their relative benefits and 
shortcomings have recently been the focus of debate. However, generalised rules of preference for 
either policy are complicated due to context specificity. Further, outcomes for both ecological and 
economic objectives have been rarely evaluated at a landscape scale. In chapter 5 I reveal that even 
simplified models of land-sharing and sparing can produce complex results, and identify 
biophysical and socio-economic contextual variables that warrant inclusion in future assessments. 
In chapter 6 I provide the first analysis to include multiple ecosystem services in an evaluation 
of land-sharing and sparing strategies for a complex, heterogeneous landscape. I find that neither 
land-sharing nor sparing would provide substantial benefits additional to that obtained from better 
land-use allocation from the outset. Further, no plan or policy scenario assessed could satisfy all 
stakeholder targets. These results entice the question, if land uses could be optimised for each 
strategy, which would give the best outcomes? And is simultaneous achievement of all stakeholder 
targets even possible in the EMRP? In chapter 7, I explore these questions by identifying the 
fundamental trade-offs between multiple objectives under land -sharing, land-sparing, and mixed-
strategy scenarios. Full achievement of objectives is not possible under current conditions, but in 
contrast to the outcomes of earlier models, land sharing offered the best prospects and potentially 
could satisfy all stakeholders if land allocation is optimised. 
Overall, my thesis highlights that land-use problems and concepts of value are complex, 
controversial, and continually evolving. I have developed novel methods for understanding, 
quantifying, and managing trade-offs between stakeholders in multifunctional landscapes. My 
results highlight that the best metrics and incentives will be those that instigate positive actions in 
appropriate places, targets need to be both appropriate and achievable given biophysical and socio-
economic landscape contexts and constraints, and trade-offs are common but perhaps not 
insurmountable. As a global community, we need to rethink our aims and approaches towards 
carbon emissions mitigation, economic development, and biodiversity conservation. In the EMRP, 
this could include a move away from emphasising carbon and towards developing livelihoods. My 
results suggest carbon benefits will follow. More broadly, we need to refine our concepts of 
efficiency, equity, and social value, and develop a more nuanced, mechanistic understanding of 
these concepts in order to effectively incorporate them into future land-use policies and planning. 
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1. Introduction 
1.1 An approaching ‘perfect storm’ 
The multiple biodiversity, environment, and food security challenges facing the contemporary 
world have been described as an approaching ‘perfect storm’ (Poppy et al., 2014). Increasing global 
population and changing consumption patterns, particularly toward animal protein and commodities 
such as soy and palm-oil, suggest that global food production must double by 2050 (Foley et al., 
2011; Tilman et al., 2011; Balmford et al., 2012). This is resulting in intensification and expansion 
of agricultural land use and management (Foley et al., 2011; Balmford et al., 2012; Krausmann et 
al., 2013), which is cumulatively reducing the viability of natural ecosystems and their ability to 
support biological diversity (Rockström et al., 2009; Laurance et al., 2014). Some suggest that 
human appropriation of the biosphere may already be beyond sustainable limits (Rockström et al., 
2009; Running, 2012), particularly in regards to biodiversity (Mace et al., 2014). 
These challenges are superimposed onto an era of global climate change (Ehrlich and Ehrlich, 
2013). Deforestation and land degradation are substantial contributors to global climate emissions 
(Stocker et al., 2013; Matthews and van Noordwijk, 2014), including large volumes from degrading 
peatlands in both tropical and boreal regions (Hooijer et al., 2012; Bridgham et al., 2013). Aside 
from potential direct and indirect climatic impacts on both natural areas and anthropogenic systems, 
a greater emphasis on bioenergy may exacerbate issues of land scarcity and insufficient food 
production (Lambin and Meyfroidt, 2011; Krausmann et al., 2013), as will activities designed to 
mitigate climate change through reducing deforestation and reforesting cleared areas (Hirsch et al., 
2011; Phelps et al., 2012; Pirard and Belna, 2012). These challenges are particularly pertinent in the 
tropics, the earth’s most biodiverse regions, which are experiencing the highest rates of 
deforestation and agricultural expansion (Foley et al., 2011; Laurance et al., 2014; Newbold et al., 
2014). 
Managing the development-environment trade-off is becoming an increasingly complex issue. 
In part this complexity is due to the biophysical linkages and constraints, for example between land 
cover and climate (Bounoua et al., 2002; Feddema et al., 2005; Ellis et al., 2013), limited resource 
availability and land scarcity (Foley et al., 2011), and non-linearities in the provision of ecosystem 
processes and services (Rockström et al., 2009; Barnosky et al., 2012). Complexity also arises due 
to links between economic and social drivers of deforestation and land degradation (DeFries and 
Rosenzweig, 2010; DeFries et al., 2010; Lambin and Meyfroidt, 2010), and between environmental 
conditions, poverty, and human health (Sanderson and Redford, 2003; Barrett et al., 2011; Ferraro 
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et al., 2011a). Developing tools and mechanisms to manage emerging carbon, biodiversity, and 
livelihood trade-offs is particularly pertinent in areas where developing or sustaining agricultural 
economies are economic and political priorities (Hamblin, 2009; Barrett et al., 2011; Fader et al., 
2013). 
1.2 Shifting of conservation and economic paradigms 
Recognition of these challenges and interdependencies has resulted in a shifting of conservation 
and economic paradigms (Barrett et al., 2011), which has changed philosophies on why, where, and 
how we conserve nature (Sanderson and Redford, 2003). These include, for example, changing 
approaches to nature conservation, and consequent changes in the financial mechanisms for 
environmental management. 
Conservation of natural systems has developed over the last century from a focus on protecting 
nature for aesthetic reasons (Cronon, 1996), to the protection of species biodiversity (Sarkar, 2014), 
and now also a wide range of specific “ecosystem goods and services” derived from ecological 
systems (CBD, 2003; Millennium Ecosystem Assessment, 2005). These ecosystem services include 
non-use values such as “options”, “existence” and “inherent” values of species biodiversity (Turner 
et al., 2003; Jax et al., 2013) that are inherently difficult or impossible to quantify (Chan et al., 
2006; Christie et al., 2006), but typically irreplaceable (Díaz et al., 2006). Ecosystem services also 
include “use values” that are more tangible, such as water purification, carbon emissions mitigation 
and risk management (including adaptation) that can be more readily valued through direct 
comparison to corresponding technological alternatives (Ehrlich and Mooney, 1983; Turner et al., 
2003; Jax et al., 2013). 
An example of changing conservation practice has been the growing emphasis on the 
conservation value of production lands, and of activities in these areas. This change in conservation 
practice can be viewed as a shift from predominantly land sparing strategies, in which conservation 
practice is largely separated from production, to one including land sharing, in which conservation 
efforts are integrated into production systems. Reserve systems remain a cornerstone of conservation 
strategies (Moilanen et al., 2009b), as human impact is one of the prominent drivers of species decline 
(Sala et al., 2000; Pimm et al., 2014). However, there are recognized limitations of protected area 
focused biodiversity policy: the limited availability of areas for protection, particularly in developed 
or highly degraded regions (Troupin and Carmel, 2014); the opportunities for conservation in the 
matrix, particularly of species tolerant of disturbance (Polasky et al., 2005; Wilson et al., 2010; 
Troupin and Carmel, 2014); an unacceptability of protected areas in some socio-economic contexts 
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(Fischer et al., 2006; Possingham et al., 2006; Barber et al., 2012); and the recognition that some 
species are now dependent on human dominated landscapes for their conservation (Wright et al., 
2012). Restoration and improvement of ecosystem service values within agricultural and production 
ecosystems can also contribute to improved production (Millennium Ecosystem Assessment, 2005).  
Changing conservation paradigms and practice are creating diversity in the ways conservation 
activities are being funded. Historic emphasis on finance through governmental agencies, non-
government organisations (from donations), or private enterprises (principally fund-based sources) 
has largely been inadequate in terms of volume or distribution (James et al., 2001; Mansourian and 
Dudley, 2008; McCarthy et al., 2012). There are many avenues available for conservation finance 
in terms of both generation and distribution, with various scales of market emphasis (Table 1.1; 
Parker and Cranford, 2010; Barrett et al., 2013). While government funds are likely to continue to 
be a major source of funding for biodiversity conservation, the significant additional funding 
required for adequate protection of biodiversity is more likely to come from other diverse sources 
(Parker and Cranford, 2010; Armsworth et al., 2012; Barrett et al., 2013). In order to effectively 
prioritise conservation activities in the future it will be important to incorporate these various 
sources of funding in a way that better appreciates the contribution of finance flowing through 
environmental markets and integrated conservation and development projects (ICDPs). 
Environmental markets are created to support or promote the conservation of ecosystem goods 
and services (Dargusch and Griffiths, 2008), including a broad range of incentives applied in a wide 
variety of contexts (Wunder et al., 2008; Farley and Costanza, 2010; Muradian et al., 2010). These 
include markets associated with products, such as eco-certification (“green commodities”, “eco-
products”), as well as “payments for ecosystem services” (PES), such as carbon sequestration and 
storage, and water purification and provision (Dargusch and Griffiths, 2008; Redford and Adams, 
2009). Environmental markets bring more stakeholders into the conservation arena, for example 
agricultural land managers in agri-environmental schemes, which have featured strongly in 
European environmental policy (Whittingham, 2011), or industry and development actors in 
biodiversity offset schemes (Gardner et al., 2013). Environmental markets attempt to commoditise 
ecosystem services that are not necessarily considered or articulated under conventional markets 
and management (Dasgupta and Ehrlich, 2013) and offer a policy alternative to traditional taxation 
or regulation models, emphasising a ‘user pays’ (or ‘steward earns’) principle, generating (at least 
hypothetically) ‘efficient’ distributions of finance and responsibility (Pattanayak et al., 2010; 
Barrett et al., 2013; Rico García-Amado et al., 2013). They are also promoted for their potential for 
rapid implementation, compared to more indirect integrated conservation and development projects, 
and for their temporal flexibility (Ferraro, 2001; Barrett et al., 2013). The amount of finance 
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channelled through still nascent environmental markets is relatively large compared with other 
alternative sources of finance (Table 1.1; Hamilton et al., 2010). 
Table 1.1. Current and future potential of finance for biodiversity conservation. Modified from 
(Parker and Cranford, 2010) 
Source Examples Current scales 
of finance 
(US$bn) 
Future 
potential scale 
of finance 
(US$bn) 
Mostly public1 Public budget funding 
Debt for nature 
Bilateral / multilateral aid 
Development loans 
28 28 
Private not-
for-profit 
Charities and campaigns 
Foundations 
1.5 1-3 
Private for-
profit2 
Community based enterprises 
Commercial loans 
Private investment 
Private – public partnerships 
1.2 4-20 
Market for 
eco-products3 
Environmental / sustainability certified 
products 
Resource extraction charges 
2 3.5-11 
Market for 
eco-services 
Payments for ecosystem services  (e.g. water, 
carbon, bioprospecting) 
Ecotourism 
User fees 
Global Environmental Fund payments for 
commons 
4.5 9-33 
Additional4 International taxes e.g. on finance or 
international transport 
Subsidy reform 
0 15.5-42.5 
1Scale estimates include domestic government spending, official development assistance, Debt for Nature 
2Includes Bonds only 
3Scale includes green commodity estimates only 
4Includes estimates for proposed maritime, aviation, financial transaction and insurance premium levies.  
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Carbon markets are some of the most prominent contemporary environmental markets, and the 
supply and demand effects of these are pervasive. Carbon markets include emissions trading of 
allocated permits or allowances, as well as the production and exchange of “offsets” (such as offsite 
provisions to compensate for on-site impacts). The potential for offsets to contribute to sustainable 
development, particularly in developing countries, is the mantra behind the development of policy 
such as the Kyoto Protocol Clean Development Mechanism (CDM), voluntary offset schemes, and 
programs and activities under the banner of Reduced Emissions from avoided Deforestation and 
forest Degradation, sustainable forest management, forest conservation and carbon enhancement of 
forests (REDD+). Through incentivising the preservation or sustainable use of forest, the 
implementation of REDD+ holds the promise of a significant paradigm shift for land management 
in tropical forest areas and wetlands in some regions. 
1.3 Shortcomings of novel finance mechanisms 
In contrast to classic fund-based sources, finance provided through environmental markets is 
fundamentally utilitarian: compensation is often conditional on the provision of very specific 
services. This specificity allows the scope to strictly define not only the objective, but also which 
activities are eligible for payments, and it inherently provides a mandate on when and how results 
should be evaluated (Pattanayak et al., 2010). Unfortunately this very specificity, arguably required 
for facilitating implementation, adequate monitoring, management, and evaluation (Ferraro, 2001; 
Blom et al., 2010), may contribute to the problems encountered by environmental markets in 
practice, such as observed low levels of uptake and success of REDD+ and PES projects 
(Pattanayak et al., 2010; Matthews and van Noordwijk, 2014). Environmental markets are also 
often promoted for their ‘potential’ to supply services other than the good or service that is the 
primary focus. For example other “values” of biodiversity such as contributions to social capital or 
economic resilience are often employed for marketing purposes and to garner political or social 
support (as purported “win-wins”), or considered as secondary values either implicitly or explicitly 
as “co-benefits” (Wunder et al., 2008). Yet these co-benefits at best face the same problems as 
fund-based objectives in lacking specificity and objective evaluation. Unless the co-benefits are 
highly temporally or spatially correlated with the specific market objective, or delivered through the 
same management interventions, there is a low likelihood that co-benefits will arise (Redford and 
Adams, 2009). 
An example of failure to provide co-benefits is often seen in forest carbon markets. Both the 
performance based compensation and ongoing potential for market REDD+ options mean that 
carbon finance may be directed to areas high in carbon, but not necessarily optimal for the provision 
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of other values from natural systems, such as biodiversity or other ecosystem services (Paoli et al., 
2010). The potential for win-win situations of carbon emission mitigation and biodiversity 
conservation through REDD+ is threatened by two potential outcomes. First, that carbon finance is 
directed to high carbon areas, which are not always congruent with biodiversity patterns or priority 
areas (Paoli et al., 2010). Second, compensation for carbon only may result in “silent forests” – 
where carbon stock is maintained but wildlife hunting and collecting continues to threaten 
biodiversity. While biodiversity and social “safeguards” are endorsed within the REDD+ 
framework (e.g. UNFCCC, 2010), reservations have been expressed in relation to their 
effectiveness (Arhin, 2014; Matthews and van Noordwijk, 2014). Similar precautions were 
developed to encourage sustainable development in the Clean Development Mechanism (CDM; 
Olsen, 2007; Sirohi, 2007; Sutter and Parreño, 2007) but it is estimated only 1-2% of CDM credits 
contribute to sustainable development goals and very few have ecological sustainability credentials 
(Michaelowa and Michaelowa, 2007). In particular there has been extremely low uptake of 
afforestation/reforestation projects under the CDM, possibly due to the transaction costs involved 
(Thomas et al., 2010). 
For many novel sources of conservation funding it is not only the provision of co-benefits that 
perform below expectations, but often the programs themselves. Many attempts at application of 
win-win solutions such as integrated conservation-development programs, payments for ecosystem 
services, agri-environmental schemes, ecotourism, and biodiversity offsets have not performed 
well, including problems with low uptake, poor returns, hostility, leakage, and corruption (Barrett et 
al., 2011; Batary et al., 2011; Whittingham, 2011; Coria and Calfucura, 2012; Rico García-Amado 
et al., 2013). Even carbon mechanisms have had a turbulent experience, and have failed to gain as 
much traction as initially hoped (Kossoy and Guigon, 2012; Matthews and van Noordwijk, 2014). 
Reasons behind these shortcomings include philosophical, technical, and practical challenges, and 
can be grouped into eight themes (Figure 1.1): 
1. A lack of real win-win opportunities. Despite being popular parlance and effective for 
procuring funding, win-win solutions are rare (Martin et al., 2008; Pfund, 2010; Barrett et 
al., 2011), and have been associated with wishful thinking or romanticisation (Wells et al., 
2004). A recent survey of the ecosystem services literature suggests trade-offs occur three 
times as often as synergies (Howe et al., 2014), and even the few synergies could be 
considered as trade-offs at larger spatial scales (Faith, 2014). Synergies behind ecosystem 
services are also unlikely on a theoretical level (Bennett et al., 2009). Some even suggest the 
concept of win-win outcomes is flawed, as even when Pareto improvements are possible 
these usually come at substantial opportunity costs (McShane et al., 2011). Even if 
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rationally all parties gain, any perceived inequity in allocations may result in proposals 
being rejected (as illustrated by the economic experiment, the “Ultimatum game”; Dulleck 
et al., 2014). Over-optimistic targets, or naïve win-win objectives carry a high risk of failure 
(Sanderson and Redford, 2003; Blom et al., 2010; McShane et al., 2011). 
2. Targeting the wrong threats with the wrong incentives. Broad, indirect approaches such 
as ICDPs have often targeted the wrong threats, do not provide adequate incentives (neither 
timely nor enough, or are indirect and ambiguous), and often need permanent financial aid 
(Ferraro, 2001; Wells et al., 2004; Chan et al., 2007; Winkler, 2011). Narrow, more specific 
approaches, for example PES, have received criticism for the potential to lead to, for 
example, bioengineering: where natural ecosystems are replaced with bioengineered ones, 
potentially consisting of exotic species, in the attempt to deliver more of a specific service, 
at the cost of other services, of resilience, and the validity of the program (Redford and 
Adams, 2009; Lindenmayer and Cunningham, 2013). Further cases where incentives may be 
ineffective include when metrics used to measure benefit or progress are inappropriate 
(Mace et al., 2014; Pannell and Gibson, 2014), where services provided are not additional 
(to that which would have been supplied without the incentive; Maron et al., 2013), or when 
leakage occurs (displacement rather than dissolution of negative impacts; Pattanayak et al., 
2010). Baselines are difficult to establish, requiring identification of spatial, temporal, and 
thematic scope, and the use of different methods to define baselines can fundamentally 
change the perception of program effectiveness (Bull et al., 2014). Both additionality and 
leakage are difficult, but not impossible, to assess, and projects have often shown low 
efficacy (but great variability) in empirical studies, particularly where aims are to maintain a 
status quo rather than induce a change in land use (e.g. reducing deforestation versus 
promoting reforestation; Wunder et al., 2008; Pattanayak et al., 2010). 
3. Environmental market initiatives often do not recognise diverse stakeholders or 
objectives. Conceptions of ‘local communities’, ‘landowners’, and ‘public’, are often 
framed such that they are “a figment of the imagination of project managers and donors 
seeking quick fixes” (Wells et al., 2004), whereas typically there are multiple stakeholders 
with diverse interests at multiple scales (Chan et al., 2007; Blom et al., 2010). If project 
activities are not supported by national policies, or when threats outside of the scope of the 
project are not addressed (such as organised illegal logging), they can be undermined (Blom 
et al., 2010). Environmental markets are often unable to compete with other lucrative legal 
or illegal activities (Wunder et al., 2008; Winkler, 2011; Rico García-Amado et al., 2013), 
or conservation mechanisms may not satisfy needs and desires of local stakeholders (Blom 
et al., 2010). 
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4. Environmental markets are themselves not perfect market solutions. Despite aiming to 
correct for certain market externalities, rarely are PES themselves perfect markets (Wunder 
et al., 2008; Muradian et al., 2010). They do not necessarily create socially optimal levels of 
conservation due to remaining externalities (Winkler, 2011), information asymmetries 
(Pattanayak et al., 2010), or failure to consider potential ecosystem dis-services (i.e. 
functions or features of ecosystems regarded as contibuting negatively to well-being; 
Redford and Adams, 2009). Often PES financed by governments are subject to political 
changes which can affect efficacy and efficiency of resulting programs compared to small 
scale approaches (though they can attain economies of scale which may mitigate this; 
Wunder et al., 2008). Markets for conservation and development can create power 
asymmetries that can change over time (Pattanayak et al., 2010; Winkler, 2011; Rico 
García-Amado et al., 2013). Direct, indirect, and transaction costs and their distribution are 
not always accounted for (Chan et al., 2007). 
5. Environmental markets are often not sustainable over the long term. Threats and 
opportunities may change over time, and some flexibility and adaptability is needed to cope 
with this (Blom et al., 2010), but there also needs to be enough long-term certainty for 
investors from both supply and demand sides. Buyers can be private, government, or 
financial investors/donors, none of which can ensure long-term commitments (McCauley, 
2006). For example, eco-labelling and voluntary mechanisms appear to be a ‘luxury good’ 
in contemporary economic markets, with substantial fluctuation in demand according to 
economic conditions (Coria and Calfucura, 2012; Kossoy and Guigon, 2012). 
6. Use of environmental markets may change the moral landscape. Despite arguments that 
PES “strengthen links between individual well-being, individual actions, and habitat 
conservation” (Ferraro, 2001), markets for ecosystem services may also change the moral 
landscape (Luck et al., 2012a). One well-known example is the potential to create perverse 
incentives or moral hazards, for instance where deforestation threats are inflated in order to 
reap benefits from avoided deforestation programs (Wunder et al., 2008; Pattanayak et al., 
2010). 
7. Lack of systematic project evaluation. Reports of success are often anecdotal and context 
specific (Ferraro and Pattanayak, 2006; Garnett et al., 2007), and failures are rarely reported 
(Chan et al., 2007). Like many conservation activities, there are few attempts at systematic 
evaluation of environmental markets and integrated conservation and development 
initiatives (Wunder et al., 2008; Pattanayak et al., 2010). This limits our ability to learn 
from past experiences (Ferraro and Hanauer, 2014). 
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8. Technical and philosophical difficulties with valuation and the commodification of 
nature. Ecosystem services and biodiversity are difficult to value. Appropriate indicators or 
metrics need to be developed, which is no simple task even on a conceptual level (Collen 
and Nicholson, 2014; Law et al. In press), notwithstanding the additional challenges of data 
deficient regions (Law et al., 2015), and considerations of uncertainty and risk over time 
(Gowdy et al., 2010; Johnson et al., 2012). Ecosystem services are also difficult to 
commodify since some services are not readily valued in a way that facilitates monetisation, 
and markets may not be easily created, particularly when producers are distant to consumers 
(Redford and Adams, 2009; Farley and Costanza, 2010; Kosoy and Corbera, 2010). There is 
also a perception that ecosystem services lead to an amoral ‘commodification of nature’ 
(Gómez-Baggethun and Ruiz-Pérez, 2011). Moral and altruistic incentives can form a strong 
driver of public good provision, such as nature conservation (Bowles and Hwang, 2008) and 
as such valuation for human use should complement ethical arguments for nature 
conservation (McCauley, 2006; Redford and Adams, 2009; Kosoy and Corbera, 2010). 
 
Figure 1.1. Philosophical, technical, and practical challenges associated with novel finance 
mechanisms for addressing environment and development problems. 
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1.4 How can environmental management and markets better incorporate multiple 
values? 
These challenges all emphasise that objectives sometimes compete, and that there is often 
inadequate information and institutional structure to enable novel environmental markets and 
mechanisms to capture the dynamics of multiple ecosystem services and the values of multiple 
stakeholders. In short, many environmental markets have failed to account for the complexity of the 
social, environmental, and economic landscapes they are embedded in (Chan et al., 2007; Pfund, 
2010; Sayer et al., 2013), and the trade-offs that are involved (McShane et al., 2011). However 
biodiversity conservation and social welfare problems have not abated, and integrated conservation 
and human welfare projects remain conceptually appealing, widely promoted, even arguably a 
necessity (Wells et al., 2004; Pfund, 2010), and there is scope to learn from past failures for the 
ongoing design and implementation of novel strategies such as REDD+ (Blom et al., 2010; 
Banerjee et al., 2013). 
How can environmental management, and particularly incentives arising from environmental 
markets and planning for ecosystem services, better incorporate multiple values? First, we can 
refine the ways in which we recognise, value, and incorporate these multiple values into land 
management (Jax et al., 2013). This is a large focus of the ecosystem services movement, and there 
has been substantial development over the past decade in this regard. Much of this research has 
focussed on defining ecosystem services and developing appropriate ways to measure them 
(Sukhdev et al., 2010; Bagstad et al., 2013; Villamagna et al., 2013), but there is still a gap between 
this research and incorporating these values into environmental management (Wainger et al., 2010; 
Prager et al., 2012; Martinez Harms et al., 2015), especially in developing countries (Ferraro et al., 
2011b). Second, we can improve the methods used in land-use planning for multiple stakeholders 
over multifunctional landscapes. These problems are complex, but new analysis methods drawing 
on experiences in spatial conservation prioritization may offer a workable solution (Watts et al., 
2009). Third, we can develop a better understanding of the trade-offs faced by stakeholders under 
different future land-use and policy scenarios. Learning how land-use policies transform the values 
derived from landscapes can clarify the opportunity costs involved in trade-offs, and thereby better 
achieve the synergies we seek from conservation, development, and ecosystem service initiatives 
(McShane et al., 2011; Howe et al., 2014). 
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1.5 Recognising and valuing ecosystem services for future land-use planning 
Further research in ecosystem services offers a potential avenue to refine our understanding of 
what we value in both natural and human-dominated environments, and how we might be able to 
incorporate these values into landscape scale planning. Many different classification systems have 
been developed for ecosystem services (Balmford et al., 2011; Villamagna et al., 2013), with 
differences in their framing and definition of ecosystem services, and how these are valued and 
utilised in planning and for other purposes. 
An inclusive example is that of the Millennium Ecosystem Assessment (MEA, 2005), which 
defined ecosystem services as “the functions and products of ecosystems that benefit humans, or 
yield welfare to society”. This document was central in pushing ecosystem services to the fore, and 
therefore facilitating communication of societal dependence on nature. The MEA included 
agricultural production as a “provisioning” ecosystem service, and many ecological processes or 
functions such as nutrient cycling as “supporting” ecosystem services (i.e. one which is necessary 
for the production of other ecosystem services). Under the MEA, biodiversity is conceptualised not 
as a service but as the source of natural capital, the context under which ecosystem services are 
generated, notably omitting inputs of human, technological, financial or geophysical capital. The 
UK National Ecosystem Assessment (UK NEA) largely shares the MEA framework, but explicitly 
recognises ecosystems as a subcomponent of the geophysical and biodiversity environment and that 
other forms of capital contribute to the generation and perception of ecosystem services. The UK 
NEA considered “supporting services” as processes or intermediate services (Mace et al., 2011). 
The Ecological and Economic Foundation (TEEB), in contrast, focuses more on the incorporation 
of ecosystem service values into economic institutions and thereby correct the market failures that 
are often key drivers of ecosystem degradation and the decline of natural capital (Sukhdev et al., 
2010). To avoid issues of “double counting”, i.e. incorporating the value of a single feature twice in 
a valuation, the “supporting services” category of the MEA is split into “habitat services” and 
“ecosystem processes”. Villamagna et al. (2013) provide an interesting comparison of the diverse 
ecosystem service terminology that has been employed in literature to date.  
Treatment of biodiversity within ecosystem service frameworks is particularly conceptually 
challenging. Definitions of biodiversity are vague and contextually variable (Sarkar, 2014). Species 
richness is the most common interpretation in use either explicitly or implicitly (e.g. Howe et al., 
2014), but the definition of biodiversity arguably needs to include metrics of composition, 
complementarity, and phylogenetic disparity (for example endemism and rarity) at all levels of 
taxonomic, structural, and functional organisation, yet this definition is impossible to operationalize 
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(Sarkar, 2014). The functions or services that biodiversity can potentially provide are numerous, 
and sometimes treated as supporting services, sometimes regulating (e.g. pest control/pollination), 
sometimes provisioning (e.g. non timber forest products; NFTP), and often cultural (e.g. aesthetic, 
spiritual, educational, recreational). Sometimes biodiversity is categorised as all three within the 
same study (Howe et al., 2014), or separated into a conceptually different category such as in the 
MEA framework. 
In general use it is not just biodiversity that is variably conceptualised, but often other 
categories are often loosely or variably applied. In some cases this may be due to the metrics 
employed, for example if the data available to proxy for the value of a “service” may rather be more 
appropriately described as the underlying ecosystem process/function. In other cases, in a similar 
way to ‘biodiversity’ a generalised term is used (e.g. “carbon”) that intends to capture the value of 
multiple services (e.g. regulating/supporting; Villamagna et al., 2013). This flexibility of 
terminology is a source of contention and consternation for some (e.g. Lele et al., 2013; Villamagna 
et al., 2013), but it serves to highlight that the ecosystem services concept is used (if not always 
necessarily useful) in a range of contexts, ranging from advocacy for biodiversity conservation, to 
anthropocentric human welfare research, to developing primarily single service economic markets 
such as PES. 
In this thesis I take an inclusive definition for ecosystem services, reflecting the use of the 
framework to illustrate the relationship between society and the environment (Jax et al., 2013; Lele 
et al., 2013), and to treat the end values of different stakeholder groups as equivalent. I have taken a 
stakeholder driven approach more akin to a landscape approach (Sayer et al., 2013) rather than the 
evolving ecosystem services approach (e.g. Villamagna et al., 2013), emphasising and explicitly 
recognising the needs and desires of multiple stakeholder groups. For this reason I include the 
contributions of other forms of capital when valuing production services such as livelihood earnings 
from smallholder agriculture and profit from oil-palm plantations. This may be disagreeable to 
some, yet others have also argued that human and technological capital should be included in 
ecosystems service assessments (Lele et al., 2013). I also prefer to include biodiversity as an 
ecosystem service, not to distinguish my work from biocentric approaches nor align with 
anthropocentric views, but to highlight that ecosystem service assessments, whether undertaken 
inclusive or exclusive of agriculture, ecosystem processes, and biodiversity, are inherently a value-
laden exercise. Taking a stakeholder based approach to ecosystem services also allows me to 
integrate the issue of the ‘environmentalist’s paradox’, or why human well-being might increase as 
ecosystem services decline (Raudsepp-Hearne et al., 2010): this depends entirely on stakeholder 
perspectives. 
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1.5.1 Ecosystem service valuation 
Understanding the spatial and temporal distribution of value is useful for the effective, efficient 
and equitable management of ecosystem services (Villamagna et al., 2013). Concepts of value are 
complex and controversial (Farber et al., 2002; Jax et al., 2013), and while ecosystem service 
valuation is often implicitly or explicitly equated to monetary valuation (McCauley, 2006), this 
need not be the case. Common issues with the monetary valuation of ecosystem services include 
double counting, estimating absolute rather than marginal utility, and invalid value transfer 
(Balmford et al., 2011; Lele et al., 2013). Taking a stakeholder-based approach sidesteps the issue 
of double counting that is common to analyses trying to estimate the Total Economic Value of 
ecosystems, as the evaluation metric becomes relative to the achievement of specific stakeholder 
objectives rather than the theoretical (but impossible to define) whole. Defining threshold based 
targets is a practical way of integrating demand into ecosystem service analysis, and is a simple 
approach to incorporating aspects of marginal utility, in that utility is greater in cases of resource 
scarcity. 
Spatial and temporal transfer of value is increasingly being addressed using models that relate 
quality of inputs (e.g. soil quality, climate) with the ecosystem service value (e.g. agricultural 
production). Free-ware models that incorporate this concept, such as InVEST (Nelson et al., 2009) 
and ARIES (Bagstad et al., 2013), as well as adaptations of many region-specific agricultural and 
forestry models (e.g. Groot et al., 2007; Bryan et al., 2011; Lautenbach et al., 2013) are facilitating 
the mainstreaming of ecosystem service modelling (Balmford et al., 2011; Maes et al., 2012). 
Application of off-the-shelf models may not always be appropriate, or possible, in data poor regions 
due to the failure of such models to be able to make the best use of available data and understanding 
of key processes in different ecosystems. For this reason, several studies in data poor regions have 
needed to develop different techniques specific to their regions and problem context (Law et al., 
2015; Sumarga and Hein, 2014). 
For the purpose of land-use planning it is important to develop predictions regarding the 
potential value of ecosystem services under different future scenarios (Villamagna et al., 2013; 
Collen and Nicholson, 2014). Often ecosystem service studies construct estimates of current value 
only (Villamagna et al., 2013). By evaluating the future potential of the landscape to provide for the 
needs and desires of multiple stakeholders under different land-use and policy scenarios, my 
research is aligned with calls to better recognise “service capacity, pressure, demand, and flow” 
(Balmford et al., 2011; Villamagna et al., 2013). 
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1.6 Spatial planning for ecosystem services 
Mapping of ecosystem service values has highlighted their spatial heterogeneity, and sometimes 
poor correlation between many ecosystem services, and ecosystem service hotspots and biodiversity 
priorities on regional (e.g. Chan et al., 2006; O’Farrell et al., 2010), national (Egoh et al., 2008; 
Anderson et al., 2009; Egoh et al., 2009), and global scales (Naidoo et al., 2008). Trade-offs 
between different objectives are common, which results in complex allocation problems (Luck et 
al., 2012b). Recent innovations in analysis techniques that are designed for accommodating 
multiple objectives, for example spatial conservation planning, can provide the basis for multi-
stakeholder, multi-objective land-use planning for ecosystem services. 
Spatial conservation planning has been developed as a way to maximise the benefit of scarce 
conservation resources and effort, including land, funds and time (Margules and Pressey, 2000; 
Possingham et al., 2006). Early development in this discipline was instigated through recognition that 
current conservation reserves were highly biased towards poor quality land, the leftovers from 
agricultural and urban development (e.g. Pressey and Tully, 1994; Rodrigues et al., 2004; Joppa and 
Pfaff, 2009). Contemporary conservation planning is generally focused on representation of multiple 
biodiversity features over landscape scales whilst considering threat, vulnerability, adequacy, and cost 
(Margules and Pressey, 2000; Leslie et al., 2003; Carwardine et al., 2007; Carwardine et al., 2008; 
Klein et al., 2009). These problems are often solved using exact optimization methods such as linear 
or integer programming, or heuristic optimization methods (Moilanen et al., 2009a). Recent 
developments have aimed at increasing the cost-efficiency of solutions, as well as the realism of 
models by incorporating better costs and considering multiple land-use options (Watts et al., 2009; 
Wilson et al., 2010). Introduction of heterogeneous direct costs, for example land value, has resulted 
in significant reductions in the estimated cost of conservation plans (Ando et al., 1998; Polasky et al., 
2001; Stewart and Possingham, 2005). Trade-offs have also been shown to be substantially minimised 
through the incorporation of targets for other stakeholder activities alongside biodiversity (Klein et 
al., 2008). Improved consideration of indirect costs in the evaluation of trade-offs would also inform 
the opportunity costs between conservation and other economic alternatives (Possingham et al., 
2006). 
Spatial planning for ecosystem services and biodiversity can be complementary. Both Chan et 
al. (2006) and Egoh et al. (2009) presented analyses using a spatial conservation planning 
framework to simultaneously optimise reserve network coverage of biodiversity and multiple 
ecosystem services. Egoh et al. (2010) show that inclusion of targets for ecosystem services as well 
as species biodiversity improved the extent to which ecosystem service targets were captured by 
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20% for no change in cost. Both Chan et al. (2006) and Egoh et al. (2009) showed that substantial 
gains in ecosystem services could be achieved for small reductions in biodiversity targets. 
Limitations of these studies are that they specified only one action (protecting land), and did not 
consider either the value of multiple land uses outside of protected areas to each target, nor the 
potential for each ecosystem service (or biodiversity) to require management that is different (and 
therefore variable in cost) or even mutually exclusive to other services. Spatial planning for 
ecosystem services is clearly in the early stages of development, and many advances are possible 
(Luck et al., 2012b). 
Efficiency can be maximised and realism improved through the incorporation of multiple types 
of conservation activities, for example land-use zones with varying levels of protection (Watts et 
al., 2009; Klein et al., 2010), directly addressing various on and off-reserve management options 
(Wilson et al., 2007), and appreciating the value of multiple land uses to conservation (Wilson et 
al., 2010) and production (Venter et al., 2013). These new developments extend the practicality of 
spatial conservation planning tools for modelling multiple ecosystem services and optimising 
potentially conflicting land-use requirements (Watts et al., 2009; Luck et al., 2012b). 
Other frameworks have been used to model the effect of including ecosystem service values on 
biodiversity conservation outcomes. These include a cost-benefit framework, for example Naidoo 
and Ricketts (2006) and Venter et al. (2009), who show the potential, but limited capacity for 
ecosystem service values to justify conservation over competing land uses. Dynamic allocation 
models based on cost-benefit criteria have been used to evaluate land-use policy scenarios 
(involving oil-palm expansion) with respect to outcomes for agriculture, carbon and biodiversity 
(Koh and Ghazoul, 2010). With realisation of REDD+ markets, this cost-benefit framework 
approach may provide a better representation of land owner choice in privately managed forests 
than spatial conservation planning, which typically assumes a central planning agency. However, 
these tools can only deliver insight on how landscapes might look like under different policy 
scenarios: they cannot provide information on what allocations might improve outcomes overall if 
land-use allocations could be optimized. In this thesis, I combine these recent advances of multiple 
zoning in spatial conservation planning with ecosystem service frameworks and analysis, to develop 
a novel method for assessing the trade-offs faced by multiple stakeholders in planning over 
complex, heterogeneous landscapes.  
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1.7 Forward planning through exploring land sparing and sharing policies 
While land-use allocation can be improved by exploiting information provided though spatial 
planning analyses, this approach is only one of many tools available to improve landscapes for both 
biodiversity and other ecosystem services (Balmford et al., 2012). Other strategies, such as those 
symbolised by land sharing and land sparing approaches are in common use. Land sparing and land 
sharing have emerged as alternative theoretical approaches to minimizing conflict between 
agricultural production and biodiversity conservation (Kleijn et al., 2006; Fischer et al., 2008). 
Land sharing and land sparing represent the ends of a continuum of land management strategies 
with a focus on, respectively, specialization and integration of conservation and production (Fischer 
et al., 2014). Much of the focus to date has been on policies for agricultural production and 
biodiversity conservation, though parallel discussions have also occurred in the context of forestry 
(Côté et al., 2010; Putz and Romero, 2014), urban planning (Lin and Fuller, 2013), and forest 
carbon management (Pirard and Belna, 2012; Ziegler et al., 2012). 
In a biodiversity conservation context, land sparing takes a specialization approach, and is based 
on the assumption that primary habitats are (usually) the most species rich (Gibson et al., 2011; 
Laurance et al., 2014), and harbour species that are intolerant of disturbance (Chazdon et al., 2009). 
It ultimately aims to address habitat loss and fragmentation, among the predominant threats to 
biodiversity (Pimm et al., 2014), and draws on the philosophies of wilderness conservation (Sarkar, 
1999), economies of scale, and land protection policies (Kallio et al., 2008; DeFries and 
Rosenzweig, 2010; Hauer et al., 2010). While some identify land sparing as principally concerning 
land allocation, specifically setting aside land exclusively for conservation, without necessarily 
modifying yield (Chandler et al., 2013; Lindenmayer and Cunningham, 2013), the more generally 
accepted model implies some intensification of agriculture (Green et al., 2005; Fischer et al., 2008; 
Phalan et al., 2011; Phelps et al., 2013). Intensification is often assumed to occur via actions that 
may negatively impact on biodiversity and other non-market societal values (Phalan et al., 2014), 
for example through creation of simplified habitats (e.g. monocultures; Koh et al., 2009; 
Cunningham et al., 2013), irrigation, and increases in fertilizer and pesticide application (Green et 
al., 2005), and other negative off-site environmental and social impacts (Castella et al., 2013; 
Cunningham et al., 2013). History and economic theory suggest that intensification requires 
coupling with mechanisms to ensure protection of spared land to effectively develop a land sparing 
strategy (Rudel et al., 2009; Klein et al., 2014), therefore intensification strategies on their own 
should not be considered to constitute land sparing. 
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Land sharing is an integrative approach, defined as making production lands more conducive to 
biodiversity conservation (Lindenmayer and Cunningham, 2013). It is inspired by recognized 
limitations of protected area focused biodiversity policy driving the shift of conservation and 
economic paradigms towards off reserve conservation (section 1.2). Concepts of diversity mediated 
resilience, sustainability, and maintaining local ecosystem services are strong motivators for land 
sharing (Fischer et al., 2008), which includes a variety of methods to increase heterogeneity and 
multi-functionality into farming systems (Green et al., 2005; Macchi et al., 2013), as well as 
reducing harmful impacts of fertilizers, pesticides, and other on-farm activities (Kremen and Miles, 
2012). However, should sharing not be able to produce equivalent yields to other forms of 
agriculture, it will require expansion of the area of agriculture to produce similar agricultural 
production overall. Sharing also carries the risk of not protecting all types of species, for example 
by biasing toward the persistence of common species and thus contributing to the homogenization 
of biodiversity (Cunningham et al., 2013). 
Despite much discussion (e.g. Fischer et al., 2008; Benayas and Bullock, 2012; Tscharntke et 
al., 2012), this debate is far from being resolved (Balmford et al., 2012). Few land sharing – land 
sparing comparisons have explicitly included evaluations of ecosystem services other than 
agricultural or timber production and biodiversity (exceptions include Anderson-Teixeira et al., 
2012; Lusiana et al., 2012; Mendenhall et al., 2013; Edwards et al., 2014). This lack of realism and 
particularly recognition and integration of multiple stakeholders and land-use objectives, coupled 
with the contextual dependencies of land sharing and sparing strategies, have led to criticism of the 
land-sharing versus land-sparing debate as an ‘ivory tower’ exercise (Fischer et al., 2011). While 
previous land sharing and sparing analyses have been limited in their recognition of multiple 
stakeholders, the capacity for these to be integrated into analyses is increasing with the 
developments outlined above for multi-objective land-use planning and ecosystem services. If 
generalised rules outlining preferences for land sharing or land sparing can be developed, these can 
be readily available for policy application, or at least provide a list of major trade-offs to be wary 
of. In essence, the land sharing land sparing debate is similar to the long standing ‘single large or 
several small’ (SLOSS) reserve debate – lacking a one-size-fits-all answer, and widely held as an 
ivory tower exercise. Yet the SLOSS debate spurred development of theory such as fragmentation 
analysis, which is unarguably of practical use, and SLOSS theory itself continues to develop and 
provide the basis for management relevant applications (Helmstedt et al., 2014). There are also 
similarities in content of these debates, though where SLOSS focuses on biodiversity conservation 
within patches only, the land sparing and sharing framework purposefully frames biodiversity 
conservation as only one of many potential landscape objectives, and inherently considers the 
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contribution of both patch and ‘matrix’ habitat. Further development of the land sharing or sparing 
debate may yield similar methodological advances and practical applications in the area of 
landscape multi-functionality and sustainability, particularly if we can better explain the 
implications of land sharing and land sparing over different contexts and for multiple stakeholders. 
Polarising land sharing against land sparing is sometimes considered a ‘false dichotomy’ that 
fails to recognise opportunities for sustainable development (win-win scenarios), combined 
strategies, failure of past policies, or alternative solutions to the joint food-biodiversity crisis 
(Fischer et al., 2014; Klein et al., 2014). Yet, as discussed in section 1.3, win-win scenarios are rare 
and unlikely to be considered as such by all stakeholders if opportunity costs are explicitly 
accounted for. Even if sustainable intensification can produce Pareto improvements it may not be 
optimal at a landscape scale due to a risk of regional homogenisation of biodiversity if it is not 
coupled with measures to spare land for biodiversity features that are highly sensitive to production. 
Combined strategies remain an attractive option to better exploit landscape heterogeneity (Fischer 
et al., 2008; Koh et al., 2009), but such options have not been quantitatively addressed in the 
literature. Further, the allocation problem is not relieved by this argument and is only transferred to 
different scales. Many challenges against land sparing are set within a context of analysing past 
histories of intensification in isolation of policies designed to spare land (e.g. Strassburg et al., 
2012). While many other solutions to the food-biodiversity crisis exist, for example improving 
distribution, reducing waste, changing diets, and reducing population growth (Foley et al., 2011), 
these do not exclude the potential of agro-ecological strategies to contribute to a solution. Framing 
the issue as land sharing and land sparing therefore is a simplified but useful distinction that 
represents the fundamental and practical trade-offs between stakeholders given multiple competing 
objectives and resource scarcity (Balmford et al., 2012). 
1.8 Thesis overview and structure 
In this thesis I develop novel approaches for multiple stakeholder and multiple objective 
landscape planning to enhance the effectiveness, efficiency and equitability of landscape 
management. An overview of the thesis themes and structure is presented in Figure 1.2. 
In chapter 1 (this introduction) I have outlined the broad context and theoretical background of 
ecosystem services and associated novel biodiversity conservation and land management practices 
and sources of finance. I identified the major shortcomings of these approaches to achieving their 
intended overall aim of facilitating sustainable, multifunctional landscapes, and provided an 
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overview of ecosystem service valuation, spatial conservation prioritisation, and land sharing and 
land sparing. 
Chapter 2 critically examines the literature regarding forest carbon policy, and has been 
developed as short paper that encourages refinement of our understanding of the needs and values 
of multiple stakeholders, and incorporation of the associated complexity into relevant institutions. 
Published in Nature Climate Change, this perspectives article delves into concepts of how we 
construct and value forest carbon. I argue that the total value to society of each type of forest carbon 
activity (for example avoided deforestation, sustainable forest management, or forest conservation) 
is dependent on their scope and potential for co-benefits, as well as their risk profiles. I propose that 
international forest carbon policy could adopt a modular policy framework for REDD+ that 
distinguishes distinct outcomes and differentially compensates for each outcome. This approach 
would promote more effective incentives, offer better scope to capture stakeholder values, find 
common ground in policy negotiations, and allow faster adaptation of policy to an uncertain future. 
The theme of recognising different ecosystem service and stakeholder values continues in 
chapters 3 and 4, which develop a case study based on the Ex-Mega Rice Project (EMRP) region 
of Central Kalimantan, Indonesia. Restoration and development of the EMRP is of global 
importance due to the substantial volume of carbon being released from degraded peatland, high 
rates of poverty, the natural biodiversity, and the rapid pace of industrial oil-palm development. 
Chapter 3 constructs a novel process model to quantify the spatial distribution of carbon using 
seven stock and flow based carbon proxies, and is published in Ecosystem Services. These proxies 
are analysed for surrogacy, measurement, and incentive values. I analyse and discuss the 
implications of their application for carbon, biodiversity, and agricultural management in the 
region. This chapter clarifies how using different metrics in forest carbon management will 
substantially impact land-use management outcomes, and how using the appropriate metrics that 
best incentivise positive actions in appropriate locations will provide the best outcomes overall. 
Chapter 4, published in Ecological Applications, develops spatial valuation for a wider set of 
ecosystem services in the EMRP and explores the potential for synergies and trade-offs between 
services. Focussing on valuing the potential of the landscape to satisfy the needs and aspirations of 
different local, industrial, and international stakeholder groups, I used a wide range of techniques 
for modelling ecosystem service value. This includes a novel approach to valuing smallholder 
agriculture, which incorporates the multiple crops likely in smallholder farming systems in the 
region, and integration of spatial conservation planning tools to gain a spatial index of the 
importance of areas for biodiversity conservation. Analysis of the ecosystem service data includes 
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calculation and discussion of correlation and hotspot congruence, with respect to whether these 
might be viewed as synergies (“win-wins”) or trade-offs, and analysis of the expected outcomes 
from four future land-use allocation scenarios. Rarely have ecosystem services been spatially 
mapped on this local-subregional scale (1.4M ha), or for disturbed tropical peatland, and therefore 
this analysis is a unique example of methods to maximise the practical utility of available data in 
data poor regions. 
Chapters 5, 6, and 7 use the framework of land sharing and land sparing to explore potential 
outcomes of these types of land-use policies in the future. 
Chapter 5 develops the first systematic analysis of multiple contextual elements in the topical 
and controversial land sharing and land sharing debate. Prior ability to generalise preference for 
land sharing and sparing strategies from the literature is hampered by context specificity and 
confounding variables. Despite nearly a decade since the seminal paper by Green et al. (2005), 
much of the related research still fails to evaluate both ecological and economic objectives, or 
consider outcomes over whole landscapes. Using a simple model of landscape change, I provide 
systematic evaluation of a wide range of contextual parameters, including baseline land uses and 
land-use scenarios, the management intentions for spared land, expectations for policy 
effectiveness, multiple species and crop types, and differing objectives and decision criteria. This 
work is in press in Conservation Letters. 
Extending the concepts of land sharing and sparing to the EMRP, in chapter 6 I provide the 
first analysis to include multiple ecosystem services into an evaluation of land sharing and sparing 
strategies for a complex, heterogeneous landscape. I assess the potential for four land-use 
allocations, in combination with different policy effectiveness levels of land sharing and land 
sparing in agricultural land, to provide for the needs and aspirations of local, industrial, and global 
stakeholders. I discuss the relative benefits of land sharing and land sparing strategies under current 
and future scenarios, and outline how land sharing and sparing of agricultural land cannot 
compensate for improved land-use planning from the outset. This chapter is in press in Biological 
Conservation. 
In chapter 7 I analyse the potential for agricultural land sharing, land sparing, and mixed 
policies to satisfy stakeholder targets when land-use allocations are optimized for the respective 
strategy. Borrowing from advances in systematic conservation planning, I developed a novel 
process for generating production possibility frontiers to evaluate fundamental trade-offs between 
multiple objectives under ten policy scenarios. The novel method developed in this chapter better 
explores the overall potential for the landscape to satisfy all stakeholders, and incorporates concepts 
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of landscape heterogeneity, including representation and complementarity of both production and 
environmental values. These results provide the first support at landscape scales for the value of 
land sharing, and emphasise that preferences for land sharing or land sparing policies are driven not 
just by biophysical contexts, but also socio-economic constraints, the landscape capacity for multi-
functionality, and the trade-offs between conflicting objectives. 
Chapter 8 provides an overall discussion of the thesis, including a synthesis of the chapters and 
how my thesis contributes to a better understanding and incorporation of the values of multiple 
stakeholders and ecosystem services into land-use management. I outline some of the major caveats 
of this body of research, and point to ways these may be addressed in the future, including how the 
techniques and tools I have developed could be translated into more usable tools for decision 
making and on-ground management. I conclude by reflecting on the outcomes of several 
internationally-financed restoration projects in the EMRP, how the concepts of efficiency and 
equity are defined and used in land-use planning for multiple ecosystem services, and how we need 
to develop our appreciation of a wider range of social values in order to better design effective, 
efficient, and equitable land-use policies and plans. 
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Figure 1.2: Overview of thesis themes and chapters. 
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2.1 Abstract 
Complex and variable ecological and social settings make the program on Reducing Emissions 
through avoided Deforestation, forest Degradation and other forestry activities in developing 
countries (REDD+) a challenging policy to design. The total value to society of each type of 
REDD+ outcome is dependent on the fundamentally different risk profiles of alternative forest 
management approaches, and their scope and potential for co-benefits. We suggest a modular policy 
framework for REDD+ that distinguishes and differentially compensates the distinct outcomes. This 
could provide an improved framework to promote and manage incentives for effective forest carbon 
initiatives, offer better scope to find common ground in policy negotiations, and allow faster 
adaptation of policy to an uncertain future. 
2.2 Introduction 
Parties to the United Nations Framework Convention on Climate Change (UNFCCC) now have 
an agreement to implement Reduced Emissions from avoided Deforestation, forest Degradation and 
other forest related activities in developing countries (REDD+; UNFCCC 2010). This decision will 
change finance mechanisms for environmental protection and monitoring and alter the landscape of 
opportunity costs for biodiversity conservation and development (Venter et al., 2009; Stickler et al., 
2009). Substantial finance has already been directed or pledged through both the UNFCCC and 
parallel REDD+ programs and agreements, including project-based demonstration activities run by 
non-governmental organizations (e.g. Noel Kempff-Mercado Climate Action Project in Bolivia; 
Asquith et al., 2002), sub-national collaborations such as the Governors’ Climate and Forest Task 
Force (GCF 2010), and fund-based, intergovernmental agreements such as the bilateral Indonesia-
Norway forest and peat carbon agreement (Clements et al., 2010), the multilateral “Oslo Climate 
and Forest Conference Interim REDD+ Partnership” (OCFC 2010), and the Global Environment 
Facility. REDD+ might secure the protection of some of the world’s most biologically diverse areas 
and provide a framework for holistic policies to address deforestation (Kaimowitz 2008). However 
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such optimism obscures substantial risks such as the perverse incentive to convert natural forests to 
plantations (under the guise of carbon enhancement) and displacement rather than abatement of 
land conversion activities, particularly to non-forest ecosystems (inter-ecosystem leakage; Stickler 
et al., 2009; Dickson et al., 2010; Harvey et al., 2010; Pistorius et al., 2010). The challenge for 
scientists and policy negotiators now is to guide implementation of REDD+ so that it maximises the 
benefits of reducing emissions through forest carbon protection and enhancement activities, whilst 
minimising the potential negative impacts (Dickson et al., 2010) and risk of policy failure 
(Clements 2010). 
REDD+ under the UNFCCC is rapidly developing towards wide-scale implementation, but it is 
difficult to anticipate the combined effects on carbon and other co-benefits due to the disparity 
between the “activities” available under REDD+, the many policy options and requirements to 
address these objectives, and the diverse contexts in which they may be implemented (Corbera and 
Schroeder 2010). Research on drivers of deforestation (Lambin et al., 2003) clearly indicates 
REDD+ is a complex venture that will require the support of a large variety of international and 
national policies, due to interdependencies of deforestation with, for example, agriculture, forestry, 
and economic development. Despite the varied options for implementation of REDD+, 
compensation will be based on how these achieve a number of fundamentally different objectives 
(Corbera and Schroeder 2010), from emissions avoidance through reducing deforestation and 
degradation of relatively intact forest, to emissions reduction through modification of forestry 
practices, emissions sequestration through carbon enhancement of forest, and the support of forest 
carbon emission mitigation activities with protection of forest areas. The current emphasis is on 
performance-based compensation, aggregating forest emission mitigation at national scales (Figure 
2.1a). 
We are concerned that the inherent complexity of the current REDD+ mechanism (in terms of 
the multiple objectives and outcomes) renders it too cumbersome and “black box” to negotiate and 
evaluate effectively. This complexity will inhibit the establishment of effective, equitable and 
manageable REDD+ schemes, particularly if emphasis on market incentives remains. 
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Figure 2.1. REDD+ conceptual design under a) current policy and b) a proposed modular 
framework based on separation of REDD+ outcomes. Policy and funding set desired objectives, and 
result in realised outcomes in each category: Capacity development; monitoring of outcomes; 
reduced deforestation and degradation in ‘primary’ forest (1°REDD); reduced deforestation and 
degradation in secondary forest (2°REDD); sustainable forest management (SFM) in existing 
forestry areas (eSFM); SFM in new forestry areas (nSFM); carbon enhancement through ecological 
restoration (eCE); carbon enhancement through timber production (pCE); and conservation of forest 
areas. Current policy, however, does not provide adequate scope to distinguish these fundamentally 
different outcomes when calculating appropriate compensation. Explicit differentiation of outcome 
metrics, including, for example, the volume of carbon dioxide equivalents (CO2e), risk, and other 
potential metrics, such as biodiversity indices, between modules allows a better approximation of 
Total Economic Value, rather than basing compensation on CO2e alone.  
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REDD+ discussions have consistently been accompanied by a strong desire to take this 
opportunity to not only mitigate emissions, but also promote social and ecological outcomes 
(Bekessy and Wintle 2008; Venter et al., 2009; Harvey et al., 2010), or at least ensure no 
impingement on human rights, social capital or environmental capital. However, experiences in 
extant carbon markets (Olsen 2007; Boyd et al., 2009) suggest that these outcomes need to be 
regulated or otherwise incentivised to occur, as transaction costs involved in ensuring these social 
outcomes can act as a disincentive (Kaimowitz 2000; Andersson and Gibson 2007). Current 
methods are quite regulation heavy, and incentive poor. For example, the Kyoto Protocol Clean 
Development Mechanism (CDM) attempts to regulate production of social benefits through 
sustainable development directives that are evaluated by the host country (UNFCCC 2001), as well 
as methodological guidelines on how projects should be developed. Voluntary carbon markets aim 
to differentiate themselves from the CDM based on provision of environmental and social co-
benefits, and have a corresponding emphasis on socio-environmental evaluation criteria (Moss and 
Nussbaum 2011). This distinction can provide a positive incentive akin to certification, but delivery 
of social or environmental outcomes remains rooted in the regulatory approach (Meijaard et al., 
2011). Following the precedent of the CDM, current REDD+ has trended towards a “safeguards” 
approach (Moss and Nussbaum 2011). 
Though regulations, methodologies and safeguards provide reasonable mission objectives, many 
question the effectiveness in practice for both environmental and social outcomes (Olsen, 2007; 
Boyd et al., 2009; Sovacool 2011). Some call for stricter assessment and regulation (Olsen and 
Fenhann 2008), yet this still fails to provide certainty in into how these measures can be effectively 
implemented, monitored, validated or enforced (Sovacool 2011). There has been little emphasis on 
providing a “carrot” for socio-ecological outcomes, although there are currently schemes which 
provide product differentiation through biodiversity accreditation (for example the CDM Gold 
standard or the Climate, Community and Biodiversity (CCB) standards; Nussbaumer 2009; 
Hamilton et al., 2010) or forest certification (Auld et al., 2008), and proposed frameworks that aim 
to compensate dually for both biodiversity and carbon (Bekessy and Wintle 2008; Dinerstein et al., 
2010). Other methods could include rent extraction (e.g. taxation) of carbon credits to correct 
market distortions (Xuemei 2008) or to raise revenue for redistribution to social or environmental 
activities, and preferential pricing of preferred projects, as suggested for the CDM (Francois and 
Hamaide 2011) and the Australian Carbon Farming Initiative (Australian Government 2011). 
Management of risk and uncertainty has received much attention, as these affect the 
fundamental efficacy of emissions reductions. Risk and uncertainty involved in forest carbon 
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initiatives can take many forms. First, as forests are spatially variable and naturally stochastic 
systems, there is uncertainty in how much carbon is stored or will be sequestered under any given 
scenario, and the time frame involved (including permanence; Marland et al., 2001). Second, there 
is the lingering uncertainty as to whether we can reliably determine if mitigated emissions can be 
considered additional, or whether leakage may occur. Third, there is a risk that severe weather or 
catastrophic events may result in reduced or negligible carbon emissions reductions. These events 
may be somewhat predictable, avoidable or able to be managed, such as fire, or otherwise may be 
unavoidable and unexpected, for example cyclones or emerging pests and disease. Risks and 
uncertainty are not limited to physical factors, thus a fourth category of risk may be that of financial 
failure of forest carbon investments, potentially due to changing economic conditions (Chan 2009) 
or governance, and possibly leading to inadequate support for the continuation of the project 
management. Fifth, a lack of societal or community support may also reduce project effectiveness. 
Sixth, as outcomes are not limited to emissions reductions, but also extend to environmental and 
social co-benefits, there is inherent uncertainty in terms of the value of these (which, like the forests 
themselves, are also likely to vary in time and space; Barlow et al., 2007; Berry et al., 2010; Dent, 
2010; Pattanayak et al., 2010), and certainly a risk that they might not be delivered as expected 
(Pattanayak et al., 2010). Finally, there is the uncertainty involved in monitoring and verification: 
whether these processes can be accurately accomplished, or if they can be politically subverted. 
Proposals for methods to reduce risk and uncertainty in forest carbon initiatives have been 
varied. One of the simplest possibilities is to avoid the issue. For example, the CDM largely 
excludes potential forest carbon activities due to these complex issues (Martina, 2005; 
Schlamadinger et al., 2007). Where forest carbon was included in the CDM, strong restrictions and 
limitations on methodology were employed as an attempt to minimise the uncertainty involved 
(Thomas et al., 2010; Lederer 2011). REDD+ however does not have the luxury of using this 
approach. While much improvement in measuring and estimation of carbon in forests has been 
made, stochasticity necessitates more direct mechanisms to manage risk and account for uncertainty 
in emissions abatement. Often this has involved proposals to provide compensation at the lower end 
of expected value, with or without the creation of an insurance “pool” or “buffer” of mitigated 
emissions. Insurance could also be financial, used to purchase additional carbon credits in times of 
poor performance (Neeff and Ascui 2009), and be voluntary or independent from carbon trading, or 
required and funded through a levy or tax on carbon credits. Important considerations involved in 
risk management include how the scheme can address the different types of risk, who bears the 
liability and financial costs of the risks, and also how it may perversely affect the attractiveness of 
different project types. For example, restrictions placed on forest carbon in the CDM have been 
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identified as a large contributor to the poor uptake of afforestation/reforestation projects (Neeff and 
Ascui 2009; Thomas et al., 2010). 
In this Perspective, we suggest REDD+ policy work towards a modular framework in which 
compensation given to participating host parties is calculated based on a function of their 
performance in individual modules distinguished by specific outcomes (Figure 2.1b). We 
recommend the modules be structured around the outcomes of 1) Reduced deforestation and 
degradation in relatively undisturbed “primary” forest (1°REDD); 2) Reduced deforestation and 
degradation in modified and degraded “secondary” forest (2°REDD); 3) Sustainable forest 
management (SFM) in existing forestry areas (eSFM); 4) SFM in new forestry areas (those 
previously not used for forestry activities; nSFM); 5) Carbon enhancement through ecological 
restoration (eCE); 6) Carbon enhancement in plantations (pCE); and 7) Conservation of forest areas 
(for example though exclusion of forestry). Due to leakage potential (in which emissions are 
displaced rather than mitigated), accounting and compensation based on overall performance at 
national scales will be required. However, as improvements are made in performance monitoring, 
policy evaluation, and estimation of total economic value (comprised of both economic and social 
value), modules could become increasingly independent and even potentially develop towards 
different incentive mechanisms. 
This categorical modularity based on outcomes would complement the existing hierarchical or 
nested modularity already embedded in climate mitigation policy in response to multiple scales of 
governance. The categorisation based on outcomes can be seen as both similar and complementary 
to the “three–fund” approach proposed by Johns et al., (2008), in which finance is directed through 
streams based on actors: Government, forest-dependent people, and private land stewards, as well 
as the “wildlife premium” concept (in which additional value, and thus payment, is attached to areas 
high in particular biodiversity features; Dinerstein et al., 2010). We believe a modular framework 
based on outcomes provides many desirable attributes for novel forest carbon policy. These include: 
a default differentiation of concepts and risks through separated sub-mechanisms; an improved 
ability to capture non-monetary values through defined additional metrics; and potential for 
adaptation to change.  
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2.3 Why a modular approach? 
2.3.1 Differentiation of concepts, risks and opportunities 
Investments and returns are valued in economics with respect to their nature, the time that they 
are expected to occur (discounting for time preferences), and accounting for risk and uncertainty. 
Under a modular REDD+, outcomes would be differentiated as each module engenders 
fundamentally different concepts of emissions abatement, different concepts and applications of 
additionality, and involves different scales of volume, permanence and risk of unintentional carbon 
loss (Table 2.1; Lindenmayer et al., 2009; Pistorious et al., 2009; Stickler et al., 2009). Thus 
documented differences in the biodiversity (Barlow et al., 2007; Gibson et al., 2011), carbon 
dynamics and resilience of primary or least disturbed forests (Laurance 2004; Kauffmann et al., 
2009; Lindenmayer et al., 2009; Berry et al., 2010), should be reflected in a higher value placed on 
emissions mitigation in these areas compared to, for example, mitigation in plantations. Under the 
proposed modular framework, REDD+ outcomes would be measured through the use of multiple 
metrics, including the volume of avoided carbon emissions derived, the risk, and other relevant 
parameters, for example an index of biodiversity value (Figure 2.1b). This would transform the 
crude measure of static carbon value into a measure of aggregate risk adjusted socio-ecological 
benefit: a value more reflective of total economic value (inclusive of non-monetary social and 
environmental values). Targets, limits and safeguards could be set for each module to allow for a 
more specific and controlled result than that achievable under an unspecified programme of 
activities. 
The specific opportunities of each policy objective for REDD+ can be managed more directly 
under a modular approach. Modularity could enable a greater variety of agents to manage and 
implement actions, providing valuable scope for both centralised and decentralised activities 
(Clements 2010). In particular, there could be the option for some sectors to work towards separate 
finance mechanisms, at least on national scales under which leakage can still be managed through 
national accounting. Market-linked options might be suitable for activities such as SFM where 
alternative revenue streams support operations, and entrepreneurs have scope for innovation. 
Alternatively, fund-based sources may be more appropriate for less charismatic, larger scale or 
lower (carbon) return objectives such as capacity building (as is currently occurring), ongoing 
national monitoring, and protected area conservation. Integrating market capacity into UNFCCC 
REDD+ design is important to consider: it is clear that markets are currently an available policy 
option within REDD+ host countries, and international REDD+ markets are possible in the future 
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(Corbera and Schroeder 2010). The current emphasis on performance based compensation is 
arguably necessary to deliver quantifiable results, however it still captures some of the perverse 
incentives that a market mechanism may entail (for example the direction of investment to activities 
of high financial return, but not necessarily high co-benefits, including subsidisation of extractive 
activities), and does not capitalise on possible benefits (for example the provision of private 
finance). 
Modularity would also allow specific issues, such as peatland management, to be distinguished 
from other mechanism components. Peat swamps and mangroves store and sequester significant 
amounts of carbon (Dixon et al., 1994; Chmura et al., 2003), and exhibit considerably different 
volumes, permanence and risk profiles than comparable (dryland) terrestrial areas (Schlamadinger 
et al., 2007). As demonstrated by peat fires in Borneo, these areas can also be significant sources of 
emissions (Page et al., 2002). They provide many other clearly demonstrable ecosystem services, 
such as flood, drought, and storm damage mitigation, food provision (e.g. nurseries for fish) and 
water purification and are considered highly valuable in terms of species biodiversity (Ronnback 
1999; Keddy 2010; although see Paoli et al., 2010). The importance, influence, and strong regional 
nature of these benefits (and impacts of degradation) suggest that restoration and conservation of 
these areas would make optimal Nationally Appropriate Mitigation Actions (NAMAs). In any case 
the risk of price distortion is undesirable in an undifferentiated carbon market (Paoli et al., 2010), as 
is the potential to focus on peatland systems at the expense of other areas highly valuable for co-
benefits (Paoli et al., 2010). 
 
 
Table 2.1 (next page). The five “activities” proposed for UNFCCC REDD+ differ in concept, 
permanence and risk, and should be distinguished as per our modular policy approach. Each 
UNFCCC REDD+ “activity” is designed to stimulate certain policy outcomes. It therefore 
comprises distinct concepts of carbon emission mitigation, including different scales of permanence 
and risk: They will vary in terms of both volume and value of carbon, and total socio-ecological 
value. Hence, we propose international carbon policy work towards a modular framework based on 
policy outcomes. 
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UNFCCC 
“Activity” 
Concept of emissions 
mitigation 
Permanence of main 
emissions mitigation 
(intentional) 
Risk of unintentional carbon loss 
(aside from leakage) 
Proposed module(s) based on 
outcomes 
Reduced 
deforestation and 
degradation of 
forests (REDD) 
Avoided emissions (also 
net sequestration, 
particularly in secondary 
forests; Lussayert et al., 
2008) 
 
Permanent avoidance Relatively resilient in primary forests, 
but increased risk at least initially in 
secondary forests (Laurance 2004; 
Lindenmayer et al., 2009) 
 
1°REDD (REDD in least disturbed 
“primary” forests) 
 
2°REDD (REDD in disturbed or 
degraded “secondary” forests) 
 
Sustainable forest 
management 
(SFM) 
Reduced emissions Permanent reduction, but 
ongoing release of 
emissions due to timber 
extraction 
Greater risk due to higher levels of 
human activity and disturbance44, and 
uncertainty regarding the economic 
viability of ecologically sustainable 
forest management 
 
eSFM (SFM in existing forestry 
areas) 
 
nSFM (SFM in new forestry areas, 
not previously subject to forestry) 
Forest carbon 
enhancement 
Emission sequestration Relatively permanent if 
forest conserved, but 
temporary if subsequently 
harvested 
 
Greater risk as a “novel ecosystem” 
(sensu Hobbs et al., 2006), particularly 
if a monoculture plantation. Risk of 
carbon loss from ecological restoration 
may decrease over time. 
eCE (ecological carbon enhancement; 
restoration) 
 
pCE (plantation carbon enhancement 
with intention of future harvest) 
 
Forest conservation Supporting forest carbon 
emissions mitigation 
activities (also potential 
for some ongoing 
sequestration; Lussayert 
et al., 2008) 
 
NA Assuming conservation is within least 
disturbed areas, relatively resilient 
(Laurance 2004; Lindenmayer et al., 
2009) 
 
Conservation of forest areas; 
management with the primary aim of 
biodiversity and cultural preservation. 
Capacity building 
and ongoing 
monitoring 
Supporting forest carbon 
emissions mitigation 
activities 
NA NA Capacity 
 
Monitoring 
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2.3.2 Capturing non-monetary values 
Differentiated modules would promote competition between forest carbon mitigation options, 
which could reduce information asymmetries (Pattanayak et al., 2010), and create conditions better 
suited to capture values (e.g. co-benefits) that are otherwise invisible within markets. Individual 
modules would find benefit in advertising their own values and co-benefits (and possibly also the 
risks of others). Such promotion of co-benefits is a more positive approach to climate change 
mitigation (Prins et al., 2010) and reduces the emphasis on forest conservation for carbon alone 
(Clements 2010). Product differentiation allows the liberation of consumer choice, encourages users 
to be informed (Pattanayak et al., 2010), and is a fundamental requirement to facilitate demand-side 
management. Information, a key criterion of the theoretical “perfect market”, allows demand to set 
prices for otherwise invisible values, as demonstrated by the higher preference towards forest 
carbon projects (Guidon 2010) and popularity of projects certified under the CCB Standard in the 
voluntary carbon market (Hamilton et al., 2010). Under the CDM there is little encouragement for 
buyers, beyond their own moral drive or publicity requirements, to be informed regarding the 
environmental and social credentials of the emission offset units. Scandals such as the HFC-23 
loophole (Wara 2007) can have significant price distortion impacts, and tarnish the reputation of the 
entire mechanism. Optional certification, for example the CDM “Gold Standard”, theoretically 
provides some information transfer, and trades at higher prices. However the low adoption rates 
(Nussbaumer 2009) imply that it is being treated as a “luxury good”, rather than providing adequate 
(default) differentiation. The voluntary carbon market shows similar symptoms: it is quite small, at 
less than 1% of the regulatory market, and the value of the market is quite sensitive to external 
economic conditions (decreasing by almost 50% from 2008 to 2009; Hamilton et al., 2010). 
2.3.3 Adaptation to uncertain futures 
A modular system may be more robust, flexible and amenable to modification given an 
uncertain future. A modular system encourages participation by many agents, and multiple levels of 
governance and co-ordination that may prove more resilient to unexpected perturbations (Ostrom 
2009). There will always be unknown unknowns, particularly in the design of an unprecedented 
policy and in the face of global change. To think we can design a perfect policy in response to this 
is overconfident (McGrath 2010). The ability to modify incentives for different outcomes separately 
is valuable: until we develop techniques to accurately measure the total social value of different 
REDD+ outcomes it is unlikely that we will be able to incentivise the socially optimal distribution 
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of investment and effort under an undifferentiated program. Furthermore, social values of outcomes 
may change over time. 
An adaptive regulatory policy is an essential, but relatively unexplored aspect of REDD+ design 
(Corbera and Schroeder 2010). Policies can be adaptive in terms of both proactively encouraging 
experimentation (providing a structure for hypotheses testing), and having the flexibility for rapid 
modification given changes in the knowledge environment (being robust to a range of future 
scenarios; Walker et al., 2001). The institutional and political reform required to implement an 
international forest carbon policy is uncertain, complex, and challenging, but most importantly 
variable across different sectors and situations (Clements 2010). This is clearly evidenced by the 
long and protracted negotiations and the plethora of pilot projects. Many problems can be 
anticipated as potential, but until we test a novel approach we are unlikely to be able to determine 
which of these problems are most important and discover problems not anticipated. Under an 
outcome-based modular REDD+ design each module could have the capacity for modification, for 
example through caps, premiums or other incentives to encourage or discourage activity in the 
sector. These could be negotiated more rapidly under a modular policy due to the reduced 
stakeholder complexity and scope for conflicting interests. 
2.3.4 Managing leakage 
Avoiding leakage, a situation where emissions are displaced rather than mitigated, has been a 
key challenge in the design of REDD+ (Wunder 2008). Leakage can be spatial and temporal, and 
cross both administrative and sectorial boundaries (Wunder 2008). We argue that some amount of 
leakage is inevitable: it is an integral component of economic adjustment to a possibly significantly 
altered policy and economic environment. Therefore, attention should be on identifying and 
managing leakage rather than avoidance per se. Current REDD+ policy addresses leakage through 
the use of national accounting and compensation. Yet only weak regulations, in the form of 
“safeguards” are currently in place to reduce perverse cross-sectorial leakage: emissions 
displacement from areas of low to high total economic value, for example transitions from 
sustainably managed forests to monoculture plantations. This is effectively a “black box” approach 
to managing leakage, where the true effects of REDD+ are hidden in the aggregated outcome 
(Figure 2.1a). Working towards a modular REDD+ could more directly and transparently monitor 
leakage by clearly separating performance in the different sectors, and expands opportunities to 
manage leakage by incentive, as well as regulation. 
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2.4 Towards successful REDD+ policy 
For REDD+ to be successful it will need to satisfy the policy objectives of environmental 
effectiveness, economic efficiency, equitable distribution of benefits and costs between 
stakeholders, and be politically feasible. REDD+ will require effective, long-term policy actions. 
However, REDD+ policy is unavoidably complex, involving disparate concepts, uncertainties and 
stakeholders. Working towards the development and implementation of forest carbon policy 
through a modular framework based on outcomes capitalises on the benefits offered by a 
competitive market while addressing the fundamental differences between strategic policy 
initiatives. In this perspective we have described a modular REDD+ that could provide an improved 
framework to deliver mitigation, encouraging more accurate and complete economic and social 
valuation of activities, while still retaining flexibility to adapt to new information, experience and 
changing conditions. This is a novel policy proposal, and as such will require further study to 
quantify the potential benefits and costs. It is however, an approach that we believe deserves further 
attention in international forest carbon policy, if only to cast the spotlight on the current “black box” 
of forest-carbon accounting, and to increase the incentives for activities which are likely to 
contribute positively to total economic value, rather than degrade it. 
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3.1 Abstract 
Carbon stocks and emissions are quantified using many different measures and metrics, and 
these differ in their surrogacy, measurement, and incentive value. To evaluate potential policy 
impacts of using different carbon measures, we modelled and mapped carbon in above-ground and 
below-ground stocks, as well as fluxes related to sequestration, oxidation and combustion in the Ex 
Mega Rice Project Area in Central Kalimantan, Indonesia. We identify significant financial and 
carbon emission mitigation consequences of proxy choice in relation to the achievement of national 
emissions reduction targets. We find that measures of above-ground biomass carbon stock have 
both high measurement and incentive value, but low surrogacy for potential emissions or the 
potential for emissions reductions. The inclusion of below-ground carbon increased stocks and 
flows by an order of magnitude, highlighting the importance of protecting and managing soil carbon 
and peat. Carbon loss and potential emissions reduction is highest in the areas of deep peat, which 
supports the use of deep peat as a legislative metric. Divergence in patterns across sub-regions and 
through time further emphasizes the importance of proxy choice and highlights the need to carefully 
consider the objectives of the application to which the measure of carbon will be applied. 
3.2 Highlights 
• Carbon stocks and emissions are quantified in many ways that differ in their surrogacy, 
measurement, and incentive value. 
• We model and map carbon stock and emission proxies for a globally important tropical 
peat land. 
• We discuss consequences of proxy choice in relation to the achievement of emissions 
reduction targets. 
• In particular, measures of above ground stock did not reflect patterns of total emissions. 
• We conclude that effective policies must adequately account for the carbon stored in 
tropical peat soils.  
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3.3 Introduction 
Land-use and land cover change is responsible for a third of global anthropogenic greenhouse 
gas emissions over the last 150 years (Houghton et al., 2012), and ongoing deforestation and forest 
degradation is the major source of current greenhouse gas emissions in many tropical developing 
countries (Van Der Werf et al., 2009). Climate change mitigation and adaptation is now a strategic 
part of many national economies and environmental policies (Capoor and Ambrosi 2008). This 
includes a strong emphasis on activities under the program for Reducing Emissions from avoided 
Deforestation and forest Degradation (REDD+) and other similar voluntary mechanisms aimed to 
reduce greenhouse gas emissions in developing countries. 
Information on carbon stocks and projections of future emissions over space and time is 
required at multiple stages of the development and implementation of climate change policy 
including carbon accounting (Lim et al., 1999) and land-use planning (Achard et al., 2004). 
Specifically, it is needed to establish baselines (Lubowski et al., 2006), prioritize the location of 
emissions reduction or sequestration activities (Naidoo et al., 2008), and for the monitoring, 
reporting and verification (MRV) of such activities (Petrokofsky et al., 2012). 
The main pools of carbon in forested ecosystems are the stores of above- and below-ground 
living biomass, necromass (litter, and woody debris), and soil organic matter. Deforestation and 
degradation visibly impacts above-ground stores, however soils and particularly peat soils are also a 
significant source of emissions following deforestation and forest conversion (Houghton et al., 
2012; Page et al., 2002). There are a multitude of methods for assessing above- and below-ground 
carbon stocks, and these have been extensively reviewed (Gibbs et al., 2007, IPCC 2006, Ladd et 
al., 2013, Petrokofsky et al., 2012, Qureshi et al., 2012, Vieilledent et al., 2012, Ziegler et al., 
2012). All reviews conclude that comprehensive, field-derived carbon measures are labour 
intensive, time consuming, expensive, often destructive (Gibbs et al., 2007), and therefore generally 
prohibitive over extensive areas. 
As a consequence, indirect methods of measuring carbon stocks and emissions, referred to 
herein as proxies, are common. Here we distinguish between two groups of proxies: those 
developed at a measurement-level and those developed at the level of metrics (Figure 3.1). 
Measurement-level proxies are those that can substitute for direct measurements, whereas metric-
level proxies are typically a combination of numerous measurement-level proxies and are often 
derived through process-based modelling. Both types can be extrapolated or indirectly estimated 
over extensive areas.  
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Figure 3.1. Differences between measurements, measurement proxies, and metric proxies. 
 
Measurement-level proxies include carbon stocks and fluxes of above- and below-ground 
carbon at a particular point in time. These proxies are substitutes for direct field measurements: they 
usually involve information collated from a number of field measurements that are extrapolated 
using additional landscape variables such as vegetation type (Couwenberg et al., 2011, Saatchi et 
al., 2007), elevation (Saatchi et al., 2007), rainfall (Saatchi et al., 2007), soil type (Kapos et al., 
2008), and peat characteristics such as water level and subsidence (Figure 3.1; Joosten and 
Couwenberg 2009). Importantly, as these measurement-level proxies are of current processes, they 
can be verified at the time of estimation. 
Metric-level proxies are typically derived from process models that combine many of the above 
mentioned measurement proxies and biophysical parameters, as well as assumptions regarding 
changes in these over time. Proxies at the level of metrics include both measures of potential 
emissions and the potential for emissions reduction (Figure 3.1). These proxies can be used to 
predict biomass production and carbon dynamics over space and time (e.g. CENTURY; Parton et 
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al., 1995) and the impacts of reforestation (e.g. 3-PG; Bryan and Crossman 2013; Paterson and 
Bryan 2012) and agricultural development (e.g. APSIM; Luo et al., 2013; Zhao et al., 2013). 
Typically calibrated against field data, a major strength of the process models used to develop 
metric-level proxies is their ability to forecast carbon sequestration and emissions under different 
scenarios of change (Crossman et al., 2011, Liu et al., 2009). Activities such as land-use planning 
necessarily deal with potential future emissions necessitating these forecast estimations 
(Couwenberg et al., 2010). The use of counterfactual baselines in such forecasts essentially mean 
that potential emissions reductions can never be verified (i.e. directly measured), and although 
potential emissions may be verified this necessarily must be post hoc, after decisions are made 
based on the available proxy information. 
The performance of different carbon proxies has been the focus of past studies, particularly how 
well the proxy correlates with the true measurement, both spatially and temporally (i.e. its 
surrogacy value), and how easy or expensive it is to derive (i.e. its measurement value). For 
example, remotely sensed above-ground biomass (AGB) has been extensively compared to field-
based measurements (Petrokofsky et al., 2012) and vegetation-based proxies for carbon flux have 
been compared with direct carbon flux measurements (Couwenberg et al., 2011). There has also 
been extensive comparison among metric-level proxies (Houghton et al., 2012). However, there has 
been little comparison between measurement and metric-level proxies and it is often assumed 
explicitly or implicitly that carbon stocks are an adequate proxy for the potential for emissions 
reduction (Chan et al., 2011, Chan et al., 2006, Egoh et al., 2010, Larsen and Harvey 2010, Reyers 
et al., 2012, Wendland et al., 2010). When considering carbon proxies in a policy or planning 
context, it is also important to recognize that each proxy will differ in how easily the proxy is 
communicated and the extent to which it translates to actions and the other co-benefits it might 
encompass (i.e. its incentive value). This ‘framing’ of proxies can thus influence the overall 
performance of policies, even when the measurement or surrogacy values remain the same 
(Entman, 1993; Druckman 2001). 
The required performance of a proxy across these three dimensions (surrogacy, measurement, 
and incentive value) is dependent on the specific activity of interest. Land-use planning undertaken 
by governments may place more importance on measurement and surrogacy value, whereas 
activities that rely on community involvement and acceptance may give greater importance to the 
incentive value of a proxy. The choice of proxy and how they are applied are likely to influence the 
perceived priority, cost-effectiveness, and impact of specific climate change mitigation or 
abatement activities in specific locations (Paterson and Bryan 2012). Poor choices in this regard 
may result in inefficient and ineffective mitigation outcomes. 
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Here we explore the consequences of using different carbon proxies by modelling, mapping, 
and evaluating the surrogacy, measurement and incentive value of seven proxies of landscape 
carbon (Table 3.1) for the Ex Mega Rice Project region in Central Kalimantan, Indonesia (Figure 
3.2). This case study region is of considerable global interest due to continuing high carbon 
emissions resulting from past land-use change. We determine the financial and carbon emission 
mitigation consequences of proxy choice in relation to the achievement of Indonesia’s national 
emissions reduction targets, and discuss the performance of the different proxies, particularly in the 
context of their utility for informing and evaluating land-use plans. 
 
Figure 3.2. Location of the study region and administrative sub-regions (blocks A–E), current land 
use and land cover, and peat depth 
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Table 3.1. Summary of the seven carbon stock and emission proxies employed in this study. 
Proxy Description Justification 
(1) Peat depth Peat depth in cm, specifically 
noting the threshold of 300 cm 
Current policy limits development 
on peat >300 cm 
(2) AGB carbon stock Estimate of carbon (t C ha1) 
within AGB (live material only) 
Commonly used measure for 
carbon accounting and land-use 
planning 
(3) Total carbon stock Estimate of carbon (t C ha1) 
within AGB, below-ground 
biomass (BGB) and necromass 
(dead standing and fallen woody 
biomass), and soil 
A more comprehensive estimate 
of the carbon stock 
Potential emissions: 
change in AGB (4), or 
total carbon (5), measured 
against a static baseline 
(measured in t CO2e) 
Estimate of carbon emissions 
(t CO2e) from respective carbon 
pools, relative to a static baseline 
set at year 0. Conversion to CO2e 
using emission factors that 
differentiate between sources of 
emissions 
This method estimates carbon 
change from a known and 
observable baseline 
Potential emissions 
reduction: change in AGB 
(6), or total carbon (7), 
measured against a 
dynamic baseline 
(measured in t CO2e) 
Estimate of carbon emissions 
(t CO2e) from respective carbon 
pools, relative to a dynamic 
baseline that projects a 
continuation of current land 
management. Conversion to CO2e 
using emission factors that 
differentiate between sources of 
emissions 
This method estimates carbon 
change from a hypothetical 
baseline, and calculates how 
carbon emissions differ between 
the two scenarios. Provides an 
estimate of the physical potential 
for emissions reduction 
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3.4 Materials and methods 
3.4.1 Study region 
The Ex Mega Rice Project (EMRP) region (Figure 3.2) defines an area subject to an agricultural 
self-sufficiency and development policy implemented from 1996 to 1998 that cleared one million 
hectares of tropical lowland peat swamp forest and created 4000 km of canals for drainage and 
irrigation in Central Kalimantan, Indonesia (Page et al., 2009). The project failed to achieve its 
agricultural objectives, with subsequent agricultural land abandonment and ongoing degradation 
resulting in considerable negative consequences for hydrology and carbon emissions. After the peat 
lands were drained, a process of drying, oxidation, and irreversible collapse occurred (Wosten et al., 
2008), increasing peat susceptibility to fire (Hooijer et al., 2006) and releasing significant amounts 
of greenhouse gases to the atmosphere (Page et al., 2002), particularly in extreme El Niño years 
(Ballhorn et al., 2009, Hooijer et al., 2010, Page et al., 2002). Widespread peat fires in the 1997 El 
Niño event attracted considerable international attention due to regional human health effects 
(Aditama 2000) and the volume of carbon released into the atmosphere (Page et al., 2002). The 
land-use changes across areas such as the EMRP region have contributed to Indonesia’s position 
among the world’s top ten largest greenhouse gas emitters from 1995 to 2010 (WRI and CAIT 2.0 
2013). 
3.4.2 Spatial modelling and mapping 
We model seven proxies of carbon that could be used in the study region for carbon 
management (Table 3.1). Descriptions of base information of land use, land cover, and peat depth 
are described in Section 3.4.2.1. Carbon stocks are static, current estimates (as of 2008) based on 
prior land use, land cover, and peat depth (Section 3.4.2.2). Potential emissions are estimated based 
on a continuation of current management (Section 3.4.2.3), and the potential for emissions 
reductions are calculated by comparing this with a hypothetical scenario of carbon management 
(Section 3.4.2.4). 
3.4.2.1 Land use, land cover, and peat depth 
The EMRP region currently consists of a combination of four broad categories of land use and 
land cover: extant forest on drained and un-drained peat and mineral soils; productive agricultural 
land under rice and tree crop farming systems, including seasonally irrigated rice (sawah); and 
degraded forest, mainly on drained soils, including abandoned agricultural land (Figure 3.2; 
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Appendix A; Table A1). Peat depth across the region was determined from a 50 m50 m grid layer 
developed from the interpolation of approximately 3000 depth cores (Table 3.1; Euroconsult Mott 
Macdonald et al., 2008, Hooijer et al., 2006). Spatial analysis was conducted in R (R Core Team 
2012) using package “raster” (Hijmans and Van Etten 2012), with additional processing of spatial 
data in ArcGIS (e.g. for calculating Euclidean distances and map presentation). 
A potential forest type layer was required as a basis for modelling potential emissions and the 
potential for emissions reduction. We classified extant forest into five types (mangrove, swamp 
forest, river-riparian, mixed swamp, and low pole) and used maximum entropy species distribution 
modelling to map their potential distribution (Appendix B; Figure B1, MaxEnt v3.3.3j; Phillips 
2004; Phillips et al., 2006). Key variables used to develop the models included elevation, peat 
depth, distance from rivers and ocean, and a subset of climatic variables (Table B1, WORLDCLIM, 
http://www.worldclim.org; Hijmans et al., 2005). Uncertainties (including 16% of the total area) 
and discrepancies between extant and modelled forest types (17% of total area, mostly in ecotonal 
gradients) were resolved manually (Appendix B). 
3.4.2.2 Carbon stocks 
We quantified both AGB stocks (t C ha1), and total carbon stocks (including AGB, below-
ground living biomass (BGB), necromass, and soil carbon; t C ha1; Table 3.1). AGB carbon was 
allocated using a land cover proxy, on a 5050 m grid resolution, aligned with land cover and peat 
depth. These were then scaled to a 100 ha hexagonal grid for further analysis. AGB stock was used 
to estimate BGB and necromass pools based on ratio factors drawn from the literature (Table C1). 
Soil carbon was determined based on soil type (terrestrial peat, mineral, or mangrove) and depth of 
(terrestrial) peat. Mineral soils were assumed to be fluvaquents and tropaquent (entisol) soils, and 
were assigned an average soil carbon value (375.24 t C ha1 m1; Wahyunto and Ritung 2004). Peat 
soils are often denser on the surface due to compaction (Kool et al., 2006), and particularly when 
the overall depth is shallow (Wahyunto and Ritung 2004). We therefore assigned a higher value, 
980 t C ha1 m1, for the first 30 cm of peat for shallow peat soils (Wahyunto and Ritung 2004). The 
remaining peat, 30 cm and deeper, was assigned 786.8 t C ha1 m1, the average of fibric, hemic, 
and sapric peat values (Wahyunto and Ritung 2004). Areas with less than 30 cm of peat were 
considered to overlay mineral soils to a total depth of 30 cm. Mangroves were allocated a global 
average carbon value of 783.5 t C ha1 and based on an average soil depth of 199.4 m (Donato et 
al., 2011).  
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3.4.2.3 Carbon flux and emissions 
To estimate potential emissions, four main categories of carbon flux were defined (1) peat 
oxidation in the absence of fire, (2) vegetation sequestration in the absence of fire, (3) carbon loss 
from peat due to fire events, and (4) loss from vegetation due to fire events. These were integrated 
into a process model to estimate carbon flux through time (Figure C1), developed in R (R Core 
Team 2012). The model was simulated on a 100 ha hexagonal grid, at yearly intervals in which 
either a fire occurred and carbon was lost due to combustion of biomass and peat, or a fire did not 
occur and carbon was sequestered in plant growth, and lost through (apyric) peat oxidation. 
The probability of fire was modelled using a generalized linear mixed effects (lme4::glmer, R 
package; Bates et al., 2012) model to allow for the partitioning of variance due to both fixed effects 
(environmental variables) and random effects (the year, to account for El Niño events). The models 
included the following environmental variables: AGB; MODIS fire hotspot data for the years 2000
2006, which included one major El Niño event; distance to rivers and artificial canals (log 
transformed); the potential forest type; and the presence of agriculture (Table C2). AGB was back 
calculated for the years 20002005 based on the 2006 AGB value, and whether a fire occurred in 
each year at that location. 
We developed two models of fire probability, with different assumptions regarding the amount 
of biomass burnt in fire events. This parameter is uncertain for tropical peat lands, and there are a 
range of values expressed in the literature for other ecosystems (Cochrane 2003, IPCC GPG 2006, 
Kasischke and Bruhwiler 2002, Kasischke et al., 2005, Lü et al., 2006, Yokelson et al., 2007). We 
therefore assumed that a fire event would consume either 10% or 70% of the available AGB, 
regardless of soil type or existing land management (these mixed effects models are denoted herein 
as F10 and F70 respectively). Reduced fire probability is predicted with increasing AGB, increasing 
distance from canals and rivers, in areas of agricultural management, in mangroves, and in river-
riparian forests (which mainly exist on mineral soils; Table C2). The strongest factor increasing fire 
probability was El Niño years, and forest types on peat soils. While there is the possibility that fire 
hotspot data can be biased against the short duration and low intensity fires common in agricultural 
management in some regions (due to the intermittent nature of satellite sampling; Langner and 
Siegert 2009), we feel this data would likely capture most of the more important fire events that 
burn through peat soils as these are generally of longer duration. Back calculation of AGB in the 
fire model results in a large loss of biomass in each fire event for the F70 model and therefore there 
is an even greater rate of reduction in fire probability with higher levels of AGB and with 
agricultural management under the F70 model (Table C2). 
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We then integrated the current carbon stocks, fire probability, and assumed land-use scenarios 
into a process model to estimate potential emissions and emission reductions (Figure C1). Time 
series for El Niño events at yearly intervals were derived for the period 19542004 
(http://ggweather.com/enso/years.htm). Two thresholds were employed to classify a year as an El 
Nino event: agreement of three out of the four indices used to identify El Niño events, resulting in 
11 events over the 50 year period (denoted S1) and agreement of at least a half of the indices, 
resulting in 20 events over the 50 year period (denoted S2). These two versions were used to both 
characterize the influence of this parameter on the results, as some predictions suggest climate 
change may increase the severity of the wetdry cycle in this region (Collins et al., 2010, Kumagai 
and Porporato 2012). These 50-year time series were allocated a random start year in each run, and 
cycled twice to give a 100-year series. Whether each grid cell was burnt in each year was 
determined stochastically, by evaluating a number drawn from a random uniform distribution 
against the modelled probability of fire. Peat consumption by fire was assumed to be 30 cm deep in 
unmanaged land, and 15 cm deep in managed agricultural areas, based on data from empirical 
estimation during burn events (Ballhorn et al., 2009), or the entire profile of peat if less than these 
thresholds. 
For each year without fire, the vegetation in each grid cell experienced growth and there was a 
loss of carbon through peat oxidation, reflecting the continued impacts of drainage canals in the 
region. Peat oxidative loss can be estimated by the water table depth (Hooijer et al., 2006) and this 
was assumed to be 20, 40, 50, and 80 cm respectively for natural or restored, drained but forested, 
drained and deforested, and agricultural areas (Euroconsult Mott Macdonald et al., 2008), with a 
threshold of AGB carbon of 100 t ha1 to distinguish forested from unforested areas on drained 
lands. We used an average oxidative loss of 3.041 t C ha1 yr1 for every additional 10 cm drainage 
depth (assuming an average of 50% carbon loss to oxidation; Couwenberg et al., 2010). The 
maximum peat available to be lost was assigned based on the carbon stock in the peat soils above 
mean sea level (at which burning and oxidation was assumed to cease). While peat lands may 
accumulate carbon in soil, this process was excluded as the level of the water table is generally not 
conducive for peat growth in the region (Page et al., 2009). We did not consider carbon loss or 
accumulation in the saline peat soils of mangroves. The maximum AGB was assigned based on the 
potential forest type and expected land use (Table C3). Growth in AGB (in the absence of fire) up 
to a maximum allowed under the assumed land use and land cover was assumed to be 13.5 t dry 
biomass ha1 for up to 20 years (IPCC GPG 2006), and 3.7 t dry biomass ha1 thereafter (IPCC GPG 
2006). 
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The process model was run over a 100-year time period and the average and standard deviation 
for AGB and soil carbon were determined for each planning unit in each year. The change in AGB 
and total phytomass were calculated as the difference between the contemporary year, and the start 
year (2007). Soil carbon stocks were calculated as the initial stock minus the amount predicted to be 
lost each year. Measures of the carbon emitted and sequestered were converted to carbon dioxide 
equivalent terms (CO2e) using standard emission factors for each of the flux categories (Tables 3.1 
and C4). The results are presented for a single 40-year period: this represents a more reasonable 
planning horizon, and most patterns observed at 40 years are similar to those at the end of a 100 
year time period. 
3.4.2.4 Potential for emissions reduction 
In order to measure the potential for emissions reduction, we compared the results of two 
scenarios using the carbon process model described above: that of maintaining the current 
management, and a hypothetical scenario assuming complete fire control and no agricultural 
management. Current management is comprised of areas with agricultural production, and areas 
where no particular management occurs (including, drained and deforested land in the southern 
section of the region, and partially drained and forested areas in the northern section). The 
hypothetical comparison involves the assumption of natural forest restoration, but no widespread 
and substantial canal damming and peat restoration work, and as such we assume maximum water 
table depth is limited to 40 cm on previously drained lands, based on empirical observations in the 
region (Euroconsult Mott Macdonald et al., 2008). This represents a relatively conservative 
estimate of the maximum possible carbon storage value for this study region (the least emissions 
from peat and greatest sequestration in vegetation) and we acknowledge that canal damming may 
be utilized in the process of both restoration and fire management. This comparison however 
provides an indication of the physical potential for emissions reduction (Table 3.1). 
3.4.3 Proxy correlation and hotspot congruence 
Correlation among the seven carbon proxies was assessed using Spearman’s rank test with a 
significance test corrected for spatial autocorrelation (i.e. to account for trends due to spatial 
proximity rather than the parameters of interest; Clifford et al., 1989, Dutilleul et al.,, 1993, Osorio 
et al., 2012). To further reduce the impact of spatial autocorrelation, a bootstrapping technique, with 
10 subsamples (n=1000) randomly selected without replacement from the full dataset was 
employed to calculate average Spearman’s Rho (the degree of correlation) and significance values 
(Gos and Lavorel 2012). This analysis was conducted in R and contributed packages 
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(SpatialPack::modified.ttest; Osorio et al., 2012). We describe correlation results as weak if 
absolute values of Spearman’s Rho were 0.20.3, moderate 0.30.6, and strong if 0.6 or over, using 
a significance level of =0.05. 
Hotspots were defined as the areas representing the upper 30th and 10th percentile threshold for 
each proxy individually. Hotspots were chosen to represent the areas of highest value, for example 
the areas that held the greatest stock of carbon, or could potentially deliver the greatest emissions 
reduction. Hotspot congruency was assessed using Cohen’s Kappa. Cohen’s Kappa estimates adjust 
observations of agreement accounting for that expected by chance (Cohen, 1960, Czaplewski, 1994, 
Gamer et al., 2012). The value of the Kappa statistic ranges from a minimum of negative one to a 
maximum of one, with a value of one indicating perfect similarity, zero indicating expected 
similarity due to chance, and negative one indicating no similarity. Values greater than 0.6 are 
considered to represent substantial overlap, values between 0.2 and 0.4 to indicate minimal overlap, 
while equivalent negative values show analogous level of disassociation (Landis and Koch, 1977). 
Cohen’s Kappa was calculated in R and contributed packages (irr::kappa2; Gamer et al., 2012). 
3.4.4 Consistency of patterns at different temporal and spatial scales 
Carbon emissions are expected to be temporally and spatially dynamic. To explore these 
dynamics we evaluated the similarity of patterns (within proxies) over time periods of 5, 10 20, 40 
and 100 years. Previous studies also highlight the potential variability of carbon stocks and 
emissions at different spatial scales (Anderson et al., 2009). The EMRP is divided into five 
management blocks (blocks AE; Figure 3.2), each with a substantially distinct social-ecological 
history. To assess the consistency of observed patterns of correlation and congruence at finer spatial 
extents we repeated the analyses for each management block (AE) separately, and compared 
results with the patterns observed at the regional level. 
3.4.5 Impact on efficiency of achieving emissions reduction targets 
In 2009, Indonesia committed to reduce overall greenhouse gas emissions by 26% from the 
business as usual by 2020 and up to 41% with international support (Presidential Regulation No. 61 
2011). If we assume the business as usual case to be a continuation of current management, we 
calculate these targets to be 26% and 41% of the potential emissions of this scenario, or 3136 and 
4943 M t CO2e respectively. We assumed a hypothetical land-use planning scenario for the EMRP 
area where the location of climate change mitigation activities was selected using each of the seven 
proxies for stocks and emissions (Table 3.1), that is, we selected areas that represented the top 26th 
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and 41st percentiles for each proxy. We evaluated the outcomes in terms of the estimated emissions 
reduction that would be achieved, the efficiency of emissions reduction (emissions reduction per 
hectare), and the potential gross financial benefits at a carbon price of US$ 9.2 per tonne (the 
average value of forest carbon offsets in 2011; Peters-Stanley et al., 2012). 
3.5 Results 
3.5.1 Values and spatial patterns 
Carbon stored in total carbon stocks (including AGB, BGB, and soil carbon) in the EMRP area 
exceeded that stored in only AGB by approximately an order of magnitude (2749 M t C compared 
to 129 M t C; Table D1). AGB potential emissions across the study region were predicted to be 30
65% that of the AGB potential emissions reductions after 40 years (Table D1), as potential 
emissions do not account for the additional sequestration in growing biomass allowed for by the 
control of both fire and reforestation of currently cleared agricultural and degraded land. Total 
carbon potential emissions (accounting for both above and below-ground sources) were estimated 
to be 9596% of potential emissions reductions over the same time period (Table D1), suggesting 
the additional sequestration in AGB is offset by the unavoidable emissions from peat oxidation. 
If it is assumed that there is a 10% reduction of AGB biomass in each fire event (the F10 model) 
then this resulted in potential AGB emissions that were four times greater than if it is assumed that 
there is a 70% reduction in AGB biomass (the F70 models; Table D1; Section 3.4.2.3). Doubling 
the incidence of El Niño events (i.e. S2 models compared with S1 models) increased AGB 
emissions estimates (Table D1). Sub-regional blocks with different environmental features and 
historic conditions showed distinct differences in carbon value. Largely still forested and overlaying 
deep peat, Block E dominates both AGB and total carbon stock measurements (Figure 3.3; Figure 
3.4; Table D2). Block C contains large areas of peat and therefore has large total carbon stocks, but 
extensive deforested areas result in lower AGB stock values compared to Block E. Block D has also 
experienced substantial deforestation, and the lack of deep peat deposits result in this block having 
the lowest value of both AGB and total carbon stocks in the study region (Table D1).  
Allocation of AGB potential emissions among blocks largely reflected that of AGB stocks. 
Total potential emissions and emissions reductions values were similarly patterned to total stocks 
across all models (Figure 3.3; Figure 3.4). Hotspots for these proxies were more heavily skewed 
towards Blocks A and C, with only 515% occurring in Block E over all models (Table D2). Total 
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carbon proxy hotspots had over 94% overlap with deep peat areas. AGB proxies had less 
correspondence with deep peat areas, with only a 628% overlap overall (Table D3). 
 
 
Figure 3.3. Carbon stock, potential emissions and the potential for emissions reduction measured 
over a 40 year time period using either AGB or total carbon stocks, for model F70-S2. Negative 
potential emissions reflect areas of high sequestration. Results for all models can be seen in Figures. 
D1D4. 
 
Figure 3.4. Hot spots of carbon proxies for model F70-S2. Potential emissions and emission 
reductions are measured over a 40-year time period. Results for all models can be seen in Figures. 
D1D4.   
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3.5.2 Proxy correlation and congruence 
AGB carbon stock was not correlated with total carbon stock (Table D4). While much of the 
remaining forest lies over more inaccessible deeper peat profiles in Block E, the deepest peats 
support forests with lower biomass, and a high proportion of the peat domes of Block C are cleared. 
AGB carbon stocks were strongly positively correlated with AGB potential emissions (Table D4). 
Total carbon stock showed much more consistency of pattern across models compared to AGB: 
total carbon stocks were significantly positively correlated with both total carbon potential 
emissions and potential for emissions reduction in all models (Rho=0.480.96, P<0.01; Table D4), 
but showed only weak correlations in limited cases with AGB potential emissions and potential for 
emissions reduction. 
The level of congruence between the upper 10th and 30th percentile hotspots for AGB carbon 
proxies and deep peat areas reflected those expected by chance across all models (Kappa=0.15 to 
0.02, with deep peat areas overlapping 829% of the hotspots for these; Table D3). There was 
substantial overlap between deep peat areas and hotspots for total carbon proxies (Figure 3.4; Table 
D3). 
3.5.3 Consistency of patterns at different temporal and spatial scales 
Total carbon potential emissions were less temporally consistent than for AGB potential 
emissions (Rho=0.660.79 and Rho=0.810.93 respectively, when comparing year 5 values to year 
100; Figure D5), however the strong influence of peat fires ensured the correlation of total carbon 
potential emissions reduction was more temporally consistent (Rho=0.650.80) than that of the 
equivalent AGB proxy (Rho=0.500.62; Figure D5). 
The correlation and congruency results were relatively consistent across blocks for the F10 
models, with Block D being the major exception. Largely cleared, and without deep peat deposits, 
Block D showed positive correlations between the majority of proxies tested (Tables D4D6). For 
the F70 models there was more variation among Blocks, though this is usually limited to the 
strength and evidence for correlations rather than the direction of the observed trends (Tables D4
D6).  
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3.5.4 Impact on efficiency of achieving emissions reduction targets 
The greatest potential emissions reductions and financial benefit are seen if the decision rule is 
to manage and protect all the deep peat areas (Table 3.2 and Table D7). However, this is largely due 
to the large area managed, and is achieved less efficiently than if the proxy employed represents 
total potential emissions reduction or total potential emissions. Prioritizing areas with the greatest 
total carbon stocks would achieve emissions reduction targets, however at 6874% of the efficiency 
of directly prioritizing areas representing the greatest potential for emissions reduction. The 
efficiency, in terms of potential carbon emissions reduction per area, of targeting areas where the 
overall potential for emissions reduction is greatest would be approximately two to three times that 
achieved through targeting the areas with the greatest AGB carbon stocks (Table 3.2). The latter is 
the most poorly performing decision rule in terms of carbon outcomes, meeting only 3238% of the 
emissions reduction targets, while targeting total carbon stocks would meet 6874%, targeting total 
potential emissions would achieve 97% of the targets, and targeting deep peat areas would far 
exceed the emission reduction targets. These conclusions are based on the assumption that all 
policies are equally effective on a per area basis, which may not be the case, as their incentive value 
differs (as discussed below in Section 3.6). 
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Table 3.2.The impact of choice of carbon proxy on the efficiency of emissions reduction and financial benefits of climate change mitigation. Results 
are for the F70-S2 model, and the results for all models can be seen in Table D7. 
Target 
(%) 
Policy 40 year Potential 
emissions 
reduction (M t 
CO2e) 
Per cent of 
potential emissions 
reduction target 
(%) 
Area (ha) Efficiency (1000 t 
CO2e potential 
emissions 
reduction per ha) 
Potential benefit 
(M USD, based 
USD 9.2 per 
t CO2e) 
Benefit per ha 
(USD) 
26 AGB stock 1004 32 168,300 6.0 9233 54,859 
Total stock 2135 68 122,600 17.4 19,644 160,226 
Total potential 
emissions 
3047 97 133,000 22.9 28,037 210,802 
Total potential 
emissions reduction 
3136 100 137,600 22.8 28,852 209,681 
Deep peat 7525 240 446,730 16.8 69,232 154,976 
 
41 AGB stock 1866 38 281,400 6.6 17,170 61,016 
Total stock 3657 74 209,600 17.4 33,649 160,539 
Total potential 
emissions 
4812 97 232,900 20.7 44,267 190,070 
Total potential 
emissions reduction 
4943 100 240,900 20.5 45,473 188,765 
Deep peat 7525 152 446,730 16.8 69,232 154,976 
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3.6 Discussion 
We have demonstrated that proxies for carbon stocks and emissions exhibit differing spatial 
patterns, and this will have significant implications for the use of different carbon metrics in carbon 
management and land-use policy. In particular, the use of AGB carbon stock proxies for informing 
where mitigation activities should occur could significantly reduce the benefits of emission 
reduction schemes. In our study AGB stock and potential emissions, while substantial, were 
dwarfed by the potential carbon stored and released from degrading and combusting peat, the 
densest source of terrestrial carbon stock (Petrokofsky et al., 2012). Total carbon stock and 
emissions were more than an order of magnitude larger than their AGB counterparts, and in the rare 
cases where AGB and total carbon metrics were correlated the relationships were mostly inverse 
(i.e. negative Spearman’s Rho values). The one exception to this was in the one sub-region that is 
largely cleared and does not include substantial peat deposits (Block D). This reinforces the 
significant impact that the ongoing process of peat oxidation (e.g. due to drainage) and fires has on 
the emission of greenhouse gases in this system, and therefore the importance of protecting 
remaining undeveloped tropical peat deposits. Our results also highlight important implications for 
the implementation of REDD+ policy if it fails to account adequately for high carbon soils such as 
tropical lowland peat swamp forest. 
AGB carbon stock was a good predictor of potential emissions from AGB, indicating that areas 
with extensive forest cover are likely also to be areas with high carbon loss if no positive action is 
taken to prevent this occurring. However, AGB stocks were not a consistent surrogate for potential 
AGB emissions reduction: this is determined by both avoidance of loss from current stocks and the 
potential for vegetation sequestration. By factoring in the potential for emissions sequestration, 
greater emissions reduction will be predicted in moderately degraded areas in some models as the 
process model assumes denser, more mature forests are likely to experience lower rates of 
sequestration than fast growing secondary forests (IPCC 2006). However, this pattern is only seen 
in models for which the probability of fire is more strongly influenced by AGB (i.e. F70 models 
where 70% of biomass is assumed to be burnt in each fire event). In comparison, total carbon stocks 
were reasonable predictors of areas where the potential for emissions reduction is highest over 
much of the study region, and therefore could potentially have a high surrogacy value. While 
prioritizing areas with the greatest total carbon stocks is likely not to meet the emissions reduction 
targets, due to a smaller target area, it would be achieved at similar efficiencies obtained by 
targeting areas of deep peat (>3 m) as per current policy. 
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We identify deep peat areas as a useful carbon proxy in the study region: protection of all deep 
peat regions could deliver on emissions reductions targets, albeit less efficiently than targeting 
potential emissions reductions directly and requiring 1.53 time more land area. A regulatory 
approach to protecting deep peat may therefore be a useful policy direction in Indonesia and 
elsewhere. The identification and mapping of deep peat locations is relatively straight-forward and 
would provide a basis for land-use planning regulations (Jaenicke et al., 2008). While currently the 
main legislative mechanism in Indonesia for peat land conservation is one that limits agricultural 
land development in peat ecosystems with a depth greater than three meters (Republic of Indonesia, 
1990), this does not however give adequate protection from fires which are the predominant drivers 
of emissions in this region (Couwenberg et al., 2010, Houghton et al., 2012, Murdiyarso et al., 
2010, Page et al., 2009). Nor does it provide any incentive or instruction for management of 
surrounding shallower, yet still hydrologically-connected peat land, the management of which is 
likely to be a critical determinant of the success of deep peat conservation. 
The performance of a carbon proxy also encompasses the costs of monitoring, reporting, and 
verification and the time lag for responses to be accurately detected. Proxies for AGB carbon stock 
are often measured remotely or through land-use/land cover conversions. These proxies can be field 
validated, and consequently measures of AGB carbon stocks have high measurement value. 
However, considerable uncertainties still exist, including the inaccurate measurement of variables, 
the use of incorrect allometric models, inadequate sampling regimes, and poor representation of the 
sampling network (Butt et al., 2013, Petrokofsky et al., 2012). Greater uncertainties exist in the 
measurement of emission dynamics of BGB and soil carbon stocks, especially those associated with 
tropical peat lands. Typically, the estimation of emissions is based on a land-use proxy stock-
difference approach, with unclear treatment of soil carbon (Bai et al., 2011, Luck et al., 2009, 
Nelson et al., 2009), as opposed to the gain-loss process based model used in this study, and 
suggested as a preferable approach for soil carbon, particularly for peat soils (Murdiyarso et al., 
2010). 
Emission estimates from peat fires have large uncertainties, because of the highly variable mass 
of peat combusted and the quantity of greenhouse gases emitted varying with fire severity, water 
table, peat moisture content, and fire history (Murdiyarso et al., 2010). Our results suggest that the 
frequency of El Niño events (varied almost 1-fold in this study) is overshadowed by the parameter 
controlling biomass loss in fire events, highlighting the importance of resolving uncertainties 
regarding peat land emissions due to fire. These uncertainties mean that absolute results from this 
study should be taken as indicative only: we have designed these models to illustrate potential 
Chapter 3 73 
impacts of proxy choice, and further sensitivity analysis on key values and model structure would 
be required for further inference to occur. 
Land-use plans are designed to be enduring over mid-long time periods therefore temporally 
consistent proxies are also desired. We found patterns for all potential emission and emission 
reduction proxies used in this study were reasonably consistent over time. This reflects a strong 
dominance of peat, rather than AGB, in determining carbon dynamics in this region. A caveat of 
this study is the assumption that all parameters will remain constant over the 100 year period. While 
we have integrated some possible ecological feedbacks (though specifying fire frequency as a 
function of vegetation biomass), for simplicity we did not include, for example, dynamic impacts of 
climate change. Climate change predictions for Borneo suggest an increased seasonality of rainfall, 
with dry seasons becoming drier and wet seasons wetter (Kumagai and Porporato 2012), but there is 
considerable uncertainty surrounding impacts on El Niño (Collins et al., 2010), which is a key 
driver of climate and dry season fires in the region. Our results suggest increased frequency of El 
Niño events will increase potential emissions, but also the potential for emissions reductions if fires 
are controlled. Other impacts of climate change in this region that would be important to consider 
are likely substantial impacts on low-lying areas from sea level rise. 
Research from the sociology, psychology, and political sciences has shown that the way in 
which an issue is ‘framed’ can profoundly influence decision-making (Druckman 2001). Hence the 
psychological appeal of a proxy can be an important consideration, for example if the uptake of 
incentive schemes depends on the proxy communicating the importance of a particular process 
(Entman, 1993). Even if a proxy has both high measurement and surrogacy values, it may have low 
incentive value, for example if the proxy reflects a process that one has little control over (Gibbs et 
al., 2007) or if the measure is intended to incentivize change but fails to gain traction (Entman, 
1993). The performance of a proxy also depends on how clearly the concept can be communicated 
and how well it reflects the impacts of actions in a reasonable time scale. 
The AGB carbon stock proxy relates to a visible and relatively easily monitored action (i.e. 
actions that ensure protection or growth of biomass) and therefore has high incentive value. The 
peat depth proxy can be easily communicated as it is simple in concept and is generally constant 
through time. These characteristics reinforce its potential in a regulatory framework. However, the 
peat depth proxy does not speak to actions and this reduces its incentive value: peat depth is 
unlikely to increase due to actions, and the implications of the choice of depth threshold (such as 
three meters) are unclear. It is also uncertain as to how collapsed peat domes (i.e. particularly those 
with an original height of greater than three meters and a collapsed height of less than three meters) 
Chapter 3 74 
ought to be managed. Therefore for the development of future land-use plans that require actions 
such as rewetting and fire management (rather than simply restricting development), and for 
ongoing monitoring, the peat depth proxy may not be particularly useful. In these cases, water table 
depth may be a useful proxy for the effectiveness of rewetting activities (CKPP 2008, Jaenicke et 
al., 2010). 
The spatial variation of stocks, potential emissions and the potential for emissions reduction 
over the administrative blocks reflects different biophysical and historical management 
characteristics. It is therefore likely that a single policy action or strategy is unlikely to capture the 
full potential for emissions reduction across the study region. While an initial policy of limiting 
development on deep peat areas may limit the negative impacts of poor management of these areas, 
it would by definition not cover sub-regions without deep peat, and any incentive or disincentive to 
support this policy would thereby bias particular areas. While this may be acceptable, direct action 
taken to manage carbon emissions or improve stocks will require greater community support and 
engagement than a regulatory approach. Furthermore, decisions regarding management need to 
account for implications of, and trade-offs between a full range of environmental, economic, and 
social considerations. For example, equity between sub-regions will become more important in the 
case of direct action, particularly given the high rates of poverty and displacement. This would 
place a greater emphasis on selection of a carbon proxy that distributes mitigation actions 
throughout the landscape, and facilitates the rapid identification of responses to management 
actions (such as AGB stock or water table levels). 
Our methods for calculating carbon proxies are not aligned to the Kyoto Protocol (IPCC 2006) 
nor to voluntary carbon standards, as we needed to balance a desire for simplicity with a 
requirement to derive the best possible estimates of carbon for this specific study region. In 
particular, our stock measures considered the carbon value of the entire profile of peat soils, rather 
than limiting to the top 30 or 100 cm, as we considered this to be more reflective of the total 
potential for emissions. Further, our model does not distinguish natural from anthropogenic 
disturbance and re-vegetation. This can be difficult to classify when both anthropogenic and natural 
factors contribute to, for example, fire and regeneration of forest in the region. In Indonesia, where 
standards are still under development, we are optimistic that studies such as ours will inform the 
creation of rigorous measurement standards. Our aim was to identify and compare carbon proxies 
for application in land-use planning and therefore we sought to develop carbon proxies with utility 
beyond the task of carbon accounting. Land-use planning aims to seek multiple objectives. Most 
carbon accounting defaults to conservative estimates, for example, AGB carbon stock must meet a 
certain definition of forest to be considered under the metric. This is not appropriate for land-use 
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planning as the evaluation of different land uses necessitates accurate information on all values 
derived from alternative land uses. Using conservative proxies in such applications will devalue a 
parcel of land or broader land-use category from a carbon stocks and emissions reduction 
perspective. 
3.7 Conclusion 
Our study highlights the need to assess the use of different carbon proxies depending on the 
desired application. While the use of carbon proxies is widespread, few studies have compared and 
evaluated measurement- and metric-level proxies, let alone the implications of their use. Our results 
show that carbon stock measures based on AGB carbon alone fail to account for over 90% of the 
total carbon stock in the EMRP. Further, the different spatial patterns observed between AGB 
stocks and the potential for emissions reduction mean that prioritization of mitigation actions based 
on an AGB focused proxy would fail to meet emission reduction targets. This has important 
implications for studies and policies that utilize AGB stock measures as a basis for planning 
mitigation activities, and further for regional or global policies that do not adequately account for 
the substantial carbon deposits and emissions in tropical peat lands. With land use and land cover 
change being a major contributor to global greenhouse gas emissions, careful consideration of 
proxy performance is critical to facilitate effective and efficient implementation of climate change 
mitigation policies. 
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4.1 Abstract 
Increasingly, landscapes are managed for multiple objectives to balance social, economic, and 
environmental goals. The Ex-Mega Rice Project (EMRP) peatland in Central Kalimantan, 
Indonesia, provides a timely example with globally significant development, carbon, and 
biodiversity concerns. To inform future policy, planning, and management in the EMRP, we 
quantified and mapped ecosystem service values, assessed their spatial interactions, and evaluated 
the potential provision of ecosystem services under future land-use scenarios. We focus on key 
policy-relevant regulating (carbon stocks and the potential for emissions reduction), provisioning 
(timber, crops from smallholder agriculture, oil-palm), and supporting (biodiversity) services. We 
found that implementation of existing land-use plans has the potential to improve total ecosystem 
service provision. We identify a number of significant inefficiencies, trade-offs, and unintended 
outcomes that may arise. For example, the potential development of existing oil-palm concessions 
over a third of the region may shift smallholder agriculture into low productivity regions and 
substantially impact carbon and biodiversity outcomes. While improved management of 
conservation zones may enhance the protection of carbon stocks, not all biodiversity features will 
be represented and there will be a reduction in timber harvesting and agricultural production. This 
study highlights how ecosystem service analyses can be structured to better inform policy, planning, 
and management in globally significant but data poor regions. 
4.2 Introduction 
Land-use allocation and management is a complex task that involves balancing multiple 
objectives (Nassauer and Opdam 2008, Reyers et al., 2012). Demand for agriculture increases 
pressure to develop land, while global calls for sustainability (Nelson et al., 2009, Koh and Ghazoul 
2010) necessitate consideration of the services provided by ecosystems as an essential component 
of land-use planning (CBD 2003, Millennium Ecosystem Assessment 2005). There is also growing 
recognition of the need to build resilience and adaptive capacity (Lambin et al., 2003, Folke et al., 
2004, Game et al., 2008). With a variety of values derived from landscapes, determining socially, 
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ecologically and economically desirable land-use allocations is challenging (Mallawaarachchi and 
Quiggin 2001) and trade-offs between objectives are likely (Rodriguez et al., 2006, Nelson et al., 
2009, Koh and Ghazoul 2010, Bryan and Crossman 2013). Recent technical advancements in land-
use planning and ecosystem service assessments have included ways to explicitly account for 
multiple uses, stakeholders, and benefits (Klein et al., 2008, Bryan et al., 2010, Wilson et al., 2010, 
Willemen et al., 2012), explore trade-offs between competing uses (Naidoo and Ricketts 2006, 
Laterra et al., 2012, Venter et al., 2012), and account for interactions between social, economic, and 
ecological sectors (Busch et al., 2012, Bryan and Crossman 2013, Ruijs et al., 2013). These 
assessments are essential to inform policy, planning, and management in places such as the Ex-
Mega Rice Project area (EMRP; Figure 4.1) of Central Kalimantan, Indonesian Borneo—a region 
with globally significant development, carbon, and biodiversity challenges. 
 
 
Figure 4.1. Location of the study region, administrative blocks, and current land-use and land 
cover, and distribution of zones under scenario 3 (INPRES) and scenario 4 (EMRP MP). 
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The EMRP region is the result of an agricultural self-sufficiency and development policy 
implemented during 1996-1998 that cleared almost one million hectares of tropical lowland peat 
swamp forest and created 4000 km of canals for drainage and irrigation in Central Kalimantan 
(Page et al., 2009). The project failed to achieve its agricultural objectives, and subsequent 
abandonment of agricultural lands and ongoing degradation in the area has led to negative 
consequences for hydrology and greenhouse gas (GHG) emissions. Without disturbance, peatland 
carbon stocks are generally stable (Page et al 2002). Drainage causes an irreversible process of 
drying, oxidation, and collapse (Wosten et al., 2008). This increases peat susceptibility to fire 
(Hooijer et al., 2006), which releases significant amounts of CO2 to the atmosphere (Page et al., 
2002), particularly in extreme El Niño years (Page et al., 2002, Ballhorn et al., 2009, Hooijer et al., 
2010). Widespread peat fires in the 1997 El Niño year attracted considerable international attention 
due to both large-scale health impacts (Aditama 2000) and greenhouse gas emissions (Page et al., 
2002, PEACE 2007). Drained peatlands account for between 6-8% (2.0 Gt CO2-e yr-1) of global 
GHG emissions, most (90%) of which come from Indonesia (Hooijer et al., 2006), and emissions 
from peatland account for around 60% of Indonesia’s total emissions (Joosten et al., 2012). 
In addition to these carbon and hydrological impacts, the ability of peatlands to support 
biodiversity (Morrogh-Bernard et al., 2003, Posa 2011, Posa et al., 2011) and livelihoods for local 
communities (Silvius and Suryadiputra 2004) has been severely degraded in the EMRP. Land 
clearance, logging (both legal and illegal), and agricultural land management have severely affected 
populations of endangered endemic species such as the Bornean orangutan (Pongo pygmaeus; 
Meijaard 1997, Wich et al., 2012), and greatly reduced the capacity to support mature or 
regenerating forests (Page et al., 2009). Many families translocated from outside Kalimantan during 
the attempted agricultural development phase remain in the EMRP area, and are affected by poor 
agricultural yields and high poverty rates. In 2005, poverty reached 36 percent across the region, 
and in some transmigrant villages poverty rates were as high as 75 percent (de Groot 2008). These 
rates compare poorly with overall poverty levels in the province (9.4 percent in 2007; Bidang 
Statistik Sosial 2012). Local communities in the region draw their income predominantly from 
small-scale agriculture (average 2.5 hectare plots; van den Berg and Widiadi 2008), partly 
supplemented by off-farm activities including construction and illegal forestry (Böhm and Siegert 
2004). 
The policy problem for the EMRP region is the suboptimal provision of ecosystem services, 
where there are many free riders of resource use leading to local, regional, and global inefficiencies. 
This problem is characterized by a lack of understanding of the nature of trade-offs associated with 
different land-use options and how resources might be optimally used in the region. Maps of 
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ecosystem service values can provide tools for communication and stakeholder engagement in the 
initial stages of land-use policy development and implementation (Burkhard et al., 2013, Maes et 
al., 2013), but such information is not available for this region. Ecosystem service maps are also a 
crucial input into analyses aimed at determining the most efficient use of resources and the benefits, 
risks and trade-offs associated with land-use management options (Chan et al., 2006, O’Farrell et 
al., 2010, Busch et al., 2012, Bryan 2013, Ruijs et al., 2013). 
We quantify the spatial distribution of ecosystem service values at a regional scale to 
understand the trade-offs and synergies associated with productive (consumptive) land uses and 
conservation. We focus on determining potential future supply of services under a range of land use 
and management regimes including: forestry, smallholder agriculture, oil-palm, forest restoration, 
and conservation. We develop a spatially and temporally explicit process-based model for 
estimating carbon emissions that accounts for the impact of fire; quantify the economic profit from 
smallholder farming systems; and develop a metric of biodiversity importance based on 
representation and complementarity. In the first ecosystem service maps constructed for this 
globally important region we assess ecosystem service patterns, potential trade-offs, and evaluate 
the performance of four land-use scenarios in terms of the potential future supply of ecosystem 
services. 
4.3 Methods 
We used an integrated spatial modelling and assessment methodology to quantify, map, and 
value multiple ecosystem services for the EMRP study area (Table 4.1). For the entire study area, 
we modelled and mapped the potential supply of provisioning services (timber from forestry, crops 
from smallholder agriculture, and oil from palm plantations), and biodiversity conservation from 
ecological restoration of cleared areas and the conservation management of natural areas. 
Regulating services (i.e. carbon emissions) were calculated for all land uses (i.e. forestry, 
smallholder agriculture, oil-palm, conservation, and no active management). We classify ecosystem 
services used in this study following the Millennium Ecosystems Assessment (2005), but 
acknowledge the limitations of this framework and the ongoing effort to refine definitions, 
particularly to distinguish between ecosystem services and other benefits (e.g. Fischer et al., 2009). 
Consideration of provisioning services, such as derived from agricultural land use, is particularly 
ambiguous. Here we quantify ecosystem services based on the potential value of benefits derived 
over the planning horizon. We do not distinguish between contributions of ecological, human, and 
built capital in the production of these benefits, but note that all services we evaluate do require 
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additional forms of capital to be developed, and all land uses (including “unmanaged”) are a result 
of specific management decisions and actions. 
Where monetary values are used, these are given in 2008 US$ (http://www.bls.gov/). We used 
commercial discount rates (10% p.a.; Fisher et al., 2011, Venter et al., 2012). The planning horizon 
was 40 years (unless otherwise specified), to reflect timber rotations and allow for stabilization of 
carbon emission projections, while remaining appropriate for standard discounting techniques. Data 
processing was conducted in R (v 2.15.2; R Core Team 2012), including contributed packages 
raster (v2.0-31; Hijmans and van Etten 2012), tree (v1.0-33; Ripley 2012), lme4 (v0.9-0; Bates et 
al., 2012), SpatialPack (v0.2; Osorio et al., 2012), ArcGIS (v10; ESRI 2011), and other software as 
specified below. All ecosystem service spatial layers were summarized to the resolution of a 100 
hectare hexagonal grid cell layer. 
4.3.1 Spatial mapping and valuation 
4.3.1.1 Current land use and land cover 
The EMRP region currently consists of a combination of four broad categories of land use and 
land cover: extant forest on drained and undrained peat and mineral soils; productive agricultural 
land under rice and tree crop farming systems; sawah systems (seasonally irrigated agricultural 
fields); and degraded areas, mainly on drained soils, including abandoned agricultural land (Figure 
4.1; Appendix A). The potential distribution of forest types was required as an input into mapping 
the potential for emissions reduction and for calculating potential timber value. We classified extant 
forest into five types (mangrove, swamp forest, river-riparian, mixed swamp, and low pole) and 
used maximum entropy species distribution modelling to map their potential distributions (Phillips 
2004, Phillips et al., 2006; Appendix B). Peat depth across the region was determined from a 50m x 
50m grid layer developed from the interpolation of approximately 3,000 depth cores (Euroconsult 
Mott MacDonald et al., 2008, Hooijer et al.,, 2006), and areas with a depth greater than three 
meters were identified (Figure 4.1). 
 
Chapter 4 86 
Table 4.1. Summary of methods and data sources for developing ecosystem service layers. 
Ecosystem 
service 
Layer  Methods summary Assumed land use Primary data sources  
Regulating Carbon 
stocks 
Land cover proxy, soil type and peat 
depth. 
This represents an estimate of 
current stocks, therefore 
assumes current land use and 
land cover. 
Land cover proxy for biomass and 
necromass. Soil type (Bappeda: RePPProT 
(Regional Physical Planning Programme 
for Transmigration) data, collated for the 
EMRP management plan) and peat depth. 
All carbon content estimates from 
literature review.  
Regulating Carbon flux Process model including fire 
combustion, harvested wood products 
(HWP), vegetation sequestration, and 
peat oxidation over 40 years. 
This model calculated the 
difference from each land 
management regime and a 
situation where no fires or 
agricultural development occurs 
(which is assumed to be optimal 
for emissions reduction). 
Initiated with carbon stock data. 
Probability of fire modelled from MODIS 
hotspot data. Other parameters including 
growth, root/shoot ratio, and biomass burn 
percentage from literature review. 
Temporary storage in HWP modelled as a 
time-discounted value. 
Provisioning Timber !"# = ! !!× !"! − !!"! − !"!(1 + 0.1)!!!!"!!!  
Where: 
NPV = net present value over 40 years 
with 10% discount rate 
Yt = potential yield  
Prt = log price 
HCt = harvest costs 
TCt = transport cost 
This model assumes timber 
harvesting can potentially occur 
over the entire region, including 
where forest must first 
regenerate, but excluding 
ineligible forest and land cover 
types (i.e., low pole, mangrove, 
permanently flooded regions, 
and existing settlements).  
Potential yield, harvest regime, log price, 
and static costs determined by land cover, 
potential forest type, and informed by 
literature review. Transport costs modelled 
as a function of distance from local mills.  
Provisioning Crops from 
smallholder 
agriculture 
!"! = max{∈ !"} !"#!,!!!×!(!"!,!)! 
Where: 
EV max[FS],i = annual expected value for 
each cell; the farming system with the 
maximum expected revenue. 
FSCc,f = contribution of crop c 
(c=1…N) to farming system f 
E(NRc,i) = expected net revenue from 
This model assumes smallholder 
agriculture can potentially occur 
over the entire region, excluding 
water-bodies and existing 
settlements. 
Potential yield determined by suitability 
model developed using classification trees 
(Table G1). Data on agricultural suitability 
derived from Puslitanak (Soil and Agro-
Climate Research Centre) data collated for 
the EMRP management plan in 1996/97. 
Yield and prices from FAO (Tables G2-
G4). Costs from EMRP Master Plan and 
literature review. 
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crop c in cell i calculated as: !(!"!,!) = !!,!!!!"!"#$!!!!  
Where: 
PS,i = the likelihood cell i is within 
suitability class S 
Sy = the suitability percentage for yield 
y 
NRcmax =  the net revenue expected 
from maximum suitability for crop c, 
calculated as: !"!"#$ = !!"#$×!"! − !!"#$×!"!(!"!!!) !  
Where: 
Ycmax = maximum yield of crop Y 
Prc = producer price of crop c 
RCc = revenue cost ratio of crop c 
Provisioning Oil-palm !"# = ! !(!!)×!"#!!!  
Where: 
NPV = net present value over 25 years 
(see table E1) 
P(Ss) = likelihood of being in 
suitability class s 
NPVs = net present value for suitability 
class s (s=1…M) 
This model assumes oil-palm 
can potentially occur over the 
entire region, excluding water-
bodies and existing settlements. 
Potential suitability modelled using 
classification trees based on suitability 
data derived from Puslitanak (Soil and 
Agro-Climate Research Centre) data 
collated by the EMRP MP in 1996/97. 
NPV for each suitability class from 
literature review (Table H1). 
Supporting Biodiversity 
importance 
Marxan selection frequency, for 
representation of 30 percent of the 
distribution of each feature  
This model assumes restoration 
and conservation management 
for biodiversity. 
Maximum entropy species distribution 
models of 9 primates and 5 forest types 
using presence records and environmental 
variables. Distributions represent an 
estimate of the potential species 
distribution and the distribution of extant 
best quality examples of each forest type. 
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4.3.1.2 Carbon 
We modelled both carbon stocks and the potential for emissions reduction (Table 4.1; Appendix E). 
Extant carbon stocks are commonly used as a basis for ecosystem service analysis (e.g. Chan et al., 
2006, Anderson et al., 2009, Eigenbrod et al., 2010). Carbon stocks in above ground biomass, below 
ground biomass, and dead wood (necromass) were allocated using a land cover proxy, while soil 
carbon stocks were estimated based on soil type and depth of peat (Appendix E).  
In order to estimate emissions reduction, we developed a novel process-based model, as a standard 
stock-difference approach would not have adequately captured important carbon flux dynamics 
(Murdiyarso et al., 2010). Five types of carbon flux were defined:  
1. Peat oxidation in the absence of fire 
2. Vegetation sequestration in the absence of fire 
3. Carbon loss from peat due to fire events 
4. Carbon loss from vegetation due to fire events 
5. Carbon temporarily stored in harvested wood products (HWP) 
Carbon flux was simulated at yearly intervals. Each year either a fire or harvest occurred and 
carbon was lost due to combustion of biomass and peat, or temporarily stored in HWP or a fire/harvest 
did not occur and carbon was sequestered in plant growth, and lost through peat oxidation (Appendix 
E). The probability of fire was modelled using a generalized linear hierarchical mixed effects 
regression model (v0.9-0; Bates et al., 2012) informed by MODIS hotspot data for the years 2000 to 
2006, which included one major El Niño event. The potential for emissions reduction was estimated by 
comparing expected emissions from maintaining current land management (see definition below) to 
that from smallholder agriculture, oil-palm, forestry, no management (uncontrolled and stochastic fire 
events), or conservation (complete fire control, and the regeneration, restoration, and/or management of 
forest).  
4.3.1.3 Timber 
Forestry is a viable land management option with potential to rehabilitate forest and peat and 
support economic development (van der Meer and Ibie 2008). Illegal logging is known to occur in the 
eastern and western portions of block E and the northern portion of block B (Figure 4.1) targeting 
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commercially important species such as ramin (Gonystylus bancanus), meranti (Shorea spp.), jelutung 
(Dyera polyphylla - latex) and terentang (Campnosperma coriaceum) (van der Meer and Ibie 2008). 
We estimated the potential value of harvesting timber from the commercially viable riverine-
riparian and mixed swamp forest types. This was calculated as the net present value (NPV, $ per 
hectare) over the first cutting cycle (40 years) under a conventional harvest volume (65 m3 per hectare) 
(Ruslandi et al., 2011). Harvest years were designated as year zero for extant forest (cover >10 
percent), year 20 for currently degraded forest (woody vegetation types as identified by the current 
land-use layer, with less than 10 percent cover), and year 40 for currently cleared areas predicted to 
support mixed swamp and riverine-riparian forest regrowth. NPV was calculated as the sum of net 
returns discounted over time given the potential yield, a standard log price ($122 per m3), harvest costs 
($59 per m3; Ruslandi et al., 2011) and transport costs (minimum by road or river; Appendix F; Table 
4.1). 
4.3.1.4 Smallholder agriculture 
Typically in ecosystem service assessments only one crop is valued, or else the value of multiple 
crops is considered separately (Crossman et al., 2013).  We developed a novel method to map and 
value smallholder farming systems in the EMRP to reflect the cultural preference for holdings to 
include a range of subsistence and cash crops. We categorized smallholder farming systems as: rice, 
coconut, rubber, and rubber mosaic. These farming systems were defined according to the dominant 
crop but consist of varying proportions of rice, rubber, coconut, maize, soy, and horticulture. Suitability 
maps were available for each crop except coconut across the major agricultural areas (62 percent of the 
total study region, covering blocks A, B and D; Euroconsult Mott MacDonald et al., 2008). To map 
farming systems we simplified the original categorical crop suitability scores into five categories: 0, 25, 
50, 75, and 100 percent of the maximum potential yield for each crop. We determined the likelihood of 
each cell being in each yield category using classification tree models (Ripley 2012; Appendix G), as 
predicted by the explanatory variables of hydrology, physiography, annual mean temperature, peat 
depth, and distance from major rivers. Misclassification rates were between 18-35% (Appendix G). 
To obtain an estimate of the potential value of smallholder agriculture we calculated the expected 
net economic returns of each farming system for each cell by weighting the expected net revenue for 
each crop (accounting for the likelihood of each cell being in each yield category) by its contribution to 
each farming system (Table 4.1 and Tables G2-G4). The expected revenues for smallholder agriculture 
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were estimated as “farm-gate” values as farmers generally sell directly into local markets. Farm-gate is 
defined by the OECD as the price of the product available at the farm, excluding any separately billed 
transport or delivery charges (OECD 2005). Maximum gross revenues were calculated using FAO data 
on crop values and a revenue cost ratio applied to determine maximum net revenue. Full cost and 
revenue details are provided in Appendix G. The farming system that gave the highest expected net 
revenue was allocated to each grid cell. 
4.3.1.5 Oil-palm 
As of 2008, oil-palm concessions covered 29 percent of the EMRP region (Appendix H, Figure H1) 
but only 35 percent had been initiated (10 percent of the region). Of these, the majority had not yet 
been planted (Figure H1), and none were mature as of 2008 (Jagau et al., 2008). As for smallholder 
agriculture, we extrapolated oil-palm suitability scores across the study region using classification tree 
models (Appendix H) with the explanatory variables of physiography, hydrology, and peat depth. 
Suitability classes represented areas unsuitable for oil-palm, and the first, second, and third quartiles of 
profits reported from the region (Table H1). We calculated the expected NPV of oil-palm from each 
cell by multiplying the likelihood that each cell is in each suitability class by the net present value for 
that class (Table 4.1). We assumed that plantations will be managed by larger commercial operators 
with the oil processed on-site, and therefore do not account for transport costs.  
4.3.1.6 Biodiversity 
Typically, metrics of species richness or habitat quality are employed in ecosystem service 
assessments (Willemen et al., 2008, Nelson et al., 2009, Posthumus et al., 2010). We calculated a 
complementarity-based metric of biodiversity importance of each grid cell for representing nine 
primate species and five extant forest types (Justus and Sarkar 2002, Chan et al., 2006). In the study 
region, primates are the most commonly surveyed taxon in biodiversity appraisals, since many primate 
species are considered to have high conservation value. However, as the surrogacy value of primates 
for total biodiversity is inconclusive (Meijaard and Nijman 2003), we also include forest types to 
represent an ecosystem level surrogate and therefore broader patterns of biodiversity (Margules and 
Sarkar 2007).  
Potential primate distribution was modelled to estimate the future contribution of the landscape to 
primate conservation at a 1 km2 grid cell resolution over the whole of Borneo using presence-only 
modelling. The MaxEnt algorithm (v. 3.3.3e; Phillips et al., 2006) was applied using default settings 
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(maximum number of background points = 10,000; random test percentage = 25; regularization 
multiplier = 1) to relate 1,703 verified occurrences of 13 primate species to geophysical and climatic 
data. To account for spatial autocorrelation in historical sampling effort, localities were spatially 
filtered (leaving only one record within a radius of 10 km), and sampling-bias was incorporated into 
modelling for each species using a neighbourhood analysis as described by Kramer-Schadt et al. 
(2013). Environmental parameters included climate variables, distance to wetlands, and soil pH. For 
each species the probability of occurrence was converted into binary presence/absence maps based on a 
conservative tenth percentile threshold. The resulting maps were then verified by a primate expert, and 
the distributions of three species (Hylobates alibarbis, H. muelleri, and Pongo pygmaeus) modified as a 
result of the expert assessment. Nine species were found to overlap with the study region, including the 
white-bearded gibbon (H. albibarbis), long-tailed macaque (Macaca fascicularis), pig-tailed macaque 
(M. nemestrina), proboscis monkey (Nasalis larvatus), Bornean slow loris (Nycticebus menagensis), 
Bornean orangutan (P. pygmaeus), maroon-leaf monkey (Presbytis rubicunda), western tarsier (Tarsius 
bancanus), and the silvered-leaf monkey (Trachypithecus cristatus). 
The potential importance of each grid cell for biodiversity was identified by using a simulated 
annealing algorithm to identify the minimum set of cells that will represent 30 percent of the 
distribution of each biodiversity feature (Marxan v2.1.1 and Zonae Cogito v1.22, available at 
http://www.uq.edu.au/marxan/; Ball et al., 2009, Segan et al., 2011). Multiple near-optimal solutions to 
the minimum set problem were obtained and overlaid to give the selection frequency for each cell, 
which can be interpreted as the cells’ relative importance to achieving biodiversity targets (Table 4.1). 
We emphasize that identification of biodiversity importance in this case is not the same as 
identification of conservation priorities: typically identification of conservation priorities should 
include, inter alia, consideration of direct and opportunity costs, and an assessment of how endangered 
taxa are (Margules and Sarkar 2007). 
4.3.2 Analysis of spatial ecosystem service coincidence 
Spatial coincidence between ecosystem services was assessed using Spearman’s rank test with a 
significance test corrected for spatial autocorrelation (Clifford et al., 1989, Dutilleul et al., 1993, 
Osorio et al., 2012). Non-parametric methods were used, as normality was neither expected nor present 
within many of the ecosystem service layers. To reduce the impact of spatial autocorrelation, we used a 
bootstrapping technique, with 10 subsamples (n=1,000) taken at random without replacement from the 
full dataset to calculate average Rho and significance values (Gos and Lavorel 2012). We described 
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correlation results as weak if absolute values were 0.2-0.3, moderate 0.3-0.6, and strong if 0.6 or over, 
using a significance level of α = 0.05.  
Hotspots of ecosystem services were defined as the areas representing the upper 30th and 10th 
percentile threshold for each layer individually. Hotspot congruency among services was assessed 
using Cohen’s Kappa (Cohen 1960, Czaplewski 1994, Gamer et al., 2012), and by measuring the 
absolute area of overlap. The value of the Kappa statistic ranges from -1 (perfect dissimilarity) to 1 
(perfect similarity), and 0 indicating expected similarity due to chance. Values greater than 0.6 were 
considered to represent substantial overlap, values between 0.2 to 0.4 to indicate minimal overlap, 
while equivalent negative values show analogous levels of disassociation (Landis and Koch 1977).  
Previous studies highlight the potential variability of ecosystem service patterns at different scales 
(Anderson et al., 2009). The EMRP region is divided into five management blocks (blocks A to E; 
Figure 4.1), each with a substantially distinct social-ecological history. To assess the consistency of 
observed patterns at smaller spatial extents we repeated the analyses for each management block 
separately, and compared results from the sub-regional analyses with the patterns observed at the 
regional level. 
4.3.3 Analysis of existing land-use plans and identification of priority areas for 
management 
Recent land-use policies have encouraged the expansion of economic development and agriculture 
both within the EMRP and Indonesia as a whole (Euroconsult Mott MacDonald et al., 2008, Jakarta 
Post 2009, Obidzinski and Chaudhury 2009). These include a 10 year plan to expand fiber and oil-palm 
plantations by 19 million hectares (Jakarta Post 2009, Obidzinski and Chaudhury 2009). For the EMRP 
region, the reforestation of 400,000 hectares of areas with over one meter of peat, and over additional 
areas of shallow peat is sought (Euroconsult Mott MacDonald et al., 2008). Current legislation limits 
development on peat with a depth greater than three meters, aiming to protect the hydrological function 
of these areas (Republic of Indonesia 1990). We evaluate the performance of four potential land-use 
scenarios for the EMRP area (Figure 4.1): 
Scenario 1. Current land use (“current”). This assumes all current agricultural land, 
including sawah, is maintained as smallholder agriculture. All other land is assumed to be 
“unmanaged”, and forestry, oil-palm, or conservation activities are not undertaken.  
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Scenario 2. Current land use assuming all oil-palm concessions are developed (“current 
with oil-palm”). As for scenario 1, but assuming all land currently zoned as an oil-palm 
concession is fully developed into an oil-palm plantation.  
Scenario 3. Development as per the zoning plan outlined in Presidential Instruction No. 
2/2007 on Rehabilitation and Revitalization of the Ex-Mega Rice Project Area in 
Central Kalimantan (INPRES). This assumes three zones: agriculture, forestry, and 
conservation. We assume agriculture to be smallholder agriculture, or oil-palm plantation 
where there is an oil-palm concession. This is the current land management policy for the 
region, although it is largely unimplemented and considered a temporary or draft zoning 
map.  
Scenario 4. Development as per the zoning plan outlined in the EMRP “Master Plan” 
project (EMRP MP). This plan was designed to improve on INPRES, incorporating 
updated information from a range of stakeholders, but not yet implemented into policy 
(Euroconsult Mott MacDonald et al., 2008). Four zones are defined: agriculture, limited 
agriculture, forestry and conservation. As for INPRES, we separate agriculture into both oil-
palm and smallholder agriculture, but allocate limited agriculture as smallholder agriculture 
only. 
The four land-use scenarios were assessed according to the potential carbon emission mitigation 
and the supply of timber, smallholder agriculture, and oil-palm. As biodiversity conservation does not 
feature as an activity in scenarios 1 and 2, only scenarios 3 and 4 were assessed for representation of 
biodiversity. We also estimate the value for biodiversity and carbon of conserving only the area of deep 
peat. 
4.4 Results  
4.4.1 Overall spatial patterns of ecosystem services 
Carbon: Total carbon stocks are highest in the areas with the greatest proportion of deep peat 
(blocks E and C; Table 4.2 and Figures 4.1 and 4.2). Since carbon stocks in the region are driven 
mostly by carbon occurring in peat soils, carbon stocks had only a weak positive relationship with 
potential value of timber (Rho=0.36, P=0.02; Kappa=0.30-0.36; Tables 4.3 and F1; Appendix I). Two 
blocks (B and E) displayed negative correlations of potential value for agriculture with carbon stock, 
while block C showed positive correlation and a substantial overlap in the upper 30th percentile 
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hotspots (Table 4.3). This variation drives the lack of relationship identified at a whole-of-region scale. 
The average potential for emission reductions was fairly evenly distributed across blocks (Figure 4.2), 
and the estimates for total values consequently were driven by area, with the largest total in block C 
(Table 4.2).  
 
Figure 4.2. Summary of the potential value of ecosystem services and overlap between the upper 10th 
percentile hotspots. Overlap between hotspots involving services requiring exclusive land uses imply 
potential conflicts at a site level, whereas spatial separation of these services, or overlaps between 
services with a potentially complementary land use may be seen as opportunities for landscape level 
multi-functionality.  
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Timber: Average and total value of timber is highest in block E and this is where most of the 
current illegal timber operations are also concentrated (Table 4.2 and Figure 4.2). Overall areas with a 
high value for timber had a weak positive correlation with important areas for biodiversity (Rho=0.35, 
P<0.05; Tables 4.3 and I1).  
Smallholder agriculture: The potential profit for smallholder agriculture is greatest in blocks A, C, 
and E, based on both average and total values (Table 4.2 and Figure 4.2). Overall there was low 
correlation and congruence between smallholder agriculture and other services, with the exception of 
oil-palm (correlation Rho=0.55, P<0.001; Kappa=0.61 for 30th percentile hotspots), and particularly in 
Block C (Tables 4.3 and I1).   
Oil-palm: The potential for oil-palm production is greatest in blocks A, C, and E, based on both 
average and total values (Table 4.2 and Figure 4.2). While many of the current concessions occur in 
these higher value regions, there are important exceptions, including concessions in block B and block 
D (Figures 4.1 and 4.2).  
Biodiversity: Biodiversity value is, on average, potentially greatest in block E and least in block D 
(Table 4.2), however there were some areas of particular importance to mangroves and swamp forest 
types in block C and D (Figure 4.2). Potentially important areas for biodiversity and potential value for 
smallholder agriculture overlapped in blocks A, B, and D, although this interaction was not evident 
when the study region was aggregated (Tables 4.3 and I1).   
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Table 4.2. Distribution of ecosystem service values throughout the study region. Proportion overlap 
comparison includes smallholder agriculture, timber, oil-palm, biodiversity, and either potential carbon 
emissions (indicated by *), or carbon stocks (indicated by **). 
!!
!!
Area (1000 ha)!
Block A Block B Block C Block D Block E Total 
 315   161   445   142   413   1,476  
Sm
al
lh
ol
de
r 
ag
ri
cu
ltu
re
 
Total value (US$M yr-1) 185 61 205 27 190 667 
Median (US$ ha-1yr-1) 552 353 468 166 494 494 
Mean (US$ ha-1yr-1) 583 379 458 197 461 451 
H10 % (of total hotspot value) 88 0 12 0 0 100 
H30 % (of total hotspot value) 34 0 45 0 21 100 
H10 area (1000 ha) 129 0 19 0 0 148 
H10 proportion overlap * 33 67 40 0 100 34 
T
im
be
r 
Total value (NPV US $ M)  105   82   140   25   367   718  
Median (NPV US$ ha-1) 109 269 111 16 882 206 
Mean (NPV US $ ha-1) 373 581 334 215 885 511 
H10 % (of total hotspot value) 12 13 17 2 56 100 
H30 % (of total hotspot value) 13 11 16 3 57 100 
H10 area (1000 ha) 17 18 24 3 84 145 
H10 proportion overlap * 38 13 31 4 27 27 
O
il-
pa
lm
 
Total value (NPV US $ M)  1,074   251   1,481   383   1,401   4,590  
Median (NPV US $ ha-1)  3,198  0  3,673   3,111   3,266   3,266  
Mean (NPV US $ ha-1)  3,418   1,719   3,311   2,709   3,396   3,117  
H10 % (of total hotspot value) 27 5 45 3 20 100 
H30 % (of total hotspot value) 17 3 54 2 25 100 
H10 area (ha) 64 11 128 6 57 267 
H10 proportion overlap * 62 18 28 5 32 36 
C
ar
bo
n 
st
oc
ks
 
Total value (M t C)  226   144   358   88   380   1,196  
Median (t C ha-1) 695 904 869 603 994 864 
Mean (t C ha-1) 719 878 798 614 913 804 
H10 % (of total hotspot value) 7 6 15 0 73 100 
H30 % (of total hotspot value)  8   16   17   0   58   100  
H10 area (ha) 10 9 22 0 109 151 
H10 proportion overlap ** 43 57 76 0 54 57 
Po
te
nt
ia
l e
m
is
si
on
s 
re
du
ct
io
ns
 
Total value (M t CO2e 40 yrs)  2,045   1,797   3,817   173   2,962  10,795  
Median  (t CO2e ha-1 40 yrs)  1,917   10,960   6,769   1,052   6,440   3,964  
Mean  (t CO2e ha-1 40 yrs)  6,435   10,550   8,238   1,205   7,147   7,133  
H10 % (of total hotspot value) 34 24 31 0 11 100 
H30 % (of total hotspot value) 20 20 38 0 22 100 
H10 area (1000 ha) 48 37 50 0 16 151 
H10 proportion overlap * 5 7 48 0 21 22 
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B
io
di
ve
rs
ity
 
Score (as % of total, weighted 
by area) 
 24   11   24   7   35   100  
Median (% of overall Max)  38   35   29   24   43   34  
Mean (% of overall Max)  36   33   26   22   40   32  
H10 % (of total hotspot value)  14   7   17   16   47   100  
H30 % (of total hotspot value)  20   11   12   6   52   100  
H10 area (1000 ha) 18 10 21 15 65 130 
H10 proportion overlap * 55 44 25 3 34 32 
 
 
 
 
 
 
 
 
Table 4.3 (next page). Block-wise correlation and congruency among ecosystem services. Positive 
signs indicate either substantial positive correlation (Rho> 0.2, P < 0.05), a substantial positive 
congruence (Kappa > 0.2, or an absolute overlap over 7 or 20 percent for upper 30th and upper 10th 
percentile hotspots respectively. Negative signs indicate either substantial negative correlation (Rho< -
0.2, P < 0.05), or a substantial negative congruence (Kappa < -0.2). Grey colouring indicate a change in 
significance from the overall case to the block-wise comparisons, whereas black indicates a change in 
sign of the relationship. Bracketed signs indicate where correlations are significant (P<0.05) however 
the slope is not substantial (|Rho|< 0.2).
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4.4.2 Performance of existing land-use plans and scenarios 
Scenario 1: reflecting the current land cover for the region and excluding any development of 
oil-palm or forestry, would not achieve additional carbon emissions mitigation, oil-palm, or timber 
value, and would only deliver 12% of the potential value for smallholder agriculture (Table 4.4). 
Scenario 2: reflecting the current land cover, but assuming the development of all oil-palm 
concessions, it would deliver 28% of total potential oil-palm value (Table 4.4). However, 
approximately 30% of the existing concessions are not in eligible areas (i.e. in areas of deep peat). 
Many of the oil-palm concessions also overlap with current smallholder agriculture (e.g. a third of 
the concession area in Block A), thus if developed would substantially reduce smallholder 
agricultural production in the region (Table 4.4). The development of oil-palm concessions may 
improve carbon emission mitigation in the region by 25% relative to the current situation (scenario 
1), due to fire management on otherwise degraded land (Table 4.4). 
 
 
Figure 4.3: Performance of protecting deep peat for representing the distribution of each 
biodiversity feature and of the conservation zones proposed under scenarios 3 and 4. The potential 
distribution of nine primate species was measured:  Macaca fascicularis (mf; long-tailed macaque), 
Presbytis rubicunda, (pr; maroon-leaf monkey), Hylobates albibarbis (ha; white-bearded gibbon), 
Macaca nemestrina (mn; pig-tailed macaque), Nasalis larvatus (nl; proboscis monkey), Pongo 
pygmaeus (pp; Bornean orangutan), Tarsius bancanus (tb; western tarsier), Trachypithecus cristatus 
(tc; silvered-leaf monkey), and Nycticebus c. menagensis (nc; Bornean slow loris). Species were 
grouped by sensitivity to deforestation (Wilson et al., 2010). The extant distribution of five forest 
types was evaluated: low pole (LP), mangrove (MG), mixed swamp (MS), river riparian (RR), and 
swamp forest (SW).  
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Scenario 3: reflecting full development of the current zoning regulation, would include large 
areas designated for conservation across areas of deep peat and remaining forests (Figure 4.1). 
Assuming that these conservation areas are managed for fires, and are otherwise further restored, a 
large proportion of potential carbon emissions could be mitigated (92% of the maximum; Table 
4.4). However if these areas are not actively managed for fire, the carbon benefits will be much 
reduced (resulting in 10% of the maximum; Table 4.4). Most of the forestry zones under scenario 3 
are located in block C, which has low values for timber extraction and would be expected to 
generate only 4% of the total possible timber value (Table 4.4 and Figures 4.1 and 4.2). Smallholder 
agriculture will continue to dominate in block A and further expand agricultural development 
through block D (Figure 4.1), despite the latter being extensively degraded and of low productivity 
for smallholder agriculture (Figure 4.2). Exclusion of oil-palm in deep peat areas in scenario 3 
reduces the potential value of oil-palm to a third of that achieved in scenario 2 (Table 4.4). Due 
predominantly to a larger conservation area, scenario 3 would outperform scenario 4 in 
representation of 8 of the 9 primate species, with improvements in the representation by 14% of 
each species distribution on average (Figure 4.3). Under both scenarios there will be 
underrepresentation of some species most sensitive to deforestation, including the proboscis 
monkey and the silvered-leaf monkey (Figure 4.3).  
Scenario 4: is a modification of the zoning plan in scenario 3 and would deliver similar results 
overall. Assuming conservation areas are managed for fires and restored, 88% of the potential 
emissions could be mitigated, but if fire is not managed then this would be reduced to 4% (Table 
4.4). Forestry, again located in block C, would only generate 2% of total possible timber value 
(Table 4.4, Figures 4.1 and 4.2). Smallholder agriculture will similarly be encouraged onto low 
value land as in scenario 3, however limited agriculture will also be allowed in block E (Figure 4.1). 
Scenario 4 also limits oil-palm development in deep peat, and would deliver 8% of total oil-palm 
value (Table 4.4). While there may be potential for oil-palm development in northern areas of block 
D, scenario 4 would zone the entirety of block D as a development zone for agriculture and oil-palm 
(Figure 4.1) and this will impact remaining examples of unique forest types in the lower section of 
this block. Scenario 4 would result in greater representation of mangroves at the expense of river 
riparian and swamp forest types (Figure 4.3). 
Conservation of deep peat areas only: Deep peat (where peat is greater than three meters) 
covered 447,297 hectares (approximately 30 percent of the region; Figure 4.1). This area represents 
the entire potential carbon mitigation hotspot, and would have a relatively low opportunity cost for 
the provisioning services (only 2.2 % of provisioning related hotspots were located in deep peat 
areas). Conservation of deep peat areas would provide 67% of the total potential carbon emissions 
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reductions, but only if the area is also managed for fire (Table 4.4). Protecting only deep peat areas 
would not perform well for biodiversity. Four primates would have less than 10% of their potential 
distributions represented (Figure 4.3), and on average feature representation would be a third of that 
achieved under scenarios 3 and 4. Of the forest types, only low pole forest would be reasonably 
represented (69%), due to its geographic restriction to deep peat areas (Figure 4.3).  
 
Table 4.4: Potential supply of smallholder agriculture, timber and oil-palm under each land-use 
scenario. The potential for emissions reduction only on deep (3m) peat, and with and without fire 
management and forest regeneration in conservation areas was assessed for land-use scenarios 3 
and 4. 
  Land-use scenario 
  Scenario 1 
(current) 
Scenario 2 
(Current 
with oil-
palm) 
Scenario 3 
(INPRES) 
Scenario 4 
(EMRP MP) 
Peat 3m Total 
Smallholder 
agriculture (US$M 
yr-1) 
81 (12%) 49 (7%) 135 (20%) 207 (31%) NA 667 
Timber (NPV 40 yr 
US$M) 
0 0 32 (5%) 11 (2%) NA 718 
Oil-palm (NPV 25 yr 
US$M) 
0 1,269 (28%) 412 (9%) 367 (8%) NA 4590 
Potential emissions 
reduction (assuming 
fire management and 
forest regeneration 
conservation areas; Gt 
CO2e 40 yr) 
0 2,682 (25%) 9,909 (92%) 9,457 (88%) 7,184 
(67%) 
10,797 
Potential emissions 
reduction (assuming 
no fire management 
or forest regeneration 
in conservation areas; 
Gt CO2e 40 yr) 
0 2,682 (25%) 1,107 (10%) 429 (4%) 0 
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4.5 Discussion 
Our study provides the first quantification, mapping, valuation, and analysis of a set of policy 
relevant ecosystem services in Central Kalimantan, Indonesia, a globally important region for 
carbon emissions reduction, development, and biodiversity. There is pressure to restore, rehabilitate, 
and develop this region, with interest from diverse sectors such as oil-palm (Jagau et al., 2008), 
carbon mitigation (Hooijer et al., 2006, Busch et al., 2012, Joosten et al., 2012), and biodiversity 
protection (Meijaard 1997, Morrogh-Bernard et al., 2003, Page et al., 2009, Posa 2011, Posa et al., 
2011, Wich et al., 2012). We developed maps of estimated value for a regulating service (carbon 
stocks and potential for emissions reduction), three provisioning services (timber, crops from 
smallholder agriculture, oil-palm), and a supporting service (biodiversity). We evaluated four 
potential future land-use scenarios for the region, and assessed the conservation value of current 
legislation to limit development on areas of deep peat.  
4.5.1 Methodological highlights 
The potential of land to supply ecosystem services under different future contexts is critical 
information for forward-looking land-use planning (Wendland et al., 2010). We have defined 
ecosystem service value in terms of potential supply reflecting a focus on future land-use planning 
in the region. This contrasts with many previous ecosystem service studies, which describe current 
patterns of supply (Naidoo et al., 2008, Bennett et al., 2009, Lavorel et al., 2011). This was 
particularly important for estimating carbon emissions in this study region, as stock-difference 
approaches commonly used in similar ecosystem service assessments would not fully account for 
the dynamic carbon processes in peatlands (Murdiyarso et al., 2010). By using underlying land 
suitability data as the basis for valuing smallholder farming systems we derived estimates of the 
potential for future expansion of farming practices, rather than being limited to valuation of current 
farming practices based on current distributions. The separate distribution layers developed for each 
species and forest type allowed the complementarity among land uses to be appraised, in addition to 
the individualistic responses of biodiversity features to land-use change.  
4.5.2 Implications for policy, planning, and management 
The prospective land-use plans for the region (scenarios 3 and 4) performed extremely well in 
mitigating potential carbon emissions, assuming that the zones designated for conservation are 
managed for fire. The performance of legislation to limit development on deep peat is similar, but 
overall emissions reduction would depend on appropriate land management outside of deep peat 
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areas. This national level regulation designed to protect deep peat areas has not been accounted for 
by local legislators, who have allocated oil-palm concessions over 30% of these areas. A lack of 
alignment between national and local institutional arrangements is thus a significant challenge for 
land-use management in this region, as is a lack of information on the trade-offs associated with 
land use (Galudra et al., 2011, Medrilzam and Dargusch 2011). 
Programs and projects under the umbrella of Reduced Emissions from avoided Deforestation 
and Forest Degradation (REDD+) epitomize the challenges of multiple-use, multi-objective 
landscapes (Wise et al., 2009, Ghazoul et al., 2010, Bucki et al., 2012, Law et al., 2012). One of the 
major concerns for REDD+ is the trade-off between economic development activities and emission 
reduction activities enacted through preservation and restoration of forests (Koh and Ghazoul 2010, 
Venter et al., 2012). Degraded peatlands are often identified as priorities for REDD+ projects, due 
to the high emissions and relatively low value for productive use (Busch et al., 2012). Our estimates 
show the EMRP area contributes in the order of 12.5% to Indonesia’s overall emissions (of 
approximately 2.1 Gt CO2 in 2005), emphasizing the criticality of addressing this area in national 
mitigation actions. In this region we found limited overlap between areas important for smallholder 
agriculture and oil-palm production with areas important for emissions reduction and biodiversity 
conservation. This suggests that effective land use and management actions for mitigating climate 
change may co-exist alongside agriculture and oil-palm plantations.  
Analysis of the oil-palm development scenario (scenario 2) suggest that emissions may be 
reduced though minimal active management of currently degraded and deforested areas, including 
transitioning to oil-palm plantations. This conclusion rests on the assumption that planting oil-palm 
will reduce fire frequency. Oil-palm developments also preclude the delivery of other services 
(particularly the hydrological benefits delivered by restoring degraded peatlands), and may have 
both off-site impacts and lead to peat collapse in the future (Comte et al., 2012).  
The large extent of the conservation zone under the land-use plans (scenarios 3 and 4) will 
under-represent many of the biodiversity elements considered, in particular river-riparian, swamp 
forest and mangroves. Relying only on legislation that limits development on deep peat would 
deliver even poorer outcomes for biodiversity. These results also support the growing body of 
evidence that priority areas for emissions reduction need not reflect important areas for biodiversity 
conservation (Anderson et al., 2009, Egoh et al., 2009, Venter et al., 2009a, Paoli et al., 2010, 
Strassburg et al., 2010). This suggests that carbon-related finance may not be the most appropriate 
tool for biodiversity conservation in this region, unless finance is linked to sustainable forestry 
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management or coupled with additional biodiversity-specific incentives such as wildlife premiums 
(van der Meer and Ibie 2008, Dinerstein et al., 2010).  
Some of the most consistent overlaps in services observed in the study area were among 
provisioning services, in particular between smallholder agriculture, timber and oil-palm, likely due 
to the underlying importance of soil quality for these services. While all of these potential services 
can contribute to economic development goals, they differ in the potential to contribute to local 
livelihoods (Rist et al., 2010, Obidzinski et al., 2012), attract external investment (Thomas et al., 
2010), and deliver biodiversity or carbon co-benefits (Venter et al., 2009b). Each of these services 
may form a crucial role in development of the EMRP area however the prospective land-use plans 
indicate many trade-offs that will require careful consideration in land-use policy, planning and 
management.  
Current oil-palm concessions are located on some of the most valuable land for smallholder 
agriculture. If these concessions are developed, it may shift smallholder agriculture into 
undeveloped areas where the development costs would be borne by local landholders. Both of the 
prospective land-use plans for the region will encourage expansion of smallholder agriculture into 
marginal lands, while allowing development of oil-palm on current smallholder areas. This 
important trade-off between smallholders and larger commercial interests will influence the future 
well-being of local residents. The history of the EMRP area would suggest that encouraging 
smallholder development in marginal areas, particularly when involving transmigrants unfamiliar 
with peat soil environments, will likely result in poverty and land abandonment.  
There are other prospective zoning recommendations for the area that will entail significant 
trade-offs between ecosystem services, such as the designation of the southern portion of block C as 
forestry. While forestry operations in this sub-region could be beneficial from a biodiversity and 
carbon emissions reduction perspective, it will require substantial upfront investment in restoration 
and fire management and is unlikely to replace illegal forestry operations that are concentrated in 
the north of the study region (in block E). This juxtaposition would suggest that the planned forestry 
development contradicts the current distribution of experience and facilities. The EMRP MP 
(scenario 4) will also allow limited agricultural development on the already degraded portions of 
block E. While this is beneficial for smallholder agriculture it will likely also facilitate access for 
additional illegal forestry operations (Obidzinski et al., 2012). Relatively high values for oil-palm 
and agriculture in this area would suggests a high risk of permanent forest loss after logging 
(Langner and Siegert 2009, Koh et al., 2011, Miettinen et al., 2012).  
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4.5.3 Research directions 
We have followed a utilitarian approach to defining ecosystem services, considering only 
ecosystem services that either (1) contribute directly to existing economies (provisioning services: 
smallholder agriculture, oil-palm, and timber), (2) will potentially be considered as economic goods 
and services (regulatory services: carbon stocks and fluxes), or that (3) otherwise have intrinsic 
value, particularly due to their irreplaceability (Turner et al., 2003, Díaz et al., 2006).  
In view of highlighting the difficulties in undertaking analyses of this nature, we have also 
focused on the services that have reasonable available data, and drive many of the key land 
management decisions of the region. Hydrological services (in particular flood mitigation) in this 
peat-dominated system would be an informative addition. Recent studies indicate that rapid peat 
subsidence following deforestation will lead to large scale flooding in coastal peats (A. Hooijer, 
unpublished data). Deep peat regions are likely to have important hydrological functions in the 
landscape by regulating fluctuations due to seasonal monsoons. The peat domes in block E are 
likely to supply key regulating hydrological services for the most valuable agricultural land in block 
A as a consequence of the river connections between these areas. Fisheries and non-timber forest 
products were also omitted from this study due to poor data availability (Jagau et al., 2008, van den 
Berg and Widiadi 2008).  
Carbon dynamics in the region are strongly responsive to fire (Page et al., 2002; Hooijer et al., 
2006, 2010). This suggests that fire management is a key element of restoration of peatlands in this 
region, and indeed our model suggests that even high impact land uses such as oil-palm may have a 
net positive influence on carbon management in previously degraded land provided that (a) fire is 
managed and (b) this fire management continues for the duration of the planning horizon. Fires in 
this region are predominantly anthropogenic in origin although preconditions such as droughts, 
excessively drained, dry peat and associated vegetation facilitate their ignition and spread. This 
results in several options for fire management based on reaction (extinguishing current fires), 
education (encouraging better fire management by individuals), exclosure (preventing access), 
ecological management (restoring vegetation cover that inhibits fire), enhancements to land value 
(e.g. by planting valuable crops that people will protect from fire), and hydrology management 
(blocking drainage canals and raising the water table). Research is ongoing to develop effective fire 
management strategies for the region. The full costs of effective fire management will be highly 
dependent on the mix of approaches taken, but will likely be substantial and would be a key 
component of a socio-economic evaluation of the future land management plans. 
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The overall lack of relationship between biodiversity and provisioning services found in our 
study overlooks important site specific interactions, and may also be a result of examining future 
potential value for biodiversity and production, as opposed to current patterns. Analysis of the 
literature reveals that current patterns are largely driven by land-use context (e.g. Raudsepp-Hearne 
et al., 2010, Willemen et al., 2010). The positive relationships found by Anderson et al., (2009) and 
Gos and Lavorel (2012) for example, are associated with areas that have either a long history of 
agriculture or associated with land with a steep gradient from high to low productivity, which 
affects both agricultural production and biodiversity simultaneously. Such relationships are also 
dependent on the type of agriculture considered: for example greater overlap with important areas 
for biodiversity is generally associated with low intensity agriculture (e.g. forage rather than 
cropping; Chan et al., 2006, O’Farrell et al., 2010). This suggests that while generalizations can be 
made from ecosystem service assessments, it is important to appropriately account for the local 
context. 
4.5.4 Conclusion 
We present a comprehensive application to identify potential synergies and conflicts between 
ecosystem services in the EMRP area and reveal important policy implications by analyzing future 
scenarios of land use. Methodological advances such as the spatial data analyses adopted here can 
partly overcome data limitations and help improve policy planning and implementation in data 
limited contexts. Through simultaneously valuing and analyzing a range of ecosystem services, our 
study suggests that the provision of ecosystem services may be improved by targeted land 
management activities that enhance biodiversity and carbon emissions reduction outcomes, rather 
than focusing only on reforestation and peat restoration. Such activities would provide greater 
incentive for local smallholder, commercial, and government actors. The results reveal the 
shortcomings of blanket policies and incentives that do not explicitly consider local scale trade-offs 
and that transparent decision making frameworks will be required to ensure land and resource 
management is effective, efficient, and equitable.  
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Chapter 5: Providing context for the land-sharing and land-
sparing debate 
Published as: Law EA, and Wilson KA (In press) Providing context for the land-sharing and land-
sparing debate. Conservation Letters. 
5.1 Abstract 
Agricultural and environmental policies that encourage multifunctional landscapes are referred 
to as land-sharing or land-sparing, which focus on integration or specialisation of land use 
objectives, respectively. Numerous assessments of the preferences for either policy exist, but 
systematic evaluation of the impact of landscape or decision contexts has not been performed. We 
assess the impact of multiple contextual parameters using a simple model of landscape change. Past 
emphasis on different types of species appears warranted, but also important in determining 
preferences are the proportion of the landscape initially allocated to agriculture, the management 
intentions for spared land, crop types, and level of policy effectiveness. Variations in objective and 
decision criteria were less important but still altered the policy preferences under some 
circumstances. We provide foundational evidence that context warrants explicit inclusion in 
assessments of agricultural and environmental policy. Our approach is broadly applicable, but 
generalizations should still be made with caution. 
5.2 Introduction 
The world’s population may exceed 9.6 billion by 2050 (Tilman et al. 2011). Feeding and 
providing livelihoods for this growing and increasingly affluent population represents a global 
challenge. Concurrently biodiversity continues to decline (Thomas et al. 2004), with species 
extinctions occurring in both recently disturbed areas and areas with a long history of anthropogenic 
disturbance (Butler et al. 2007). Multiple objectives are increasingly sought from agricultural 
landscapes, but land scarcity is forcing trade-offs between provision of food and conserving 
biodiversity. 
How can agricultural landscapes be most effectively managed to capitalize on and enhance this 
multifunctional capacity? Contrasting land-use policies to achieve this are referred to as land-
sharing (e.g. agri-environment schemes, organic agriculture, environmental certification) or land-
sparing (e.g. biodiversity offsets, or agricultural subsidies in combination with protected areas; 
Figure 5.1; Baudron and Giller 2014; Phalan et al. 2011a). While there are parallel debates in 
Chapter 5 117 
forestry and urban settings, and for diverse ecosystem services, much of the focus has been on 
biodiversity in agricultural land-uses as presented in the seminal paper by Green et al. (2005). 
Green et al. (2005) present a simple model with two baseline land-uses (natural area and 
agricultural production), two hypothetical species types (displaying a concave and convex 
relationship between abundance and yield), and the objective of maximizing biodiversity for a 
given level of production. They conclude that when the biodiversity-yield trade-off is concave a 
sharing strategy is optimal, and conversely, when convex, a sparing strategy gains preference. The 
models of Green et al. (2005) have catalyzed a body of scientific discourse and evaluations of the 
preference and validity of land-sharing and sparing policies (e.g. Chappell et al. 2009; Fischer et al. 
2014; Fischer et al. 2011; Fischer et al. 2008; Matson and Vitousek 2006; von Wehrden et al. 
2014). 
Evaluations of “context” have predominately focused on variation of species types (Appendix J) 
and describing biodiversity patterns across gradients of agricultural intensity (Hulme et al. 2013; 
Macchi et al. 2013). These studies have identified species types that are either advantaged or 
disadvantaged under increasing agricultural intensity, and those that prefer intermediate levels of 
production (Hulme et al. 2013; Phalan et al. 2011b; Steffan-Dewenter et al. 2007). Other potentially 
important contextual features have been rarely considered (Appendix J; Loos et al. 2014) and 
multiple contextual parameters have not been systematically varied (Appendix J). As confounding 
variables hinder comparisons between studies (Ferraro 2009), the most important and influential 
variables are therefore unable to be identified. 
While case study characteristics will determine which contextual parameters are relevant (for 
example by specifying the baseline and future land-use options), other options are likely to be more 
generic, such as whether a diversity of land-uses are considered, whether multiple species or crop 
types are included, the analysis objectives, and the criteria employed to evaluate decisions (Table 
5.1). Here we employ a simplified model of landscape change and conduct the first systematic 
variation of multiple contextual parameters to identify those that influence preferences for land-
sharing and land-sparing policy. 
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Figure 5.1. Comparison of land-sharing and land-sparing strategies in a biodiversity-agricultural 
production trade-off. Starting from baseline land-uses, land-sharing involves actions that increase 
the biodiversity value of agricultural land, but can also reduce the agricultural yield. To maintain a 
constant amount of total production, area under agriculture would likely need to increase. Land-
sparing involves increasing yield in agricultural lands. In some cases this can reduce the 
biodiversity value of agricultural land, but the area of land required under agricultural production to 
produce a certain level of total production can decrease, allowing land to be “spared” (Appendix K). 
The two baseline land-uses and three future land-use options for spared land combine to form five 
“land-use scenarios”. 
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5.3 Methods 
We conducted a targeted literature review to determine the extent to which different contexts 
have been incorporated into land-sharing and sparing research. We reviewed all papers recorded on 
the Web of Science citing the seminal paper of Green et al. (2005). We caution this review is not 
systematic or comprehensive, but rather provides a brief overview of relevant literature. Full details 
are provided in Appendix J. 
Our simple model determines total biodiversity value and total production as an aggregate of the 
scores from different land uses in each contextual scenario, and indicates a preference for land-
sharing, land-sparing, the baseline condition, or a combination of these options (Appendix K). The 
model is initiated with two baseline land-uses (“agriculture” and “other”), and varies the proportion 
of the landscape initially allocated to agriculture. Under a land-sharing policy “agriculture” is 
converted to “low-impact agriculture”. Under land-sparing some “agriculture” is converted to 
“high-yield agriculture” and some is “spared”. We assessed three management options for “spared” 
land, and two options for the baseline “other” land-uses, which combine to form five land-use 
scenarios (Figure 5.1). Land-use scenarios 1 and 2, in which “other” is pristine, and “spared” is 
either pristine or restored, are commonly evaluated in the literature (referred to herein as “classic”; 
Macchi et al. 2013). In contrast, scenarios involving degraded areas (scenarios 3 to 5) have rarely 
been addressed. Given these scenarios, we systematically varied assumptions regarding policy 
effectiveness, species and crop types, objectives, and decision criteria. All parameters are defined in 
Table 5.1 and further explained in Appendix K. 
We parameterized our model based on the Ex-Mega Rice Project (EMRP) area of Central 
Kalimantan, Indonesia. This region is a high priority for both economic development and 
environmental restoration, and questions of whether land should be shared or spared are pertinent 
(Law et al. 2015). We defined six landscape contextual parameters using values specific to the 
EMRP landscape and two parameters related to the decision context (i.e. the objective and decision 
criteria; Table 5.1). Values for biodiversity and yield for different baseline land-uses, crop types, 
and species types were taken from Law et al. (2015; Table 5.2). Estimates for policy effectiveness 
(i.e. the expected impacts on biodiversity and yield within different land uses occurring due to 
variations in policy implementation and the social and biophysical characteristics of the system) 
were derived from an expansive literature review (i.e. not limited to the targeted review based on 
Green et al. 2005; Appendix L), and captured three possibilities for the relative impacts on 
biodiversity and yield (Table 5.1; Figure 5.2).  
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We assessed how well a generalized parameter set could reflect the outcomes of the EMRP 
specific parameter set to test the potential utility of our analysis method for application in other 
landscapes. This second parameter set generalized the EMRP specific categories into numeric 
variables: three variables in common with the EMRP categories (proportion of the landscape 
initially allocated to agriculture, objective, and decision criteria), two metrics of species response to 
changes in agricultural intensity, and two indicators of landscape context (Table 5.1). 
We examined the importance of contextual variation by applying random forests of conditional 
inference trees. This ensemble recursive partitioning method outperforms simpler partitioning 
methods when discerning the contribution of explanatory variables that exhibit correlations, 
interactions, or are a mixture of categorical and continuous variables (Strobl et al. 2008; Strobl et 
al. 2007). We included 500 trees in each forest, evaluating three parameters at each split, and 
bootstrapped using 10 random subsets of the data (n=3,000 for both the EMRP and generalized 
parameter sets). We compared the results with those derived from subsets of the data including only 
the “classic” scenarios (i.e. scenarios 1 and 2, random subset n=1200). Further details are available 
in Appendix M. 
We conducted all model analyses in R (R Core Team 2012) including the contributed packages 
“party” (Strobl et al. 2008; Strobl et al. 2007) and “plotrix” (Lemon 2006). The programming code 
for the land-use model is provided in the Supplementary Materials of the publication version of this 
Chapter. 
 
 
Figure 5.2. Three possibilities surrounding the expected impacts of policy (A, B and C) on 
biodiversity and yield employed in the simple model of landscape change. A has improvement of 
one objective, and no impact on the other; B has improvement of one objective, and a negative 
impact on the other; and C has a large improvement of one objective, and a negative impact on the 
other. Values were derived from expansive literature review (Appendix L), and ‘biodiversity value’ 
is a metric that reflects the abundance of different species types.  
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Table 5.1. Contextual parameters varied in the simple model of landscape change, and parameters 
derived from these for use in the generalized analysis. 
Contextual 
parameter 
Characteristics 
Baseline non-
agricultural land-uses  
“Other” land-use 
“Pristine” (natural areas, for example primary forest), or “degraded” (due 
to land abandonment) 
Proportion of the 
landscape initially 
allocated to 
agriculture 
Baseline 
P(agriculture)  
Varied from 0 to 100%. The production expected from this initial 
proportion determines both the ‘production target’ (cf. Green et al. 2005), 
as well as the target for biodiversity value. 
Management 
intentions for spared 
land 
Spared land-use 
Spared land is (1) initially “pristine”, and remains “pristine”, (2) initially 
cleared and is “restored”, or (3) is abandoned and becomes “degraded”. 
Level of policy 
effectiveness 
Policy effectiveness 
The expected impacts on biodiversity and yield within different land uses, 
which occur due to variations in policy implementation and the social and 
biophysical characteristics of the system. We represent impacts by a 
modifier of the yield and biodiversity outcomes per unit of land (Figure 
5.2). 
Land-sharing: The biodiversity value of agricultural land is increased 
although the level of increase will vary, and under some circumstances a 
yield penalty could be incurred (Figure 5.2). 
Land-sparing: Higher yields are derived from agricultural land although 
the level of increase will vary, and under some circumstances the 
biodiversity values is reduced (Figure 5.2). 
Crop types Smallholder agriculture and oil-palm are included for the EMRP 
parameter set, which have a baseline value of one unit of yield per unit of 
land, and have different initial values for biodiversity, depending on 
species types. 
Species types For the EMRP parameter set species types (modeled on primate species) 
were classified as “sensitive”, “moderate”, and “tolerant” of agricultural 
production. This category set the base level of abundance per unit area for 
each land use type. 
Objective Either maximize total production while maintaining total biodiversity 
value constant, or maximize total biodiversity value while maintaining 
constant total production. 
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Total production is defined as the aggregate yield from agriculture. Total 
biodiversity value is defined as the aggregate value of the biodiversity 
metric (reflective of the abundance of the species type specified) across 
both agricultural and non-agricultural land uses. Both yield and 
biodiversity value scale linearly with area. 
Decision criteria Pareto: Outcomes are improved for at least one objective, while not 
negatively impacting others (Farrow 1998). If the ‘maintain’ constraint is 
not achieved under this criterion the outcome defaults to zero (reflecting 
an unacceptable solution). Otherwise, outcomes for agriculture and 
biodiversity are aggregated (as potentially both objectives are improved), 
here assuming parity of units of biodiversity value and agricultural 
production. 
Kaldor-Hicks: Potential gains can compensate for potential losses, yet 
overall performance improves (Stavins et al. 2003). Under this criteria 
outcomes for agriculture and biodiversity are aggregated, assuming parity 
of units of biodiversity value and agricultural production. 
Convexity score 
 
 
 
 
For sharing: the difference between the biodiversity value for low impact 
agriculture, and that expected for the respective yield level given a linear 
biodiversity-yield relationship between baseline agriculture and pristine.  
For sparing: similarly, the difference between the biodiversity value 
obtained and expected for high yield agriculture  
Scores greater than zero indicates a concave relationship and values less 
than zero indicates a convex relationship; Appendix M, Figure M1). 
Biodiversity gain from 
sparing 
The difference in the biodiversity value per unit of spared land and 
baseline agricultural land use. 
Biodiversity loss from 
other 
The difference in biodiversity value per unit of the baseline non-
agricultural land use and baseline agricultural land use. 
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Table 5.2. Values for biodiversity and yield for different baseline land-uses, crop types, and species 
types included in the simple model of landscape change.  
 Species types Agricultural production 
Land-use and crop types Sensitive Moderate Tolerant Yield 
Pristine (other/spared) 1 1 1 0 
Degraded (other/spared) 0.1 0.3 0.4 0 
Restored (spared) 0.6 0.7 0.9 0 
Smallholder agriculture (agricultural) 0.2 0.4 0.6 1 
Oil-palm (agricultural) 0.1 0.2 0.3 1 
 
5.4 Results 
Of the 362 papers that cite Green et al. (2005), 26 considered the relationship between 
biodiversity and agricultural yield or profit (Appendix J). These explicitly compared land-sharing 
and sparing policies using modeling (n=23), or theoretical analysis (n=3). A further 122 papers 
analyzed biodiversity metrics over multiple land-use scenarios (mostly gradients of agricultural 
intensity), but did not simultaneously consider the impacts on agricultural yield or profit. 
Our random forest model results show high prediction accuracy when using EMRP specific 
context variables (92%; Figure 5.3). The proportion of the landscape initially allocated to 
agriculture was the most important parameter, followed by the management intentions for spared 
land, and variation in policy effectiveness, crop type, baseline non-agricultural (“other”) land-uses, 
and species types (Figure 5.3; Appendix N). Increased preference towards land-sparing was 
associated with higher proportions of the landscape initially allocated to agriculture, crop types with 
a greater impact on biodiversity (oil-palm in this case), “pristine” baseline non-agricultural land-
uses when spared land remained in this state, and species sensitive to agriculture (Figure 5.4, 
Appendix N). While both objectives resulted overall in preferences for land-sparing, land-sharing 
was associated slightly more with an objective to maximize biodiversity (Figure 5.4). A Pareto 
decision criterion increased the incidence of both land-sparing and land-sharing policies performing 
worse than baseline conditions (Figure 5.4). Altering either the decision criteria or objective alone 
led to a change of preference in 8% and 16% of the landscape contexts respectively (Appendix N). 
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When context parameters were generalized the prediction accuracy remained high (97%; Figure 
5.3) indicating that the complex interactions captured by the EMRP specific categories were also 
captured by the generalized variables. The proportion of the landscape initially allocated to 
agriculture was again the most important parameter, followed by the landscape context indicators 
(biodiversity gain from sparing and loss from non-agricultural land-uses; Figure 5.3). A greater 
preference towards land-sharing was observed for the most tolerant species types (with the lowest 
convexity index scores), and landscapes with the least biodiversity to lose from the baseline non-
agricultural land-use or the least to gain from sparing (Figure 5.4). 
Results from classic scenarios (1 and 2) were not reflective of the wider variety of possible 
contexts. Species type and convexity score parameters increased in importance, while the 
importance of variables describing land-use contexts diminished (Figure 5.3). For example, in 
initially degraded landscapes (scenarios 3 and 5), sparing was preferred less often than in the classic 
land-use scenarios (scenarios 1 and 2; Appendix N). This was particularly the case when the 
objective was to maximize biodiversity in scenario 3, or when a Pareto decision criterion was 
implemented in scenario 5 (Figure 5.4; Appendix N). Consideration of a wider array of contexts 
highlighted a number of cases where no policy was superior or the baseline condition was preferred, 
particularly for scenarios 4 and 5 with oil-palm cropping (Figure 5.4; Appendix N). 
5.5 Discussion  
The land-sharing and land-sparing debate requires an understanding of the trade-off between 
agricultural production and biodiversity (Green et al. 2005), and the biodiversity value of spared 
land. However, after almost a decade of research since the seminal work of Green et al. (2005), 
only 26 of the 362 papers (2.5%) we reviewed explicitly considered these relationships. Of these, 
only nine included comparisons of sharing and sparing that formally included spared land (e.g. set-
asides). Further, while differences in context have been identified to influence preference towards 
land-sharing or land-sparing policies (Baudron and Giller 2014; Grau et al. 2013), the majority 
(81%) of papers we reviewed varied at most two contextual parameters (with a focus on species 
type; Appendix J). We provide the first systematic assessment of the influence of eight contextual 
parameters in a model landscape. Further, while detailed studies such as Brady et al. (2012) are 
useful within their respective contexts, developing recommendations from specific cases will be 
hampered by confounding variables. We developed a generalized parameter set that performed as 
well as a set specific to our case study region, suggesting that application of our analysis method to 
other landscapes is possible.  
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Figure 5.3: Importance ranking of context variables from conditional inference random forest 
models for the (a) EMRP and (b) generalized parameter sets. Light gray indicates the models 
specified using the full data, whereas dark gray show models for land-use scenarios 1 and 2 only. 
Variable importance is derived from 10 bootstrap replicates, and is scaled relative to the maximum 
importance within each model and parameter set (a score of zero being of no importance, 1 as most 
important, with boxplots showing mean, interquartile ranges, and outliers). The mean accuracy of 
the random forest models (for predicting results of the simplified model of landscape change) were 
92% and 91% for the full and subset EMRP specific categories, and 97% and 98% for the full and 
subset generalized parameter sets respectively. 
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Figure 5.4: Proportion of outcomes of the simplified model of landscape change, by policy 
preference for (a) EMRP parameter set, (b) variables shared between EMRP and generalized 
parameter sets, and (c) the generalized parameter set. Gray bars represent all land-use scenarios and 
the black bars indicate the subset composed of land-use scenarios 1 and 2. The width of the bar (for 
categorical variables) or height of the bar (for continuous variables), indicate the relative proportion 
of the outcomes that were allocated to each policy preference within the respective contextual 
category. ‘Even’ includes cases where both land sharing and land sparing are equal, and improve on 
the baseline (‘base’); ‘None’ includes where all policy options, including the baseline, give 
equivalent results.  
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Our results suggest contextual parameters other than species type are potentially more important 
determinants of whether land-sharing or land-sparing is preferred. The development history (e.g. the 
proportion of the landscape initially allocated to agriculture) determines the baseline level of 
biodiversity and agricultural production, yet few studies address this important source of variation. 
Our results show an increased preference for sparing when the proportion of agricultural land is 
high likely reflecting the disproportionate amount of biodiversity often found within remnant native 
fragments in such landscapes (Egan and Mortensen 2012). While land-sharing has a large area of 
opportunity to benefit biodiversity in these same landscapes, when land availability is finite there 
are limited opportunities for agriculture to expand to compensate for yield foregone. The 
effectiveness of land-sharing and land-sparing policies will vary (Baudron and Giller 2014), and 
policy effectiveness was an important parameter in our study, but over half of the studies reviewed 
have not accounted for this. Crop type was considered in few studies reviewed (<20%), but was one 
of the most important parameters in our analysis. A preference for land-sparing was associated with 
higher impact crops, aligning with results of earlier studies (Anderson-Teixeira et al. 2012; Macchi 
et al. 2013). A broader spectrum of land-use scenarios also warrant further investigation, as we 
found the classically invoked scenarios are not representative of contexts including abandoned and 
degraded land management. 
Our targeted literature review revealed that policy objectives were typically not made explicitly, 
though often were equivalent to maximizing biodiversity (Appendix J). Similarly, decision criteria 
were often not employed and never explicit, though a Pareto criterion was implied by several 
studies analyzing threshold targets or production-possibility frontiers. Both the maximize 
biodiversity objective and Pareto decision criteria slightly increased the preference for land-sharing 
or baseline conditions in our study. The Kaldor-Hicks criterion is common in policy evaluation, but 
assumes that one objective could be completely sacrificed if there were commensurate gains in the 
other (Stavins et al. 2003). A Pareto decision criterion is perhaps more appropriate in the case of 
conservation as it preserves the independent value of each objective, which may accrue to different 
stakeholders (Farrow 1998). 
Overwhelmingly we found a preference for land-sparing across most contexts for our case study 
system, in particular if yield improvements could be gained without reducing biodiversity, or if 
management of spared land improves biodiversity value above other non-agricultural land uses. 
This is likely due to the relatively low divergence in yields, but high divergences in biodiversity 
between land-uses, particularly given many species in this region are relatively sensitive to forest 
loss (Edwards et al. 2010; Foster et al. 2011). However, we also reiterate the emphasis made by 
other authors that demand thresholds of yield and biodiversity need not be immutable, and problems 
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of food scarcity, biodiversity decline, and economic development can be approached through a 
diversity of policy instruments that may not be readily aligned with a simple dichotomous land 
sharing – land sparing framework (Balmford et al. 2005; Fischer et al. 2014; Loos et al. 2014). 
Further, the assumption that yield increases will be coupled with sparing strategies may not hold in 
reality (Chappell et al. 2009; Fischer et al. 2014; Fischer et al. 2011; Fischer et al. 2008; Matson 
and Vitousek 2006). Land sparing in particular may be associated with displacement of agricultural 
activity and increases in land rents associated with the “Jevons Paradox” (Angelsen and Kaimowitz 
2001; Ceddia et al. 2013; Hertel et al. 2014). 
We have not accounted for the full scope of variation in the parameters employed or all 
potentially important variables. For example, land-use patterns (Henderson et al. 2012) and 
interactions between land-uses and species are likely to be important (Butsic et al. 2012; 
Mendenhall et al. 2014; Shapira et al. 2008), as may spatial and temporal heterogeneity (Macchi et 
al. 2013; Mahood et al. 2012; Maskell et al. 2013; Piha et al. 2007; von Wehrden et al. 2014), 
different decision makers (Barraquand and Martinet 2011; Brady et al. 2012), inclusion of 
uncertainty (Johnson et al. 2012), and the possibility of leakage (Fischer et al. 2014). Land-sparing 
and sharing is also perceived differently depending on the scale (for instance set-asides on private 
farmland may be considered sparing at local scales, and sharing at regional scales), and land 
management applied at different scales may have non-linear costs and benefits (Fischer et al. 2014). 
Furthermore, policy preference will be highly dependent on the governance systems, institutional 
capacity to support implemented policies, and social preferences for these (Angelsen and 
Kaimowitz 2001; Ceddia et al. 2013; Meijaard et al. 2013). 
Analysis of the impact of contextual parameters, when undertaken in conjunction with an 
analysis of landscape heterogeneity, will provide greater clarity on the extent to which preferences 
for land-sharing or sparing are due to contextual details or heterogeneity in and of itself. This is 
particularly important when considering alternative definitions of ‘biodiversity value’. In this study 
we used a simplistic, aspatial metric for biodiversity (reflecting the abundance of a particular 
species type that responds linearly with increasing area). In reality the concept of biodiversity is 
much more complex, and the relationship with area might be non-linear and saturate (e.g. species 
richness) or be dependent on site characteristics (e.g. composition). Use of different definitions (or 
‘metrics’) of biodiversity is likely to result in different outcomes (von Wehrden et al. 2014), and 
results of simple metrics may not necessarily be aggregated to capture outcomes for biodiversity 
that are a function of spatial or temporal heterogeneity. For instance, complementarity-based 
metrics have generally favored sparing strategies (Appendix J), but this result could be driven by 
certain species requiring the benefits of spared land, rather than sparing performing better for all 
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species in complex landscapes. This emphasises the importance of constructing and evaluating 
contextual variables (for biodiversity, but also other features) that are most relevant to the case 
study system before drawing inferences of preference. 
5.6 Conclusions 
Whether land sharing or land sparing is preferred in different locations in determined by 
numerous contextual features beyond the sensitivity of species to changes in land use intensity. The 
model of landscape change that we have developed and applied is a simple tool to determine the 
impact and importance of different contextual features on the preference for land-sharing and land-
sparing. This first systematic analysis of the role of context in determining preferences improves the 
basic knowledge of contextually-dependent policy impacts that underpin land-use planning and 
management. 
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6.1 Abstract 
Land sparing and land sharing are contrasting strategies often aimed at improving both 
agricultural production and biodiversity conservation in multifunctional landscapes. While land 
sparing pursues a separation and specialisation of land use objectives (typically conservation and 
production), land sharing aims for integration of these. These strategies are embodied in land 
management policies at local to international scales, commonly in conjunction with other land-use 
policies. Evaluation of these strategies at a landscape scale, for multiple ecosystem service benefits, 
and multiple elements of biodiversity has not previously been attempted. We simulated the effects 
of applying land sharing and land sparing strategies to the agricultural zones designated by four 
future land-use scenarios (reflecting both current land-use and prospective land-use plans) in the 
Ex-Mega Rice Project region of Central Kalimantan, Indonesia. We assessed impacts of each 
strategy on biodiversity, agricultural production, and other ecosystem service benefits at a 
landscape scale. We examined whether it was possible to achieve predetermined targets that reflect 
the aspirations and entitlements of diverse stakeholder groups. We found that the prospective land-
use plans for the region would deliver considerably more benefit than the current land-use 
allocations, and while not all targets can be achieved, additional progress could be made with 
reasonable and realistic levels of land sharing or sparing. We found that species and forest types 
sensitive to agricultural disturbance could benefit most if land in agricultural zones was spared and 
prioritised for conservation. Conversely, land sharing strategies favoured the more widespread and 
common species, particularly if the area of wildlife-friendly agriculture is increased. However, the 
effectiveness of agricultural-focused land management strategies is inherently limited by the extent 
of agricultural zones. While agricultural land sparing and sharing strategies can deliver some gains 
in target achievement for multiple ecosystem services, we find that they have a limited effect over 
the benefits achieved by implementing better land-use allocation from the outset.  
Chapter 6 134 
6.2 Highlights 
• We evaluated the ability of multifunctional landscapes to satisfy diverse stakeholders. 
• No land-use scenario met all targets, with the poorest performance from the current 
land-use allocation. 
• Land sharing improves outcomes for common species tolerant of agriculture. 
• Adequate areas of targeted land sparing can conserve rare, agriculture-sensitive 
biodiversity. 
• Strategies to share or spare agricultural land are no substitute for improved land-use 
allocation. 
6.3 Introduction 
Increasing global population and changing consumption patterns, particularly toward animal 
protein and commodities such as soy and palm-oil, have led to suggestions that food production 
may need to double by 2050 (Tilman et al., 2001; Phalan et al., 2014). This increases pressure for 
intensification and expansion of agricultural land use and management (Stavins et al., 2003; 
Balmford et al., 2005; Pirard and Belna, 2012; Laurance et al., 2014), which is cumulatively 
reducing the viability of natural ecosystems and their ability to support biological diversity and 
ecosystem services (Strobl et al., 2008; Laurance et al., 2014; Phalan et al., 2014; Renwick et al., 
2014). Managing the underlying production-biodiversity trade-off is becoming an increasingly 
complex issue in both developing and advanced economies where sustaining or developing the 
economics, culture, and ecology of agricultural landscapes ranks high among both social and 
political priorities (Hamblin, 2009; Bekessy et al., 2010). 
Land sparing and sharing represent the endpoints of a spectrum of agricultural land management 
strategies with a focus on, respectively, specialization and integration of conservation and 
production (Fischer et al., 2014), in order to improve both agricultural production and biodiversity 
conservation across agricultural landscapes (von Wehrden et al., 2014). Both strategies can be 
effective given appropriate contexts (Martinet and Barraquand, 2012; Cunningham et al., 2013; 
Phalan et al., 2014), and decision makers need to determine which strategy is preferable in specific 
applications, or if alternative approaches, such as better land use planning from the outset, demand 
management, or addressing inefficiencies in food processing, distribution, and consumption, may 
better achieve their land-use objectives. 
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Land sparing takes a specialization approach, and is based on the assumption that primary 
habitats are (usually) the most species-rich (Gibson et al., 2011; Laurance et al., 2014), and harbour 
species which are intolerant of disturbance (Chazdon et al., 2009). Sparing hinges on land 
allocation, specifically setting aside land primarily for biodiversity conservation (Chandler et al., 
2013; Lindenmayer and Cunningham, 2013), coupled with intensification of agriculture in 
remaining production areas (Green et al., 2005; Fischer et al., 2008; Phalan et al., 2011a; Phelps et 
al., 2013). Agricultural intensification is often assumed to occur via actions that may negatively 
impact on biodiversity and other non-market environmental and societal values (Phalan et al., 
2014). For example, this can occur through reduced or altered habitat diversity (e.g. monocultures 
or irrigation; Koh et al., 2009; Cunningham et al., 2013), or as a result of pollution associated with 
inappropriate use of fertilizer and pesticides (Green et al., 2005). These actions can often lead to 
complex off-site environmental and social impacts (Castella et al., 2013; Cunningham et al., 2013). 
In contrast, land sharing is an integrative approach, defined as making production land more 
conducive to biodiversity conservation, often at a cost of reduced yield (Lindenmayer and 
Cunningham, 2013). Land sharing provides an alternative to the conventional ‘protected area’ 
model of biodiversity conservation —which may be limited by the availability of pristine areas for 
conservation, particularly in developed regions (Troupin and Carmel, 2014). Land sharing 
capitalises on the opportunities for conservation in the matrix, particularly of species tolerant of 
disturbance (Polasky et al., 2005; Polasky et al., 2008; Wilson et al., 2010; Troupin and Carmel, 
2014). Land sharing includes a variety of methods to increase the heterogeneity and multi-
functionality of farming systems (Green et al., 2005; Macchi et al., 2013), as well as reducing 
harmful impacts of fertilizers, pesticides, and other on-farm activities (Kremen and Miles, 2012; 
Mahood et al., 2012; Mendenhall et al., 2014a; Villoria et al., 2014). However, if land sharing 
results in a reduction in agricultural efficiency and production, it may cause economic costs to 
agricultural stakeholders (Kremen and Miles, 2012; but see Clough et al., 2011). Further, if food 
demand cannot be reduced (nor efficiencies gained in processing, distribution, or consumption), 
land sharing could require additional land to be allocated to agriculture as compensation for 
declines in yield, or demand will need to be satisfied from elsewhere. 
Recently there have been several syntheses of the efficacy of land sharing and land sparing 
strategies (Phalan et al., 2011a; Balmford et al., 2012; Grau et al., 2013). However, only a few 
studies have undertaken such comparisons over entire landscapes consisting of multiple agricultural 
types and other land uses (for examples see: Hodgson et al., 2010; Phalan et al., 2011b; Chandler et 
al., 2013), for multiple ecosystem services (for examples see: Anderson-Teixeira et al., 2012; 
Lusiana et al., 2012; Mendenhall et al., 2013a), or under different plausible land-use scenarios. 
Chapter 6 136 
Literature promoting land sharing has generally focused on site-by-site comparisons (Kremen and 
Miles, 2012), while literature supporting land sparing strategies has focused on broad patterns 
across gradients of agricultural intensity, but otherwise no spatial considerations (Green et al., 
2005; Phalan et al., 2011b). Landscapes are typically heterogeneous, with variability in production 
potential, and in environmental and social values due to unique combinations of environmental, 
social, and historical contexts (Fahrig et al., 2011; von Wehrden et al., 2014). This heterogeneous 
nature of landscapes means that solutions that consider the whole landscape may not necessarily be 
a simple sum of the parts (Seppelt and Voinov, 2002; von Wehrden et al., 2014). There has also 
been much interest in integrating multiple objectives for ecosystem services into land sharing and 
land sparing evaluations (e.g. Fischer et al., 2008; Benayas and Bullock, 2012; Tscharntke et al., 
2012), and despite advances in ecosystem service modelling (Nelson et al., 2009; Maes et al., 2012; 
Bagstad et al., 2013), this has not yet been achieved.  
Integrating multiple goals in land-use planning requires an objective way to compare outcomes 
for multiple stakeholders. Threshold-based targets represent a simple way to objectively quantify 
planning objectives relative to stakeholder demand (Carwardine et al., 2009; Segan et al., 2010), 
and to compare outcomes using the common metric of per cent target achievement. Such targets 
may reflect stakeholder aspirations, such as biodiversity targets expressed in international 
conventions (CBD, 2010). Alternatively, targets may reflect current entitlements, such as the 
economic returns expected from current oil-palm or timber concessions. No ideal method for target-
setting exists and the process is often limited by available data (Rondinini and Chiozza, 2010), 
notwithstanding the issues of subjectivity, inaccuracy, and uncertainty (Di Minin and Moilanen, 
2012). Assessments of target achievement can however be useful for multi-objective land-use 
planning (Rondinini and Chiozza, 2010; Runting et al., In press), particularly if used to assess the 
implications of target achievement on other objectives (Bryan et al., 2011). Policy evaluations 
should also consider effectiveness in relation to a specified baseline (the land use trajectory in the 
absence of policy application; Ferraro, 2009). Therefore, it is prudent to compare impacts of land 
sharing and sparing strategies given the constraints of current land-use allocations and also 
proposed land-use plans. 
In this paper we analyse the potential to achieve predetermined targets for diverse stakeholders 
in the Ex-Mega Rice Project area of Central Kalimantan, Indonesian Borneo, given alternative land-
use scenarios. This region is a high biodiversity area with substantial pressures for economic and 
agricultural development, as well as a globally important area for reducing carbon emissions from 
land use (Page et al., 2002; Ballhorn et al., 2009; Hooijer et al., 2010; Bos et al., 2013). 
Development of the region concerns diverse stakeholder groups, and the potential for objectives for 
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the region to be in conflict results in a complex land-use planning problem (Law et al., 2015). We 
assess the level of target achievement for 14 biodiversity and four ecosystem service features, 
across five land-use types, under four land-use scenarios. Two land-use scenarios are based on 
current land-use patterns and existing concessions, and two are prospective land-use plans for the 
region. Given these land-use scenarios, we determine which features can reach or exceed the targets 
and also quantify any shortfall in target achievement. We then evaluate six different land sharing 
and land sparing strategies applied to the agricultural zones designated under each land-use 
scenario, to test the extent to which they might improve the attainment of targets while working 
within the constraints imposed by each land-use scenario. 
6.4 Methods 
6.4.1 Study region 
The Ex-Mega Rice Project area of Central Kalimantan (referred to herein as the case study 
region; Figure 6.1) has recently been a focus of agricultural development and landscape carbon 
planning and management. The 1.4 million hectare region was subject to an agricultural self-
sufficiency and development policy implemented from 1996-1998 that led to the clearance or 
degradation of almost one million hectares of tropical lowland peat swamp forest, the creation of 
4,000 km of canals for drainage and irrigation, and transmigration of over 15,000 families to the 
area (Page et al., 2009). The project failed to achieve its agricultural objectives, with subsequent 
agricultural land abandonment and on-going degradation resulting in considerable negative 
consequences for hydrology, peat subsidence, and carbon emissions (Wosten et al., 2008; Hooijer et 
al., 2010). Tropical peat swamp forests are highly threatened (Posa et al., 2011) and important for 
conservation of the Bornean orang-utan (Pongo pygmaeus; Meijaard, 1997; Morrogh-Bernard et al., 
2003) and other taxa (Yule, 2010; Posa, 2011). Currently the case study region is 38% forest, 50% 
degraded land (including cleared, drained, and abandoned areas), and 12% agriculture (Figure 6.1). 
Oil-palm (Elaeis guinensis) plantation concessions cover 29% of the region, but as of 2008 only a 
third of these have been planted. Agriculture is the predominant form of income in most of the 
region, however yields are generally low compared to provincial or national averages. In 2005, 
poverty rates exceeded 36% across the region and up to 75% in some transmigrant villages (de 
Groot, 2008). Recent land-use plans and policies call for the expansion and development of 
agriculture, including oil-palm, both within the case study region and Indonesia as a whole, ideals 
which sit uneasily alongside potentially conflicting goals of carbon emission reduction and 
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conservation of remaining peat and biodiversity (Euroconsult Mott MacDonald et al., 2008; Jakarta 
Post, 2009; Obidzinski and Chaudhury, 2009; Meijaard, 2014). 
 
Figure 6.1. Location of the study region, administrative blocks, and current land use and land cover 
 
6.4.2 Potential value of ecosystem service benefits 
We identified relevant ecosystem services and threshold-based targets reflecting local, national, 
and international policy goals of associated stakeholders (Table 6.1). Key stakeholders and services 
were identified from key recent policy documents and reports, including the Presidential Instruction 
No. 2/2007 on Rehabilitation and Revitalization of the Ex-Mega Rice Project Area in Central 
Kalimantan (INPRES 2/2007), and the subsequent “Master Plan for the Rehabilitation and 
Revitalisation of the Ex-Mega Rice Project Area in Central Kalimantan” (Euroconsult Mott 
MacDonald, 2008). We characterized ecosystem services as primarily benefiting the local 
community (production from smallholder agriculture), industrial operators (profit from oil-palm 
plantations and from timber production from government-licensed forestry concessions), or the 
global community (carbon emission mitigation and conservation of 14 biodiversity features). We 
established the baseline value of benefit (current benefit levels) for each ecosystem service from 
each 100 hectare parcel of land given the land use and land cover as of 2008, the date of the most 
recent available comprehensive data (for both land cover and financial returns) across the region. 
Methods for spatial valuation of each ecosystem service are detailed in Law et al. (2015) and 
summarized below. 
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Table 6.1. Ecosystem service benefits, targets and contributions of each land use to target achievement. Derivation of targets described in Appendix O. 
Ecosystem service Smallholder 
agriculture 
Oil-palm Timber Carbon emissions 
reduction 
Biodiversity conservation 
Primary beneficiaries Local community Industrial or commercial operators Global community 
Target description Adequate to 
support projected 
population growth 
above the poverty 
level, and aligned 
with economic 
growth targets 
Potential value 
in existing oil-
palm 
concessions 
Potential value 
under full 
forestry 
development 
zoned by current 
regulatory plan 
(INPRES 
2/2007) 
Aligned with 
Indonesian national 
greenhouse gas 
emission reduction 
goals 
Aligned with the Convention 
on Biological Diversity 
‘Aichi targets’ (17% of 
original forest area; 
stabilisation of threatened 
species; no increase in threat 
status for non-threatened 
species) 
Target value $160,157,600 $1,285,296,509 $ 35,916,457 11.87 Gt See appendix O. 
Benefit metric (per planning unit) Annual expected 
net profit 
25 year NPV 40 year NPV Potential cumulative 
emissions reduction 
over 40 years  
An abundance-based metric 
for each species and extent 
of each forest  
Land use Description Contribution of each land use to each target  
Smallholder 
agriculture  
Allocation to 
smallholder 
agriculture  
100% 0% 0% 
Variable across 
planning units 
Variable across planning 
units 
Oil-palm  Allocation to 
commercial oil-
palm  
0% 100% 0% 
Forestry  Allocation to 
forestry, assuming 
no active restoration 
0% 0% 100% 
Conservation  Hydrological 
management in 
existing forest and 
natural regeneration  
0% 0% 0% 
Unmanaged No active 
management 0% 0% 0% 
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We determined the value of smallholder agriculture as the annual maximum potential (farm-
gate) profit from a set of land systems, each characterized by a specific composition of crops. We 
modelled individual crop suitability across the landscape, and combined this with expected yield 
and price information (Law et al., 2015). We determined farm-gate oil-palm profitability using 
production, price, and cost data and land-suitability models. Potential economic returns from timber 
were estimated based on extant land cover, forest type, and transport costs to existing mills in the 
study region (Law et al., 2015). 
We modelled potential carbon emissions reductions over 40 years with respect to a 
counterfactual baseline of maintaining the current land use configuration (Law et al., In press). This 
model estimates emissions sequestered and released due to five processes (sequestration in 
vegetation, biomass loss to fire, biomass lost and temporarily stored in harvested timber, peat loss 
due to fire, and peat decomposition in the absence of fire). 
We used the distribution of primates—the most intensively surveyed taxa in the region—as 
species-level metrics for biodiversity, complemented by the distribution of forest types as an 
ecosystem-level surrogate to reflect broader biodiversity patterns (Margules and Sarkar, 2007). 
Distributions for nine primate species and five forest types were modelled based on geographic and 
climatic variables (Law et al., 2015; Struebig et al., 2015). Forest types included mangroves, mixed 
swamp (shallow peat), low pole (deep peat), swamp (nipah palm), and river-riparian. To account 
for the contribution of different land cover and land management to the conservation value for each 
of the nine primate species, we took the modelled species distribution data and combined this with 
expert-derived habitat suitability estimates, and expected home-range size to calculate an index of 
abundance (following species sensitivities and methods in Wilson et al. 2010, as described in Law 
et al. 2015; Appendix O). 
6.4.3 Targets 
We selected targets for each benefit that reflect both the aspirations of stakeholders as well as 
current entitlements (Table 6.1, Appendix O). We based the targets on objectives stated in the 
policy documents of the Indonesian government or non-governmental organizations (for emissions 
reduction, biodiversity, smallholder agriculture), or current levels of entitlement (oil-palm, timber). 
Targets for biodiversity differentiated between threatened species, non-threatened species, and 
forest types (Table 6.1, Appendix O). 
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Figure 6.2. Extent of land-use zones under current land uses (scenario 1), current concessions 
developed (scenario 2), the current zoning plan (scenario 3), and the alternative plan (scenario 4). 
Further details of land zone composition are provided in appendix S.  
 
6.4.4 Land-use scenarios 
Four land-use scenarios were developed to reflect either current land uses and concessions, or 
prospective land-use zoning plans for the region (Figure 6.2, Table S1): 
a) Scenario 1: Current land uses. We assumed that all existing agricultural land covers, 
including sawah (wet rice field), are maintained as smallholder agriculture within an 
agricultural zone (12%). Oil-palm agriculture was not considered under this scenario. All 
other land is considered “unmanaged” (88%, of which 43% is currently extant forest, and 
the remainder degraded), i.e. not managed for agriculture, forestry, or conservation. 
b) Scenario 2: Current concessions developed. As for scenario 1, but we assumed that all 
land currently zoned as oil-palm concession is fully developed into an oil-palm plantation 
(29%). This results in the extent of smallholder agricultural land being reduced to 7% and 
the extent of unmanaged land to 63%, of which 52% is currently extant forest. In this 
scenario, 32% of land initially zoned as agriculture (both oil palm and smallholder 
agriculture) is currently in agricultural production, and 14% is extant forest. 
c) Scenario 3: Current zoning plan. Development as per the zoning plan outlined in 
Presidential Instruction No. 2/2007 on Rehabilitation and Revitalization of the Ex-Mega 
Rice Project Area in Central Kalimantan (INPRES 2/2007). This is the current land 
management policy for the region, although it is largely unimplemented and considered a 
temporary or draft zoning map. Three land-use categories are defined: agriculture, forestry, 
and conservation. We assumed agriculture to be smallholder agriculture (20%), and oil-palm 
to occur where there is an oil-palm concession within this agricultural zone (8%). Of this 
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combined agricultural zone, 31% is currently in agricultural use, and 21% is extant forest. 
Forestry zones cover 10% and conservation zones 61%, and no land remains unallocated 
(unmanaged). Conservation zones currently consist of 50% extant forest. 
d) Scenario 4: Alternative zoning plan. Development as per the zoning plan outlined in the 
Ex-Mega Rice Project area “Master Plan” report (Euroconsult Mott MacDonald et al., 
2008). This plan was designed to improve on the current zoning plan, incorporating updated 
information from a range of stakeholders, but is not yet implemented into policy 
(Euroconsult Mott MacDonald et al., 2008). Four land-use categories are defined: 
agriculture, limited agriculture, forestry and conservation. As for scenario 3, we separated 
agriculture into both oil-palm (8%) and smallholder agriculture, but allocate limited 
agriculture as smallholder agriculture only, resulting in 31% allocation to smallholder 
agriculture. Of this agricultural zone 28% is currently in agricultural use, and 25% is extant 
forest. The remainder includes forestry zones (7%), and conservation zones (55%). Of the 
latter, 51% is extant forest. 
For each of the four land-use scenarios we calculated the current benefit levels for each 
ecosystem service and biodiversity feature. We then assessed the benefits derived if agricultural 
land sharing and land sparing strategies of varying levels of effectiveness are implemented in the 
region. We therefore distinguish between these a priori ‘zoning’ plans (i.e. those represented by the 
land-use scenarios, and focus on land allocation only) and land sharing and land sparing strategies 
(which focus on improving particular land uses for specific objectives, sometimes in association 
with land-use re-allocation). These alternative strategies are applied in the context of the constraints 
of each zoning plan, predominately the extent of the agricultural zone. Land cover composition of 
the land-use scenarios and land-use transitions under land sharing and sparing strategies is provided 
in Appendix S. 
6.4.5 Land sharing and land sparing strategies 
To simulate the effects of potential land sharing and sparing strategies we modified the land-use 
allocation and/or the agricultural production value and biodiversity benefits for the agricultural 
zones (i.e. both smallholder agriculture and oil-palm zones; Table 6.2). Therefore, we assessed the 
anticipated outcomes of land sharing or sparing strategies, not specific policies that could be used to 
achieve them. Representative values for reasonable assumptions regarding the effectiveness of land 
sharing and sparing strategies, i.e. the relative benefits and costs expected from changes in land 
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management associated with each strategy, were derived from a literature review and accounting 
for locally-relevant constraints (Appendix P).  
We defined sparing and sharing strategies (Table 6.2) such that:  
• In land sparing, 0 – 100% of the agricultural zone is spared (converted to conservation) and 
either total production declines, or production in the remaining agricultural zone is increased 
to compensate for lost area, up to ten times the current level. This represents an optimistic 
upper bound of the yield increase of converting traditional rice varieties and methods to 
high-yield practices (De Data et al., 1968). We assumed that the biodiversity value of 
‘spared’ land would reflect that of the current land cover placed into conservation 
management rather than the zoned land use. In this regard, we assumed that if there is 
currently extant forest this would gain the highest value for biodiversity, but if habitat needs 
to be restored the biodiversity value would be reduced comparatively (Law et al., 2015). 
The allocation of spared land was prioritized to provide maximum additional benefit to 
biodiversity, while being cost-effective in regards to the opportunity cost to agriculture. This 
included prioritising initially only species or forest types not reaching their respective 
abundance targets, based on the expected site-specific difference between the biodiversity 
value of conservation and production land uses (Appendix Q). The results presented herein 
assume no further loss of biodiversity in agricultural land uses in response to increases in 
yield. This resulted in total biodiversity values only around five per cent greater than if we 
had allowed biodiversity benefits to decline by up to one quarter over the range of strategy 
levels explored (Appendix R). 
• In land sharing, agricultural land uses experience an increase in biodiversity benefits from 0 
– 200%. This is coupled with either no impact on agricultural production value, or a decline 
in production value proportional to the increase in biodiversity benefit. In the results 
presented herein, agricultural zones were assumed not to expand. In a separate analysis we 
explored outcomes of allowing agricultural zones to expand to compensate for production 
value foregone due to land sharing (Appendix R and also reported in Appendix S). 
All analyses and programming were conducted in the R statistical package (R Core Team, 
2012).  
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Table 6.2. Land sharing and sharing strategies. Change in parameter values of agricultural land 
under simulated land sharing and sparing strategies. All changes are assumed to be linear, with the 
exception of agricultural production value under higher land sparing intensities. The latter is 
represented by an exponential function reflecting the amount of yield increase required to 
compensate for total production loss due to spared land, capped to a maximum of 10 times the 
baseline production value. 
 Land sharing Land sparing 
Biodiversity value 
of agriculture 
Increases: 
+ 0 – 200% in smallholder agriculture 
+ 0 – 50% in oil-palm 
Decreases: 
- 0 – 25%  
Production value of 
agricultural land 
Decreases: 
- 0 – 50% 
Increases (to compensate): 
+ 0 – a maximum of 1000%  
Area of agriculture Increases (to compensate): 
+ 0 – 100% 
(increasing version shown in 
Appendix R) 
Decreases: 
- 0 – 100% 
 
6.5 Results 
Our analyses indicate that none of the land-use scenarios for the case study region will achieve 
all targets, either under baseline conditions or under reasonable levels of land sharing or land 
sparing (Figure 6.3). For the current land uses and if the current concessions were developed 
(scenarios 1 and 2 respectively) the landscape would be characterised by relatively small 
agricultural zones that failed to reach agricultural production targets, with the exception of oil-palm 
production for the latter scenario (at a cost of reduced smallholder agriculture). Despite small 
agricultural zones, the conservation benefit of these scenarios was also low, due to extensive area of 
unmanaged land. Further, only five primate species are potentially represented within the area of 
land currently in agricultural use, thus strategies that either share or spare land in this agricultural 
zone will not likely make a significant contribution to achieving the biodiversity targets, despite the 
potential to further reduce production (Figure 6.4). Carbon mitigation benefits would be marginally 
improved above the baselines, but the target would not be achieved. If current concessions are 
developed (Scenario 2) land sparing strategies would allow one additional primate and forest type 
target to be achieved, however due to the limited potential benefit of land sharing in oil-palm 
systems, land sharing would not improve target achievement (Figure 6.4). If we assumed the extent 
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of agricultural land could be expanded outside of the specified agricultural zones in order to 
compensate for yield foregone in land sharing strategies, we saw potential for additional 
biodiversity targets to be achieved, but only for species relatively tolerant to agriculture (Appendix 
R). 
Under the current and alternative zoning plans (scenarios 3 and 4 respectively) land allocation 
includes extensive conservation areas and no unmanaged land. More emphasis is placed on 
smallholder agriculture, with target achievement of 85% and 129% under the current and alternative 
zoning plans (scenario 3 and 4 respectively), under baseline conditions. However, target 
achievement of oil palm is reduced, to 32% and 28% respectively, and while the current zoning 
plan (scenario 3) reaches the timber target, the alternative zoning plan (scenario 4) falls short by 
66%. The large area designated to conservation would allow the carbon emissions mitigation target 
to be achieved, and vastly improve the level of target achievement for the primate species under 
baseline conditions. For the current zoning plan (scenario 3), only the proboscis monkey (Nasalis 
larvatus) fell slightly short of the target, which was easily reached under minor levels of sharing 
and sparing. In the alternative zoning plan (scenario 4) under baseline conditions, four species fail 
to reach the target (Bornean white-bearded gibbon, Hylobates albibarbis; western tarsier, Tarsius 
bancanus; proboscis monkey; slow loris, Nycticebus menagensis). Most of these were reached with 
minor land sharing or sparing, with the exception of the species most sensitive to agriculture (the 
slow loris), which did not achieve its target under reasonable levels of land sharing. The two forest 
types with the largest current extent (low pole and mixed swamp forest) would be adequately 
represented regardless of the strategy. The current zoning plan (scenario 3) also adequately 
represents swamp forest and river-riparian forest, and the alternative zoning plan (scenario 4) would 
achieve the targets for these forest types by sparing 10% of the agricultural area. The entire 
remaining extent of mangroves must be conserved to achieve the target for this forest type, but 
some of this area is allocated to timber production under both the current and alternative zoning 
plans (scenarios 3 and 4; Figure 6.4). 
If land sharing or land sparing were to be implemented, our results suggest most of the 
improvements in target achievement could be obtained at relatively modest levels of strategy 
effectiveness (due to diminishing marginal returns; Figure 6.4). If land sharing strategies are 
implemented, most of the remaining primate targets are reached with reasonable improvements in 
the biodiversity value of agricultural land (50% improvement in smallholder agriculture and 12.5% 
in oil-palm; Figure 6.4; Appendix P), which could potentially be obtained with only a small 
reduction in yield (Figure 6.4). Similarly, if land sparing strategies are implemented, most benefits 
are gained with less than a third of the agricultural zone spared (requiring a 50% increase in yield 
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from agricultural land to maintain total production; Figure 6.4). Under land sparing strategies 
marginal agricultural land could be prioritized for being spared, nevertheless at high levels of 
sparing the impact on total production (both for oil-palm and smallholder agriculture) would be 
greater than equivalent levels of land sharing.  
In land sharing, if declines in production value are compensated for by an increased extent of 
agricultural land this could benefit all species in the current land uses (scenario 1) and when current 
concessions were developed (scenario 2), as it replaces unmanaged land with wildlife friendly 
agriculture, and thereby may allow target achievement for the more tolerant species (Appendix R). 
In the current and alternative zoning plans (scenarios 3 and 4 respectively) extensions of 
agricultural land would come at the cost of conservation zones, yet due to prioritisation of 
agricultural expansion, we find that tolerant species could benefit from expansion of the agricultural 
zone in these scenarios, with little impact on other species (Appendix R). Under land sparing we 
found little difference in scenarios assuming either no or some additional biodiversity impact of 
intensive agriculture (Appendix R). 
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Figure 6.3. Target achievement under baseline conditions and land sharing or sparing strategies for 
current land uses (scenario 1), current concessions developed (scenario 2), the current zoning plan 
(scenario 3), and the alternative zoning plan (scenario 4). Full score represents 100% target 
achievement, and any achievement above this level is not presented. For biodiversity, the score 
represents the average of the 14 targets. Sharing 50% denotes where the biodiversity benefit of 
agriculture is 50% better than the baseline, and similarly 100% is where the biodiversity benefit of 
agriculture is twice as beneficial as the baseline. Sharing strategies are shown here with no 
expansion of agricultural land (therefore total production decreases). For sparing strategies the 
percentage shown is the amount of area spared, and assumes further negative impact on biodiversity 
in agricultural land due to increase in agricultural intensity. 
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Figure 6.4 (next page). Target achievement across a range of agricultural land sparing or 
sharing policy effectiveness for current land uses (scenario 1), current concessions developed 
(scenario 2), the current zoning plan (scenario 3), and the alternative zoning plan (scenario 4). For 
primates, solid lines are species tolerant of agriculture, dashed lines are moderately-tolerant species, 
and dotted lines are species sensitive to agriculture, with the lighter colours equating to a larger 
predetermined target. For smallholder agriculture and oil-palm, the upper bound of target 
achievement is expected when there is no impact of land sharing on agricultural production value, 
or when the production foregone due to sparing is completely compensated for by an increase in 
production value in the remaining agricultural land. Conversely, the lower bound is expected when 
land sharing reduces agricultural production value, and there is no compensation for production lost 
to spared land. Grey area indicates where targets are not achieved. The vertical dotted lines indicate 
levels of sharing or sparing intensity that may reasonably be expected, given no reduction in total 
production, whereas the dashed vertical lines indicate a reasonable level of sharing and sparing that 
would be expected if overall production declines. 
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6.6 Discussion 
We find that none of the land-use plans proposed for reversing the impacts of land conversion 
and degradation would fully satisfy the targets sought by diverse stakeholder groups in this globally 
important region. While the prospective land use plans represent vast improvements over current 
land use, even the extensive conservation areas that are planned for the case study region would be 
insufficient for meeting all biodiversity targets, and may restrict options for concurrent achievement 
of smallholder agriculture, oil palm, and timber production targets. Neither land sharing nor land 
sparing strategies provided options that strongly and consistently improved target achievement 
across the multiple biodiversity and ecosystem service objectives: the effectiveness of agriculture-
focused land management strategies is inherently limited by the extent of agricultural zones, the 
conservation opportunities within them, and the baseline level of target achievement. For the case 
study region, this is a particular concern, as many areas are degraded and, in their current state, 
contribute little to any of the targets that are sought. In scenarios where large amounts of 
unmanaged land persists, allowing agricultural land use to expand into unmanaged or degraded 
areas and promoting land sharing strategies may provide more benefit than land sparing of current 
agricultural areas, particularly for species relatively tolerant of agricultural land uses. However, in 
scenarios with larger areas of agriculture coupled with planned conservation zones, land sparing 
was more beneficial for conservation of ecosystem types and features that were otherwise 
inadequately protected. Our results therefore support the potential value of production landscapes 
for species conservation (Daily et al., 2003; Rosenzweig, 2003; Tscharntke et al., 2005; Wilson et 
al., 2010; Wright et al., 2012; Edwards, et al., 2014), but more so when these species and 
ecosystem types of conservation interest can benefit from improved agricultural practices or 
agricultural expansion (Cunningham et al., 2013). 
We acknowledge that a diversity of avenues to increase agricultural production and profitability 
exist (Phalan et al., 2011a; 2011b) and that there are many options for making agricultural land 
more compatible with biodiversity conservation (Kremen and Miles, 2012). Our intention was not 
to assess specific land sharing and sparing policies, but rather their anticipated outcomes. We note 
that the sustainable intensification of agricultural production (improving benefits for both 
agricultural production value and biodiversity) may warrant further investigation (Phalan et al., 
2011a; Mendenhall et al., 2014a). This strategy could be especially relevant when starting from a 
poor yield or degraded landscape baselines (Kremen and Miles, 2012; Firbank et al., 2013), 
particularly in developing country contexts (Perfecto and Vandermeer, 2010; Clough et al., 2011; 
Waldron et al., 2012). Our results suggest that while a sustainable intensification strategy may 
improve the prospects for agricultural production, it would still need to be coupled with a sparing 
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policy to deliver the most benefits for biodiversity in our case study region, and more generally 
address concerns of food security and equity within the broader context of achieving sustainability 
(Loos et al., 2014). 
Our scenario-based analysis explicitly incorporates landscape heterogeneity, multiple ecosystem 
services, and multiple land uses. In the case study region, most of the potential benefits that could 
be achieved by either land sharing or sparing strategies would be gained within levels of policy 
effectiveness commonly reported in the literature. We caution our estimates for the potential 
production value and biodiversity benefits are approximations estimated from a wide variety of 
sources and intended to be only broadly indicative of expectations, and the prioritisation methods 
we applied reflect only one potential option. Appropriate data for estimating the impact of changes 
in land use management, even in data rich regions, are rare. Further, our species level metric was 
based on primates, which may not reflect diversity patterns or responses of all biodiversity elements 
of conservation interest (von Wehrden, et al., 2014). Yet changes to these assumptions or metrics 
are unlikely to change our main conclusion that the overall benefit of land sharing and land sparing 
strategies, when applied within agricultural zones, is limited compared to more fundamental shifts 
in zoning regulation and development according to existing plans in this case study area.  
Our results are driven by the heterogeneity of the landscape, and emphasize the importance of 
evaluating strategies across whole landscapes such that the biophysical and historical context can be 
accounted for (Swift et al., 2004; Egan and Mortensen, 2012; Kremen and Miles, 2012; von 
Wehrden, et al., 2014). Landscape-scale studies incorporating multiple ecosystem services are 
inherently data intensive and this precluded our ability to account for important spatial and temporal 
dynamics. From a biophysical perspective we have not accounted for the hydrological dynamics of 
peat, which control floods and droughts, and also the occurrence of subsidence (Wösten et al., 
2006). These dynamics necessitate sustainable agricultural practices and effective peat land 
management in the region, particularly if the increased seasonality of rainfall suggested by climate 
change modelling eventuates (Kumagai and Porporato, 2012; Wich et al., 2014). For example, peat 
subsidence as a result of drainage (associated with oil-palm, but also intensive agriculture crops and 
forestry) will result in localized or large-scale flooding, which will reduce yields and likely result in 
land abandonment thereafter (Hooijer et al., 2012; Abram et al., 2014). Similarly, we have not 
accounted for variability in economic parameters such as commodity prices (Barraquand and 
Martinet, 2011; Seppelt et al., 2013), which will determine the future development and viability of 
the oil-palm industry in the region. We have not accounted for differentiation within stakeholder 
groups, for example the local community stakeholders (associated with ‘smallholder agriculture’) 
are a culturally diverse and often geographically distinct population including indigenous 
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communities, early transmigrants, and new transmigrants (Euroconsult Mott MacDonald, 2008). 
Land-use outcomes are also highly dependent on the capacity of governance and institutions to 
implement, monitor, and enforce the set of policies used to enact land-use allocation and land 
sharing or sparing strategies, in particular to control displacement (‘leakage’) of economic 
production, or increasing competition for land use if agricultural efficiencies lead to increasing land 
rents (the ‘Jevons Paradox’; Angelsen and Kaimowitz 2001; Ceddia et al., 2013; Fischer et al., 
2014; Hertel et al., 2014; Mendenhall et al., 2014b). 
As provincial-level land-use plans for Central Kalimantan are yet to be finalized (Sumarga and 
Hein, 2014) this study provides support and information for further refinement of current proposals. 
We reveal that none of the land-use plans currently proposed will adequately satisfy all 
stakeholders, and land sharing or sparing strategies applied to agricultural zones are unable to 
compensate for this fundamentally inadequate land-use planning (Lindenmayer and Cunningham 
2013). Land use in this region is therefore likely to be highly contested. Land-use policies and plans 
will require prudent design accounting for political, social, economic, technological and biophysical 
factors (Mattison and Norris, 2005). For example, as not all stakeholder targets can be achieved 
under future land-use allocation or policy strategies, these targets and plans may need to be revised 
in collaboration with local and regional stakeholders. This could include consideration of recent 
initiatives such as the provincial government endorsed Forum Koordinasi Kelompok Tani Dayak 
Misik-Kalimantan Tengah (FKKTDM-KT), which aims to formalise customary land rights for 
indigenous Dayak in the region. The effectiveness of land management is dependent on the ability 
to provide adequate incentives, and capacity for monitoring and enforcement (e.g. Nelson et al., 
2008; Bamière et al., 2011; Bryan et al., 2011; Martinet and Barraquand, 2012). Both of the 
prospective land-use plans provide much more positive outcomes for biodiversity and smallholder 
agriculture stakeholders, but may come under threat from on-going oil-palm development or 
insufficient resources to effectively manage conservation areas. As these threats are, in part, driven 
by global and regional economies and incentives, initiatives taken at an international level may 
support sustainable outcomes for this globally important region. 
6.7 Conclusion 
We have demonstrated that stakeholder-based ecosystem services assessment, supported by 
spatially explicit assessment of ecosystem benefits, provides a useful platform to evaluate the 
outcomes of land-use allocation and management strategies for heterogeneous and multifunctional 
landscapes. We found that targets expressing stakeholder aspirations and entitlements to be a 
practical way to integrate estimates of demand and social utility such that meaningful comparisons 
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can be made between different land-use objectives. Land sparing strategies applied to agricultural 
zones would improve prospects for currently underrepresented biodiversity features, whereas land 
sharing strategies would facilitate conservation of species more tolerant to agriculture over a wider 
area. Gains from these strategies could be achieved under reasonable assumptions of land sharing or 
sparing policy effectiveness. However, neither land sparing nor land sharing of agricultural zones 
provided substantial improvement additional to benefits achieved by implementing improved land-
use allocation from the outset, and no plan or policy scenario assessed could satisfy all land-use 
targets. Resolution of trade-offs between objectives and fulfilment of stakeholder demands will 
require improved land-use allocation, or else careful revision of targets. 
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7.1 Abstract 
Land sparing and land sharing have emerged as contrasting approaches to minimize trade-offs 
between agricultural production and biodiversity conservation, and are evident in land management 
policies at local to international scales. Both strategies aim for improving efficiency of land use at 
landscape scales, with land sparing approaching the issue through spatial separation and 
specialization of land use objectives, while land sharing aims for their integration. Either strategy 
may improve outcomes for multiple stakeholders, but the choice would depend on the problem 
context determined by both the biophysical attributes of the landscape and socio-economic factors, 
which will differ across heterogeneous landscapes. We developed a simple and streamlined 
optimization process for generating production possibility frontiers to evaluate fundamental trade-
offs between multiple objectives under land sharing, land sparing, and mixed strategy scenarios. 
This novel method embraces landscape heterogeneity, including representation and 
complementarity of both production and environmental values. We also address the aspirations of 
multiple stakeholder groups as represented by land-use targets for multiple ecosystem services. We 
show that land sharing offers better prospects for the case study landscape, if land uses can be 
optimized. This result contrasts with previous analyses parameterized for the same study region 
using simplified aspatial models, and scenario analyses constraining land use to a priori zoning 
plans, as well as much of the literature from other regions and contexts. Many common species can 
be adequately represented in suitable agricultural landscapes in land sharing, and thus land sharing 
provides a reduction in conflict between biodiversity and agricultural production objectives. In land 
sparing, however, gains in agricultural yields need to be countered by a reduction in agricultural 
area to compensate for the negative impacts on biodiversity. A strong land sharing scenario and a 
mixed strategy scenario dominated by land sharing were the only strategies to feasibly achieve all 
land-use targets. Our analysis underlines the importance of selecting appropriate land-use targets 
that satisfy all stakeholders and are achievable given the biophysical, socio-economic, and 
institutional landscape contexts. Using optimization to develop production possibility frontiers in an 
ecosystem services framework offers an improved method to explore the potential for land-use 
options to improve prospects for multiple stakeholders in heterogeneous landscapes.  
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7.2 Highlights 
• We develop a novel optimization method to construct production possibility frontiers in a 
context of multiple ecosystem services and stakeholders 
• We show that production possibility frontiers can be expanded most under land sharing 
strategies 
• A strong land sharing strategy, or a mixed strategy dominated by land sharing, were the only 
strategies identified to feasibly achieve all targets 
• We discuss how and why this preference for land sharing arises despite sparing dominating 
in previous analyses 
• Our analysis exemplifies the value of improved methods to evaluate land-use options for 
multiple stakeholders over heterogeneous landscapes 
7.3 Introduction 
Increasing population and consumption drive intensification and expansion of agricultural land 
use and management (Balmford et al. 2005; Laurance et al. 2014), which cumulatively reduces the 
viability of natural ecosystems and their ability to support biological diversity (Laurance et al. 
2014; Phalan et al. 2014). Managing the resulting production-biodiversity trade-off is becoming an 
increasingly complex issue in biodiverse areas where developing and sustaining agricultural 
economies are both economic and political priorities (Hamblin 2009; Laurance et al. 2014). 
Land sparing and land sharing have emerged as alternative theoretical approaches to address 
trade-offs between agricultural production and biodiversity conservation. The strategies represent 
the ends of a continuum of land management strategies with a focus on, respectively, specialization 
and integration of conservation and production (Fischer et al. 2014). Land sparing involves setting 
aside land primarily for conservation, and implies intensification of agriculture to compensate for a 
reduction in area available for agricultural production (Fischer et al. 2008; Green et al. 2005; 
Phalan et al. 2011). This intensification is often assumed to occur via actions that may negatively 
impact on biodiversity and other non-market societal values (Cunningham et al. 2013; Green et al. 
2005; Phalan et al. 2014). In contrast, land sharing is an integrative approach, defined as making 
production lands more conducive to biodiversity conservation (Lindenmayer and Cunningham 
2013). Land sharing includes a variety of methods to increase heterogeneity and multi-functionality 
into farming systems (Green et al. 2005; Macchi et al. 2013), as well as reducing harmful impacts 
of fertilizers, pesticides, and other on-farm activities (Kremen and Miles 2012; Mahood et al. 
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2012). However, land-sharing activities may also result in agricultural yield declines, and therefore 
agricultural area may need to increase if demands for production cannot be reduced. 
Recently there have been several syntheses of the efficacy of land-sharing activities with 
comparisons to land sparing options (Balmford et al. 2012; Grau et al. 2013; Phalan et al. 2011). 
Impacts of land sharing and sparing strategies have been shown to vary significantly in different 
contexts, both in empirical studies (Chapter 6; Butler et al. 2007; Edwards et al. 2010; Ekroos et al. 
2014; Gabriel et al. 2013; Kleijn et al. 2006; Kremen and Miles 2012), and theoretical models 
(Chapter 5; Martinet and Barraquand 2012; Law and Wilson, In press). Simple rules of preference 
are difficult to describe, however, as outcomes depend on multiple interacting considerations that 
are frequently confounded (Chapter 5; Law and Wilson, In press). 
Simplified aspatial models parameterized for the study region suggested an overall preference 
for land sparing, particularly for sensitive species and when spared land is of high value for 
biodiversity (Chapter 5; Law and Wilson, In press). However, these simplified models also 
identified that land sharing may perform better in specific contexts, for example during transitions 
from a baseline that included degraded landscapes or for species that are tolerant of agricultural 
disturbance. Yet these simplified models were aspatial and did not account for landscape 
heterogeneity. Landscapes are typically heterogeneous, with variability in production potential, 
environmental, and social values due to unique contexts of biophysical conditions and historical use 
(Fahrig et al. 2011). Heterogeneous landscapes mean that solutions considering the whole 
landscape are not necessarily a simple sum of the parts (Seppelt and Voinov 2002), although few 
studies have compared strategies at the scale of whole landscapes (Chandler et al. 2013; Hodgson et 
al. 2010). Due to the ability to prioritize spared land, land sparing could be more beneficial than 
land sharing for biodiversity features more sensitive to agriculture, when evaluated within the 
constraints of current and prospective land-use plans (Chapter 6; Law et al. In press a). Yet as these 
analyses indicated that no combination of the a priori land-use plans and strategies would be able to 
fully satisfy all stakeholders, it is useful to ask, if land use was optimized which strategy would 
provide greater scope for achieving better outcomes across all land-use objectives? 
Assessments of land sharing and sparing strategies can benefit from the application of trade-off 
analyses, particularly the determination of production possibility frontiers (PPFs), and the 
application of optimization techniques (Daily et al. 2009; Groeneveld 2003). Trade-off analyses 
involving comparison of alternative land-use scenarios are increasingly common (e.g. Chapter 3; 
Chapter 6; Goldstein et al. 2012; Haines-Young et al. 2012; Law et al. In press a,b; Polasky et al. 
2011), and are often implemented as a simple extension to ecosystem service mapping and 
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modelling. Optimization methods can provide more sophisticated solutions to questions on how we 
can most efficiently utilize limited resources (Crossman et al. 2010; Polasky et al. 2008) and 
account for opportunity costs (Bryan et al. 2011; Saroinsong et al. 2007; Wilson et al. 2010), or 
maximize desirable outcomes of land-use options (Chan et al. 2011; Crossman and Bryan 2009). 
Further, optimization methods combined with scenario analyses can help to elucidate the potential 
inefficiencies or improvements afforded by policy options (Seppelt et al. 2013), for example the 
costs to agriculture of achieving various natural resource management targets (Bryan et al. 2011). 
Where two or more objectives are in competition, PPFs are able to trace the maximum 
achievable production for one objective for any given level of others, assuming fixed factors of 
production (e.g. finite budgets and land area, available production technologies and resources). PPF 
analyses thereby identify feasible, infeasible, and optimal solutions, as well as the opportunity costs 
of moving along or away from the Pareto optimal frontier (Bekele et al. 2013; Groeneveld 2003; 
Lautenbach et al. 2013; Polasky et al. 2008; Seppelt et al. 2013; Smith et al. 2012). Through 
identifying feasible and infeasible regions of the solution space, PPFs are also useful to evaluate the 
compatibility of land-use targets expressed by multiple stakeholders. Land-use objectives for 
different stakeholders may require conflicting land management, resulting in competition and trade-
offs between achieving targets, and therefore between stakeholders (Chater 4; Law et al. 2015). An 
objective of land-use planning is to resolve such tensions, however if outcomes do not meet 
stakeholder aspirations or current entitlements they may be dissatisfied. This may occur due to the 
unsuitability of the stated targets to reflect stakeholder objectives (Carwardine et al. 2009). It may 
also occur if all targets do appropriately reflect stakeholder objectives, but are not simultaneously 
achievable given the biophysical, social, or economic constraints of the system. 
Estimation of PPFs in the context of heterogeneous, multifunctional, multiple-objective land-
use analyses can be complex due to the large potential solution space and likelihood of non-
linearity, such as dependencies between targets. This limits the applicability of classical linear 
programming methods. Several alternative methods have emerged, generally involving 
simplification of the problem predominately for technical reasons. One option is to reduce the 
possible solution space by limiting the study area, which can allow full simulation of alternative 
management options, as in Robert and Stenger (2011) who analysed forestry management options 
for a single homogeneous forest stand (1 ha). Non-linearity within a large, heterogeneous solution 
space was addressed by Polasky et al. (2008), by employing meta-heuristic methods to solve for 
over nine land uses in the Willamette basin (29,728 km2): first using exact methods to solve 
simplified (linear) objectives to generate starting points for local iterative searches which sought 
more complex objectives. Heuristic methods such as genetic algorithms (GA) can also be used to 
Chapter 7 166 
estimate PPFs for multiple ecosystem services (Bekele et al. 2013; Holzkämper and Seppelt 2007; 
Lautenbach et al. 2013). Often these studies have simplified both biodiversity features and 
agricultural production to a single species or area-based metric, to reduce both the potential solution 
space and the number of objectives, in order to ensure effective performance of the GA 
methodology (Lautenbach et al. 2013; Seppelt and Voinov 2003). These simplifications may be 
acceptable in relatively small-scale contexts where land uses and species assemblages are relatively 
simple and homogenous, for example the developed, temperate agricultural landscapes of the 
northern hemisphere. However, in the case of tropical developing countries where biodiversity is 
usually species rich and where land-use systems are diverse, these simplifications may not 
appropriately reflect landscape heterogeneity. 
In this paper we introduce a novel method for analysing the potential benefits of land sharing 
and land sparing strategies for the Ex-Mega Rice Project region (EMRP) of Central Kalimantan, 
Indonesian Borneo. The EMRP is a high biodiversity area with substantial pressures for economic 
and agricultural development, as well as being a globally important area for reducing carbon 
emissions from land use (Ballhorn et al. 2009; Bos et al. 2013; Hooijer et al. 2010; Page et al. 
2002). Local, industrial, and global stakeholders can be defined, with interests in, respectively, local 
food production and security, developing and sustaining local economies, and maintaining or 
improving biodiversity and carbon emission mitigation potential. The landscape is strongly 
heterogeneous, due to both biophysical conditions and past development history. Our method to 
evaluate land sharing and sparing strategies is based on a constrained, target-oriented optimization 
building on recent developments in systematic conservation planning (Watts et al. 2009). We use 
this to estimate the PPF, the Pareto optimal boundary of the solution space. We do this for a diverse 
set of 14 biodiversity and four ecosystem service features, across five land-uses and for ten 
alternative land sharing and land sparing strategies. By integrating biodiversity and ecosystem 
service models into a simplified and streamlined optimization process, we capture the complexity of 
feature representation and complementarity, landscape heterogeneity of production and 
environmental values, the possibility of multi-functional landscapes, and the aspirations of multiple 
stakeholder groups. We compare the results of the PPF analyses with more typical analyses 
parameterized for the same case study area but framed around a priori land-use plans (Chapter 6; 
Law et al. In press a), as well as a simplified aspatial model (Chapter 5; Law and Wilson, In press).  
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7.4 Methods 
7.4.1 Study region, potential value of ecosystem service benefits, and representative 
targets 
We continue to develop the case study of the EMRP region, outlined in detail in prior chapters 
(Chapters 3, 4, and 6; Law et al. 2015; Law et al. In press a,b). In Chapter 4 (Law et al. 2015) we 
identified and spatially quantified relevant ecosystem services expressed in local, national, and 
international policy goals, including smallholder agriculture, oil-palm and timber production, 
carbon emission mitigation, and conservation of biodiversity (both primates and forest types). We 
established a baseline (“current benefits”) of the value of benefit for each ecosystem service from 
each parcel of land given the land use and land cover as of 2008 (Chapter 4; Law et al. 2015). The 
value of smallholder agriculture was determined as the annual maximum potential (farm-gate) 
profit from a set of land systems, each characterized by a specific composition of crops. Oil-palm 
value was defined as farm-gate profitability using production, price and cost data and land 
suitability models. Potential economic returns from timber was estimated based on extant land 
cover, forest type, and transport costs to existing mills in the study region. Potential carbon 
emissions reductions were modelled over 40 years with respect to a counterfactual baseline of 
maintaining the current land-use configuration (Chapters 3 and 4; Law et al. 2015; Law et al. In 
press b). Biodiversity was represented at the species level using expected distribution (Struebig et 
al. 2015) and abundance (Chapter 6; Law et al. In press a) of nine primate species across the study 
region and potential land uses, and at the ecosystem level by representation of the five dominant 
forest types (Chapter 4; Law et al. 2015). 
We selected targets for each ecosystem service that reflect both the aspirations of stakeholders 
as well as current entitlements (Chapter 6; Law et al. In press a). Targets for smallholder 
agricultural production reflect levels of economic development necessary to maintain the 
anticipated population size at levels above the poverty line. Targets for oil-palm reflect the 
economic value expected if all current oil-palm concessions were developed, and similarly targets 
for timber production reflect values expected if forestry was developed across all the area zoned as 
such in the current INPRES zoning plan (Chapter 6; Law et al. In press a). Targets for carbon 
emissions mitigation reflect national targets presented to global stakeholders through the UNFCCC, 
while biodiversity targets represent goals for biodiversity conservation outlined in an international 
forum, differentiating between threatened and non threatened species and ecosystem types (CBD 
2010). Targets were selected independently for each ecosystem service, and thus are not necessarily 
mutually compatible. Prior analyses suggested that even with high levels of land sharing or sparing 
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strategy effectiveness, no current or prospective land-use plan would achieve all targets (Chapter 6; 
Law et al In press a). In particular we found potential for conflicts between smallholder agriculture 
and oil-palm, due to their common reliance on land suitable for agriculture (Chapter 4; Law et al. 
2015). This conflict is representative of very different economic development trajectories, 
respectively representing a trade-off between encouraging local food and small-scale economic 
institutions, and increasing income from and reliance on global commodities and international 
trade. This trade-off is common in developing countries (Laurance et al. 2014). 
7.4.2 Land sharing and land sparing strategies 
To simulate potential land sharing and sparing strategies we modified the current potential 
production yield and biodiversity benefits for agricultural areas (i.e. both smallholder agriculture 
and oil-palm land uses; Figure 7.1). We specified three policy effectiveness levels of land sharing 
and sparing (Figure 7.1), namely: moderate improvement of one objective (either agricultural 
production or biodiversity benefit) with no impact on the other (level A), moderate improvement of 
one objective, with negative impact on the other (level B), and strong improvement of one objective 
with negative impact on the other (level C). We specified that:  
1. In land sharing, agricultural areas experience higher biodiversity benefits, though these are 
restricted in this study to primate features, as forest types are not able to be represented 
within agricultural land uses. Agricultural areas may experience equivalent (level A) or 
reduced yields (levels B and C) 
2. In land sparing, agricultural areas experience higher yields but equivalent (level A) or 
reduced biodiversity benefits (levels B and C). 
3. Mixed strategies would allow both land sharing and land sparing of agricultural land. 
Modifiers for the potential impacts on agricultural yields and biodiversity were drawn from a 
literature review and locally-relevant constraints (Chapters 5 and 6; Law and Wilson, In press; Law 
et al. In press a). We assessed ten land-use policies: the baseline level of benefits, the three land 
sparing strategies, the three land sharing strategies, and three mixed strategies pairing the land 
sharing and sparing strategies at the three possible levels of policy effectiveness. 
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Figure 7.1. Summary of land sharing and land sparing strategies assessed. Note, biodiversity 
benefits of sharing are expected to accrue to primate features and not forest types. 
7.4.3 Trade-off analyses 
PPFs were derived using the Marxan with Zones land-use planning software (Watts et al. 2009), 
which uses the simulated annealing algorithm to identify a set of near-optimal alternative solutions 
to a spatial minimum-set problem (Watts et al. 2009). We specified five land-use zones: 
smallholder agriculture, oil-palm plantation agriculture, forestry, biodiversity conservation 
(protected area), and unmanaged (in which no management activities for agriculture or biodiversity 
occur and ecosystems are likely to degrade). The benefits expected in each zone for each feature are 
described in (Chapter 4; Law et al. 2015). As preliminary analysis identified three main trade-off 
axes (biodiversity, oil-palm, and smallholder agriculture), we varied the requirement for competing 
targets to be achieved in order to estimate points along the PPF. Specifically, we gave preference to 
achieving biodiversity, carbon, and timber targets, and allowing the trade-off to focus on 
smallholder agriculture and oil-palm by varying the target for one of the agricultural production 
features while maximizing the achievement of the other. We calculated a separate PPF for each of 
the ten land-use strategies. In the PPF analysis we allowed the optimization to select the amount of 
protected area and the area of agriculture, and did not force strategies that included land sparing to 
have any particular proportion of protected area. Further details of problem specification and 
parameterization of this analysis is provided in Appendix T. 
7.4.5 Model comparisons 
Results from PPF analyses were compared with results from prior simplified, aspatial land-use 
change models considering one crop type and one generalized species type per context (Chapter 5; 
Law and Wilson, In press), and results from scenario analyses constrained to current and 
prospective land-use plans (Chapter 6; Law et al., In press a).  
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All analyses and programming were conducted in the R statistical package (R Core Team 2012), 
interfacing with Marxan with Zones (Watts et al. 2009), using the server version hosted by 
Marxan.net. 
7.5 Results 
PPF analysis suggested that simultaneous achievement of all targets is infeasible, at least under 
current benefit levels (Figure 7.2; Appendix U). The PPFs reveal strong preference for land sharing 
strategies, with much larger outward shifts when land sharing strategies were employed, and 
possible contractions of the frontier with some land sparing strategies. The only strategies to 
feasibly achieve all feature targets, both biodiversity and production, were those that included the 
greatest biodiversity benefits from land sharing. 
Land sharing strategies substantially expanded the PPF, and increased the convexity of the oil-
palm – smallholder agriculture trade-off (Figure 7.2). For moderate benefits to biodiversity in 
shared land, this is most pronounced in the middle of the curve (when the impact on smallholder 
agriculture and oil-palm are approximately equalized), giving an increase in target achievement by 
50% for smallholder agriculture and 40% for oil-palm. This result is similar even if sharing 
negatively impacts production value of agricultural land. However, only when land sharing has high 
levels of benefit for biodiversity can all targets be achieved under optimization (Figure 7.2). 
A land sparing strategy that focuses on improving agricultural production value with no impact 
on biodiversity in production land delivers an outward shift in the PPF, resulting in a 7% increase in 
target achievement for smallholder agriculture compared to current benefit levels but virtually no 
change in oil-palm when impacts on both are approximately equalized (Figure 7.2). Yet, if there is 
an increased negative impact of intensified agricultural production on biodiversity, the PPF shifts 
inwards, with target achievement for smallholder agriculture declining by 14% and for oil-palm 
20%. Further gains in production value can improve smallholder agriculture achievement back to 
6% below baseline levels, but does not improve the outcome for oil-palm. 
When both land sharing and land sparing strategies were allowed in the optimization, the 
majority of both smallholder agriculture and oil-palm was allocated to a sharing strategy (Appendix 
U), though the extent of this allocation was greater for smallholder agriculture (up to 90% sharing 
in most cases) than for oil-palm (up to 50% sparing in some cases). Mixed strategies gave a PPF 
only slightly better than a straight sharing strategy, and again simultaneous achievement of all 
targets was feasible only when the biodiversity benefits from sharing were high (Figure 7.2). Where 
land sparing was allocated within mixed strategies, for oil-palm this mainly occurred when the yield 
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benefit from sparing was high, and for smallholder agriculture this generally occurred when there 
was no impact on biodiversity due to yield increases. 
Preference towards land sharing in the PPF analyses contrasted to prior analyses in which land 
use was constrained to either current land uses or entitlements, or to prospective land-use plans for 
the region (Table 7.1; Chapter 6; Law et al. In press a). Likewise it contrasts with results for the 
majority of contexts analysed using simple aspatial models, however these simplified models do 
show preference for land sharing is possible in specific contexts relevant to the EMRP, such as 
land-use transitions from degraded land (Table 7.1; Chapter 5; Law and Wilson, In press). 
 
 
 
 
 
 
Figure 7.2. Production-possibilities frontier for land sharing and sparing strategies, for a) land 
sharing, b) land sparing, and c) mixed policy scenarios. In all panels the black line represents the 
PPF assuming baseline conditions, and the legend letters reflect the effectiveness level of the land 
sharing or sharing strategy. 
 
  
a) b) c) 
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Table 7.1. Comparison of models analysing land sharing and land sparing 
 Simple aspatial land-use 
change model 
(Chapter 5) 
Scenario analysis of a 
priori plans 
(Chapter 6) 
Optimization/PPF 
analysis 
(this Chapter) 
Land uses 
considered 
2 5 5 
Features 
considered 
2 18 18 
Landscape 
heterogeneity 
Not considered. Heterogeneous 
landscape 
Heterogeneous 
landscape 
A priori 
zoning 
constraints 
No Yes, two current land-
use scenarios and two 
prospective zoning 
plans 
No 
Objectives Either maximize 
biodiversity, or maximize 
yield, while holding the 
other objective constant. 
Model assessed 3960 
different landscape context 
variations. 
Assess achievement of 
targets for 14 
biodiversity features, 
smallholder agriculture, 
oil-palm and timber 
production, and carbon 
emissions mitigation. 
Spared land prioritized 
to cost efficiently 
maximize biodiversity. 
Identify PPF for 
smallholder and oil-palm 
production given the 
constraint of achieving 
stakeholder targets for 
14 biodiversity features, 
timber production, and 
carbon emissions 
mitigation. 
Summary of 
results 
Land sparing preferred in 
67.5% of contexts. 
Cases where land sharing 
was preferable included 
when low-impact 
agriculture had benefits for 
biodiversity near to or 
exceeding that of land that 
expanding agriculture might 
displace (e.g. in degraded 
landscapes) under 
objectives to maximize 
biodiversity. 
Several cases identified 
where land sharing may 
perform worse than the 
baseline under a Kaldor-
Hicks criteria, and where 
both land sharing and land 
sparing did not represent 
Pareto improvements from 
the baseline. 
Land sparing preferable 
in all land-use scenarios 
for the majority of 
features, due to the 
ability to prioritize 
spared land towards 
under-represented 
biodiversity features. 
Only the species most 
tolerant of agricultural 
disturbance might 
prefer land sharing. 
No land-use plan given 
any level of land 
sharing or sparing 
intensity tested was 
able to simultaneously 
achieve all land-use 
targets. 
Land sharing with high 
biodiversity benefits and 
a mixed strategy 
including this land 
sharing level were the 
only strategies that could 
feasibly achieve all 
targets simultaneously. 
Strategies including land 
sharing expanded the 
PPF by 55-180% (Figure 
7.2). 
Land sparing provided at 
best little benefit for 
target achievement, and 
resulted in a contraction 
in the PPF when 
biodiversity was 
negatively impacted by 
yield increases. 
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7.6 Discussion 
This is the first study that directly compares land sharing, land sparing, and mixed policy 
strategies for multiple ecosystem services in a heterogeneous landscape using a PPF inspired 
methodology. We compare the conclusions to a simple aspatial model, and a scenario analysis 
constrained by a priori land-use plans. Importantly, we find strongly contrasting differences in 
preferences derived from the different analysis methods. 
7.6.1 Strategy preference contingent on model complexity 
Optimizing over the whole landscape and constructing PPFs revealed that land sharing is the 
preferable option, and the only strategy that could feasibly satisfy all stakeholders. Targets for 
timber and carbon objectives were easily met, reflecting the unambitious nature of the former, and 
the general compatibility of most land-use types in achieving carbon targets for the latter in this 
landscape (Chapter 6; Law et al. In press a), as well as the characteristic ability of biodiversity 
priorities to proxy for carbon values (Nelson et al. 2008). This left a trade-off between biodiversity, 
smallholder agriculture, and oil-palm objectives. Preference for land sharing is likely due to 
smallholder agriculture giving greater benefits than conservation land uses for several species, 
manifesting as a shift in land-use allocation from conservation zones to smallholder agriculture, 
thereby expanding the acceptable area of agriculture, and mitigating the trade-off between 
smallholder agriculture and oil-palm (Appendix U). Land sharing that included strong, but feasible, 
benefits for biodiversity performed almost as well as the mixed strategy at the same level of policy 
effectiveness, and land sharing was the dominant strategy allocated to agricultural land use in the 
mixed strategy options. In contrast, land sparing strategies did not provide a substantial benefit from 
the baseline case, and could potentially result in a contraction of the PPF through decreasing the 
multifunctional capacity of agricultural land. This resulted in the allocation of a larger conservation 
zone in order to meet biodiversity targets, and thereby increased the competition between 
smallholder agriculture and oil-palm due to the resulting land scarcity. 
Preference towards land sharing is in opposition to analyses where land use is constrained to 
zone allocations reflecting both current land use and prospective land-use plans for the region. 
When these constraints were imposed, we found that while land sharing could provide benefits 
above the baseline, land sparing performed better, particularly for biodiversity features otherwise 
unrepresented or underrepresented in planned conservation areas, and therefore of potentially 
greater conservation interest (Chapter 6; Law et al. In press a). Only the most common species 
tolerant to agricultural disturbance (and often already achieving targets under baseline conditions) 
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performed somewhat better under land sharing than land sparing. Results from the PPF analyses 
also contrasted with simplified models of landscape change as developed in Chapter 5 (Law and 
Wilson, In press). These simplified models, which build on the contexts explored by (Green et al. 
2005), identify preference for land sparing in the majority of cases, and even suggest land sharing 
may be worse than baseline benefits in some (Chapter 5; Law and Wilson, In press). These 
conclusions of the simplified analyses are largely congruent with other similar models (Anderson-
Teixeira et al. 2012; Green et al. 2005; Macchi et al. 2013), and are reflected in numerous review 
and perspective articles (e.g. Baudron and Giller 2014; Cunningham et al. 2013; Grau et al. 2013; 
Phalan et al. 2011). However, contexts involving degraded landscapes may indicate an increasing 
preference towards land sharing strategies, particularly when the objective is to maximize 
biodiversity (Chapter 5; Law and Wilson, In press), supporting the results of this optimization 
analysis, and emphasizing the importance of considering context over heterogeneous landscapes. 
An important distinction between the three analysis methods is the emphasis placed on 
achieving targets for the multiple stakeholders, as well as how landscape heterogeneity is included 
and exploited (Table 7.1). Landscape heterogeneity is a key element in analysis of land sharing and 
land sparing strategies, as many of the interactions of biodiversity and ecosystem services reported 
in the land sharing and land sparing literature are highly dependent on biophysical and historical 
contexts (Egan and Mortensen 2012; Kremen and Miles 2012; Swift et al. 2004). In particular, 
integrating information on how well different parts of the landscape could satisfy individual species 
or species groups (or other ecosystem services) is a valuable improvement in accounting for 
biodiversity in land sparing – land sharing analyses involving multiple ecosystem services. The 
simplified model (Chapter 5; Law and Wilson, In press) was based on maximization of one 
objective, with no specified target for this. It considered different contexts, but assumed landscapes 
within those contexts are homogenous. The scenario analysis constrained to a priori plans (Chapter 
6; Law et al. In press a) included landscape heterogeneity when considering benefits, but 
constrained the exploitation of this to allocating spared land only. In Chapter 6, target achievement 
was assessed passively, with no constraints imposed to achieve them (Law et al. In press a). The 
PPF analyses of this chapter allowed optimization of land use over the whole landscape, with no 
constraints other than biophysical and historical land-use contexts and the requirement to achieve 
biodiversity, timber, and carbon targets. In particular, it did not consider any social limitations on 
land-use allocation, such as current regulatory restrictions on deep peat development (Murdiyarso et 
al. 2011; Silvius and Suryadiputra 2005). This relaxation of constraints enables the land uses to be 
reconfigured across the landscape to best achieve the specified outcomes under each land-use 
strategy, and combined with an emphasis on reaching all stakeholder targets this results in a switch 
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in strategy preferences across the landscape compared to when land-use allocations are constrained 
to a priori land-use plans. 
Considering the value of production lands to contribute to conservation also contributes to the 
preference for sharing overall in this case study. Some of the most difficult species to represent 
under an optimized land-use allocation were relatively widespread, and were assumed to be tolerant 
enough to agriculture that the benefits gained by land sharing outweighed the large area (and thus 
loss of agriculture) that would be required to spare an equivalent amount of land where these 
species occur. Interestingly, oil-palm seems also to show some preference for sharing strategies 
(Appendix U). This is counter to the literature regarding relatively intense land uses (Savilaakso et 
al. 2014) and the predictions made by the simple models (which in some cases would suggest 
negative outcomes from land sharing strategies; Chapter 5; Law and Wilson, In press). While 
conversions from extant forest ecosystems to oil-palm have a strong evidence base for substantial 
losses of biodiversity during this transition (Meijaard and Sheil 2013; Savilaakso et al. 2014), the 
transitions allocated by optimization in this study were mainly from degraded land or existing 
agriculture to oil-palm, where the difference in benefits to biodiversity is not as great (Chapters 4 
and 6; Law et al. 2015; Law et al. In press a). This would tend to support recommendations to push 
oil-palm development on already degraded lands (Smit et al. 2013). However, we also caution on 
the potential for this to displace other potential uses of the landscape, with flow on consequences: 
oil-palm clearly trades off with smallholder agriculture (this Chapter; Chapters 4 and 6; Law et al. 
2015; Law et al. In press a), and in scenarios where oil-palm was given preference over smallholder 
agriculture more area needed to be allocated to conservation (Appendix U). 
Our analysis is the first to assess multiple ecosystem services in the context of land sharing and 
land sparing, and is the first landscape-scale study to our knowledge that lends support to the value 
of land sharing when there are multiple stakeholders. Land sharing has been strongly promoted in 
the literature, particularly for tropical landscapes, but often only supported by site-based 
comparisons or ideologies of traditional agricultural practices and “social justice” (Perfecto and 
Vandermeer 2008; Sayer et al. 2013). Yet we also highlight that in all our optimization scenarios 
that were unconstrained by existing zone plans, a large proportion of the region was still allocated 
to conservation, even in the most wildlife-friendly and yield-equivalent land sharing strategies 
(Appendix U). Thus while our results do support land sharing and the value of considering 
production landscapes as a component of species conservation (Wilson et al. 2010), particularly 
when pristine areas are not adequate for conservation needs (Daily et al. 2003; Rosenzweig 2003; 
Tscharntke et al. 2005; Wright et al. 2012), it also emphasizes that this cannot fully replace the 
benefits of dedicated conservation areas. 
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7.6.2 Caveats and potential solutions 
We have only tested two ends of the scale on zoning constraints: where land use is completely 
constrained by existing zoning plans (Chapter 6; Law et al. In press a), and where land use is 
unconstrained (this Chapter). In reality, both of these are unrealistic. Yet their comparison, and 
particularly the identification that achievement of stated targets may be possible, albeit difficult, 
should be informative for further refinement of land-use objectives and plans in the region. 
Improvements could be made regarding the detail and comprehensiveness of the data, for instance 
accounting for spatial and temporal dynamics (Bagstad et al. 2013; Barraquand and Martinet 2011; 
Hooijer et al. 2012; Gilroy et al. 2014; Wich et al. 2014), or employing a more comprehensive 
metric of biodiversity (as discussed in Chapters 5 and 6). Aside from these improvements in the 
data, land-use planning would require a greater level of stakeholder input to identify targets and 
desirable spatial configurations (Sayer et al. 2013), as well as defining more specific land-use 
strategies. Conditional to this additional information, the feasibility of enacting selected sharing or 
sparing strategies would need to be ascertained (Martinet and Barraquand 2012). Despite their 
shortcomings, our results support previous observations from other contexts that substantial gains in 
the provision of multiple ecosystem services could be gained through improved landscape planning, 
i.e. that current land use is well below the Pareto frontier (Barraquand and Martinet 2011; Crossman 
et al. 2010; Polasky et al. 2008). As provincial level land-use plans for Central Kalimantan are yet 
not finalized (Sumarga and Hein 2014) we hope this study will instigate refinement of future zoning 
plans for the region, in light of potential policy options and stakeholder preferences. 
We have used a simulated annealing algorithm provided with the land-use planning freeware, 
Marxan with Zones. The multiple-zone capabilities of Marxan with Zones allows for a 
multifunctional representation of complex landscapes, while the target-oriented problem 
formulation made the multi-objective problem more tractable and feasibly solved. This provides an 
alternative to genetic algorithms (GAs) and other meta-heuristic methods that have been proposed 
in the literature previously for PPF estimation in multifunctional landscape models. GAs are useful 
in that they do not require aggregation into a single benefit function, however they can become slow 
and unwieldy if there are numerous objectives (Lautenbach et al. 2013), and have consequently 
been limited to studies with relatively few ecosystem services and species (Groot et al. 2010; 
Holzkämper and Seppelt 2007; Lautenbach et al. 2013). Alternative meta-heuristic processes 
include that by Polasky et al., (2008), who first optimize using an exact method but with simplified 
(linearized) objective criteria, then use these solutions as seed values for local searches using the 
more complex (non-linear) objective functions. This enabled inclusion of a vast number of species 
and economic land uses, as well as spatial considerations, but does not guarantee that identified 
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solutions are not merely local optima. Further, aggregation of both economic and ecological criteria 
into single metrics resulted in poor outcomes for threatened species (Polasky et al. 2008), and it 
would be difficult to modify impacts on focal species (i.e. to ensure representation of threatened 
species). Marxan with Zones therefore offers a useful compromise when problems involve many 
species and ecosystem services with contrasting requirements. 
Improving the estimation of the PPF using Marxan with Zones could be approached in several 
ways. The parameterization of Marxan with Zones could be improved, for example using global 
sensitivity analyses involving factorial, regression, elementary effects, or variance-based methods 
such as outlined in Saltelli and Annoni (2010). This could be beneficial in all applications of 
Marxan and Marxan with Zones, however particularly important when working with cases of un-
resolvable trade-offs. The threshold-based problem formulation used by Marxan with Zones can 
also result in failure to find the Pareto optimal frontier, as benefits past the threshold are not 
considered. In this case it manifested in areas being allocated to the “unmanaged” land-use 
category. The performance difference between sharing and sparing may therefore be greater, given 
the larger areas allocated to “unmanaged” in the former. Despite not identifying the exact PPF and 
therefore gaining certainty of the potential optimal performance of land sharing or land sparing, the 
results of this study also suggest it is easier to identify better solutions for land sharing strategies, 
and therefore there is more flexibility for negotiating good solutions for all stakeholders when using 
a land sharing policy. Identification of the Pareto frontier could be further refined by including 
additional data which considers additional opportunity costs for multiple stakeholders into the 
Marxan with Zones analysis (EA Law, unpublished analysis), conducting additional iterative 
searches from current solutions using Pareto objectives as in Polasky et al. (2008) and Lautenbach 
et al. (2013), or estimation of the PPF using current solutions as input into non-parametric methods 
as in Ruijs et al. (2013). 
7.7 Conclusion 
In this paper we present a novel method to examine the nature of trade-offs under alternative 
land-use strategies for multiple ecosystem-service objectives across a heterogeneous region. An 
ecosystem-services framework encourages the consideration of a range of values that contribute to 
social utility to be accounted in ways that allow for meaningful comparisons between different land 
uses and objectives. The identification of production possibility frontiers enabled clear 
interpretation of trade-offs. The methods presented allow policymakers to identify opportunities for 
spatial configuration of activities to mitigate potential risks in safeguarding biodiversity and 
ecosystem values in frontier land under pressure for both development and restoration. We show 
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that while land sparing strategies perform better than land sharing in previous analyses using 
simplified aspatial models and scenario analyses in which land use was constrained by extant 
zoning plans, land sharing offers better prospects if land uses can be optimized. This arises due to 
the emphasis on achieving targets for all stakeholders, and through the opportunity to fully exploit 
the heterogeneity of production landscapes for the conservation of biodiversity. Our results 
highlight the need for land-use planning in the case study region to be carefully re-designed in order 
to satisfy the needs and desires of multiple stakeholders, and will provide a useful resource for 
further refinement of environmental and agricultural policy in the region. 
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Chapter 8: Discussion 
8.1 Embracing complexity and developing a better understanding of trade-offs 
While some headway has been made, as a global society we are still collectively failing to fully 
address biodiversity decline, increased poverty, and human-induced climate change (Pimm et al., 
2014, Rockström et al., 2009, Yoshida et al., 2014). Managing the emerging ‘perfect storm’ of 
biodiversity, environmental, and food security challenges will result in complex land use trade-offs 
between multiple stakeholders (Laurance et al., 2014, Reid et al., 2010). Accepting complexity is 
useful and necessary to avoid over simplistic management mechanisms (McShane et al., 2011). As 
biodiversity conservation and economic development agendas collide we need to develop better 
methods to recognise, quantify, and resolve conflicts between multiple stakeholders in 
multifunctional landscapes (Hirsch et al., 2011, Luck et al., 2012b, Sayer et al., 2013). 
This thesis aimed to outline and discuss some of these complexities, quantify potential land-use 
trade-offs, and provide indications of when different solutions might be preferred.  
8.1.1 Integration of ecosystem services with landscape and trade-off approaches 
In parallel with the concept of ecosystem services, two movements in conservation and 
development planning that are graining traction are the “landscape approach” (Sayer et al., 2013), 
and a “trade-off approach” (McShane et al., 2011). The philosophy of landscape approaches is to 
recognise the multiple social, economic, environmental, and biodiversity conservation stakeholders 
and their needs and aspirations, accept that these may compete and conflict, and plan for them 
accordingly. Landscape contexts may be defined in biophysical or socio-economic terms, generally 
consisting of multiple land uses and multiple stakeholders that have a certain degree of interaction, 
and defined with respect to a specific set of objectives (Sayer et al., 2013). While there is no 
universal definition, landscape approaches place emphasis on the aggregate properties of 
landscapes, engaging with and recognising the ambitions of an appropriate number of stakeholders, 
and ensuring a shared understanding and acceptance of the justification for and legitimacy of 
proposals for land use and management. 
Trade-off approaches similarly emphasize that solutions need to recognize that trade-offs 
between outcomes for multiple stakeholders are inevitable, as one-size fits all solutions are unlikely 
in multi-scale and multifunctional landscapes (McShane et al., 2011). They also emphasise that 
complexity and uncertainty are inherent in conservation and development problems, and solutions 
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are likely to be context dependent (McShane et al., 2011). Nevertheless, better ways to understand, 
analyse, and communicate trade-offs are required, along with institutions that can effectively and 
equitably distribute or redistribute benefits and costs of implemented actions (Luck et al., 2012b, 
McShane et al., 2011). 
The ecosystem services paradigm seeks to identify the different values people may have, and 
this provides a useful framework to understand the relationship society has with our environment 
(Jax et al., 2013). This is highly compatible with clarifying values in order to quantify trade-offs 
and trade-offs that inherently occur at landscape scales (Luck et al., 2012b). These different 
approaches need to be integrated so we can better achieve the synergies we seek from conservation 
and development, or ecosystem service initiatives more specifically (Hirsch et al., 2011, Howe et 
al., 2014, McShane et al., 2011). Ecosystem services, landscape approaches, and trade-off 
approaches are not mutually exclusive and need not be seen in opposition. In this thesis I have tried 
to integrate these where possible. For example, in Chapter 2 I deconstruct the meaning of value in 
an ecosystem service driven mechanism (REDD+), and discuss how a modular mechanism may be 
able to better incorporate the preferences of different stakeholders. Also, in Chapters 6 and 7 I take 
an ecosystem service approach to defining different values that may be derived from a landscape 
and I link these values to distinct stakeholder groups and their demands through the use of threshold 
targets. I then demonstrate the different trade-offs that are likely faced by stakeholders under 
various scenarios at the scale of whole landscapes. 
8.2 Recognising, valuing, and integrating ecosystem services into land-use 
management 
8.2.1 Understanding and incorporating the social value of carbon into carbon 
markets. 
Forest carbon management is not a simple task. In Chapter 1 I have briefly outlined the many 
biophysical, economic, and social interactions, non-linearities, and constraints that can result in 
complex land use problems. As discussed in Chapter 2, these are particularly pertinent in 
discussions of REDD+ and in peat carbon management, and projects dressed up as ‘win-wins’ often 
belie substantial trade-offs (Phelps et al., 2012). In addition, Law et al. (2011) emphasises that 
discussions of REDD+ ought to recognise this complexity, and the context specific impacts that 
programs and projects under REDD+ may likely engender. Further discussion on how to embrace 
complexity and employ a trade-offs framework in the context of REDD+ are outlined by Hirsch et 
al. (2011). Chapter 2 develops these themes, and asks: what are the different aspects of social, 
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environmental, and economic value that may be attached to forest carbon mechanisms, and how 
might an international institution be able to better incorporate and exploit these multiple values 
(Law et al., 2012)? In Chapter 2 I outline how concepts of risk and co-benefit change the social 
value of a CO2e unit of carbon, the common metric employed by climate change mitigation 
mechanisms. By distinguishing these in a market mechanism (such as that suggested for REDD+ at 
the time) we may be able to better enable both consumers and producers to express their values in 
the marketplace. For those aspects of forest carbon production that are not suited for 
commodification, due to low or risky financial returns, difficulty in measurement and verification, a 
high possibility of leakage and challenges to proving additionality, then a differentiated mechanism 
may allow for alternative routes of funding. 
The resulting ‘modular’ mechanism proposed in Chapter 2 may be complex, but it does 
emphasise that simple options may not be appropriate to capture the many different aspects of 
environmental and social value of carbon in markets. The challenges of creating an international 
forest carbon mechanism under the UNFCCC have still not been resolved as of the completion of 
this thesis, and while REDD+ has trended towards a fund based mechanism (the ‘Green Climate 
Fund’) operating at a national scale, there is much flexibility in how this will translate to on ground 
actions. The newest draft from the Green Climate Fund suggests that all five activities (reduced 
deforestation, reduced forest degradation, forest conservation, sustainable forest management, and 
forest enhancement) will be eligible, and that there may be access to ex ante funding (GCF, 2014). 
Only time will tell if the sentiments in this draft are developed to the point of implementation. 
Currently many differentiated project and capacity building funds, and voluntary markets exist – 
essentially a ‘modular’ mechanism by default, but one that is not well integrated across scales and 
institutions. 
Which mechanisms may be most useful for which types of forest carbon? Chapter 2 briefly 
discusses some implications of different mechanisms, but not in great detail. Several reviews point 
towards differential effectiveness of alternative policy mechanisms in different contexts with 
regards to agri-environmental schemes (Hanley et al., 2012), different social contexts (van 
Noordwijk and Leimona, 2010), conservation of globally important species with high negative 
impacts locally (Dickman et al., 2011), carbon markets or regulation (Bryan et al., 2014, Busch et 
al., 2012, Goulder and Parry, 2008), and under conditions of environmental variability (Vogt, 
2014). Other research suggests particular design elements may be equally or more important than 
overall mechanism choice (Kemp and Pontoglio, 2011). Further research and systematic evaluation 
of the context-specific benefits, challenges, and pitfalls of different mechanisms is still required 
(Kemp and Pontoglio, 2011, Muradian et al., 2013). 
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8.2.2 Understanding the implications of different metrics 
Incentives are usually based on rewarding actors proportionately for effort or achievement of 
outcomes, and therefore necessitating measures of performance. However, different metrics used 
within planning, monitoring and valuation may lead to very different outcomes (Bode et al., 2008, 
Mace et al., 2014). This issue is briefly discussed in Chapter 2, and expanded in more detail in 
Chapter 3. In Chapter 3, I modelled and mapped carbon in above-ground and below-ground 
stocks, as well as fluxes related to sequestration, oxidation and combustion in the Ex-Mega Rice 
Project (EMRP) Area in Central Kalimantan, Indonesia. I then used these to explore the substantial 
financial and carbon emission mitigation consequences that would arise from using the different 
carbon metrics. Chapter 3 revealed that conventional metrics used in forest carbon research and 
emissions mitigation schemes (i.e. carbon stocks and metrics that focus on above-ground biomass) 
do not perform well for describing carbon dynamics of the study region. As a consequence, these 
metrics largely fail to reflect the additionality and consequences of actions, and therefore may fail 
to incentivise positive actions in the most important locations. These findings also support the 
recommendation to use peat-specific carbon measurement methods for peatland carbon 
(Murdiyarso et al., 2010). 
Other studies on the topic of carbon metrics and alternative measurements (Petrokofsky et al., 
2012, Qureshi et al., 2012) have detailed the impacts of choice on agriculture (Reisinger and 
Ledgard, 2013) and forestry sectors (Guest and Strømman, 2014). Most of these have focussed on 
the accuracy of measures or funding implications of metrics. In Chapter 3 I also argued that in 
terms of incentivising action, the best metric may not be the most accurate one, due both to the cost 
of measurement and stakeholder perception of the metric. This is similar to the situation of 
charismatic animals sometimes not being reflective of the wider conservation needs of their 
ecosystems, but being useful in regards to procuring funding for these habitats (Caro, 2010). Further 
research into the biodiversity and social implications of the different metrics proposed for carbon 
management would also be valuable to assess the effectiveness, efficiency, and equity of different 
actions for multiple stakeholders (Jax et al., 2013). This would be akin to the surrogate taxa debate 
in biodiversity conservation but focussed on the outcomes associated with actions rather than 
patterns alone. This could be achieved using the carbon metric data from Chapter 3 along with the 
ecosystem service data developed in Chapter 4. Overall, different metrics will likely be valuable 
for different policy applications that broadly seek to achieve the same goal, and the best metrics will 
be the ones that incentivise the most positive actions in appropriate places, without creating 
perverse incentives. 
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8.2.3 Valuing ecosystem services in data poor regions  
Ecosystem service valuations, and particularly spatial analyses useful for land-use planning, are 
heavily biased towards developed countries (Ferraro et al., 2011, Martinez Harms et al., 2015, 
Seppelt et al., 2011). This stands in contrast to the reliance on some ecosystem services in 
developing countries particularly by rural and frontier populations (Carpenter et al., 2009, Fisher et 
al., 2013, Raudsepp-Hearne et al., 2010). This may partially be explained by the land scarcity in 
more developed regions, and therefore the need for conservation to consider the provision of 
benefits from whole landscapes. The bias is however also likely to be driven by data availability 
and quality, and limited transferability of models developed for data-rich contexts to those that are 
data-poor, and with limited expertise to do this. 
In Chapters 3 and 4 I developed novel models to spatially value ecosystem services for a data 
poor region of a developing country. I aimed to make the best use of available data, and tried to 
ensure the values derived during quantification are an appropriate reflection of stakeholder values. 
For example, as standard carbon models would not have adequately captured carbon dynamics in 
the region (Murdiyarso et al., 2010), in Chapter 3 I developed a novel process model for carbon 
that could incorporate locally derived parameters where possible. Similarly, in Chapter 4 I 
developed a novel method to value benefits arising from smallholder agriculture that aggregates 
returns from multiple crop types that are generally found together in farming systems and 
incorporates the value of non-marketed produce (Chapter 4). Also in Chapter 4 I employed 
standard concepts from systematic conservation planning often not used in ecosystem service 
assessments to provide a metric of importance for biodiversity. 
Landscape-scale studies incorporating multiple ecosystem services are inherently data intensive. 
Data availability limited my ability to consider a full range of ecosystem services and spatio-
temporal processes in this thesis. These caveats apply to Chapter 4 and also the subsequent 
analyses that use this data (Chapters 6 and 7). Two ecosystem service categories that would be 
interesting and useful to include would be non-timber forest products (NTFP) and hydrological 
services such as flood and drought control. Peatland hydrology has strong spatial and temporal 
dynamic components, and will be further addressed in section 8.4.1. NTFP can be particularly 
important in relation to both diet quality and as a source of household income (Powell et al., 2013, 
Wunder et al., 2014). Recent global analysis suggests income from NTFP and other non-crop areas, 
such as fallows, may constitute 28% of rural livelihoods, almost equal to that from crops (29%) 
(Angelsen et al., 2014). NTFP can be important both in response to seasonal shortages in crops and 
as safety nets in cases of unexpected crop failure (Wunder et al., 2014). Recent analyses of people’s 
Chapter 8 190 
perceptions of forest in Borneo may allow for the development of NTFP value maps in the future 
(Meijaard et al., 2013). 
Ecosystem service valuation has often been critiqued for not assessing service value with 
respect to stakeholder demand (Bagstad et al., 2013, Villamagna et al., 2013), and more broadly, to 
human welfare (Daw et al., 2011, Raudsepp-Hearne et al., 2010). Through comparison to targets 
representing the aspirations or expectations of stakeholders, I link the assessments of ecosystem 
service potential to demand (Chapter 6). This represents a simple way to incorporate and compare 
value and trade-offs between stakeholders and ecosystem services without resorting to 
monetisation, as discussed in Chapter 6. Further research could develop the relationship of these 
values with human welfare considerations, for example by incorporating targets for food quantity 
and quality, and assessing both on-farm and off-farm smallholder agricultural income. Equity 
assessment could be extended through developing specific targets for local indigenous (Dayak) 
stakeholders, early transmigrants, and new transmigrants. For example, several medium-term 
development plans have been designed by local Dayak villages under the Kalimantan Forest Carbon 
Project (KFCP) that could be readily translated into localised targets or incorporated as constraints 
within the analysis. 
8.3 Improving land use planning for multiple stakeholders and complex landscapes 
8.3.1 Using land sharing and land sparing as generalised land management 
strategies 
Given the prevalence of land sharing and land sparing policies in developed and developing 
countries around the world, it is imperative that we gain a better understanding of their impacts in 
different contexts and for multiple ecosystem services. In Chapter 5, I provide the first systematic 
analysis of the impact of land sharing and land sparing strategies for biodiversity and agricultural 
production in a simplified model landscape. While some of revealed drivers of preference for either 
strategy were similar to those that have been identified previously, such as the types of species 
considered, I also identified drivers that have been rarely accounted for including the baseline 
proportion of agricultural land use, the objective, and the decision criteria. In Chapters 5, 6 and 7 I 
apply different modelling techniques to analyse the question of whether land sharing or land sparing 
would deliver better outcomes for the EMRP region and then undertake an integrated comparison of 
each approach, which is elaborated in Chapter 7. The differences observed from the results of these 
chapters emphasise that in addition to landscape context another important determinant of 
preference is the constraints that are imposed within the problem definition.  
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Further developments of this body of research could include a wider range of landscape 
characteristics and contexts in the simplified analyses developed in Chapter 5, for example by 
extending the method to other case study areas, and investigating the impacts of important policy-
relevant challenges such as leakage and displacement of threats. Developing on from Chapter 7, 
the landscape characteristics that make different parts of the landscape preferable for land sharing 
or land sparing could be determined, and these could be related to the results of Chapter 5. The 
concept of “anthromes” (Ellis and Ramankutty, 2008) or similar categories of “land systems” 
(Asselen and Verburg, 2012) could be used to characterise landscape contexts and facilitate greater 
generalisation of socio-economic contexts. Several recent papers have used the anthromes concept 
to assess and identify relevant conservation strategies (Ellis, 2013, Quinn et al., 2014), including 
one I co-authored during the candidature of my thesis (Martin et al., 2014b). 
In this thesis I have assessed the policy objective of land sharing and land sparing strategies, and 
not specific mechanisms for achieving these policy outcomes. Many avenues to increasing 
production and profitability exist (Phalan et al., 2011a), and similarly many options for making 
agricultural land more compatible with biodiversity conservation (Kremen and Miles, 2012). I have 
not aligned land sparing policies with intensification that involves increases in technology, chemical 
use, or genetic modification, nor do I align sharing policies with agroforestry, organic production, 
or farm diversification. Similarly, I echo Phalan et al., (2011b) in emphasizing that spared lands 
need not be conventional, exclusive-use “protected areas”, but can include also community or 
indigenous reserves, conservation concessions, or habitat banking. Further, I recognise that options 
for sustainable intensification may be possible (Mendenhall et al., 2014, Phalan et al., 2011a). 
These are likely to be more available when starting from a poor yield and degraded baselines 
(Firbank et al 2013a; Kremen and Miles 2012), particularly in developing country contexts 
(Perfecto et al., 2007; Perfecto and Vandermeer, 2010; Clough et al., 2011; Waldron et al 2012), 
and likely including my study region. While I did not explicitly test for it, my results suggest 
caution against blindly endorsing these seemingly “win-win” strategy options: land sharing 
strategies that impacted yield but provided high benefits for biodiversity often performed better than 
those that did not impact yield but only provided moderate benefits. In other words, while available 
“win-win” strategies may lead to Pareto improvement, they may not necessarily reach the Pareto 
frontier. Further research developing on from Chapter 7 would be valuable to explicitly test a ‘win-
win’ strategy in which both biodiversity and agricultural production experience increases in benefit 
(though likely not as high as in respective single strategy options), against the single and mixed 
policy scenarios. 
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In Chapter 6, I found that land sharing and land sparing strategies will not compensate for poor 
land use planning from the outset. This supports the expectations of Lindenmayer and Cunningham 
(2013), and emphasise that options for land sharing and land sparing ought not be viewed in 
isolation from other strategies aimed at increasing sustainability and biodiversity of agricultural 
landscapes. Land sharing and land sparing analyses tend to focus on particular land management 
solutions that centre on land use and allocation (Green et al., 2005). Recent research has highlighted 
alternative solutions, for example, both Foley et al. (2011) and Bajzelj et al. (2014) find demand 
side management as integral in reducing agricultural impacts. Yet it is important to view these as 
complementary activities, as multifaceted approaches have the best potential to achieve outcomes 
efficiently and equitably (Foley et al., 2011). While previous analyses of land sharing and land 
sparing could be seen as polarised and over-simplified, we can move the debate forward by 
developing analyses using principles of ecosystem services, landscape approaches, and trade-off 
analyses, and not losing sight of all alternatives for land use and management, as suggested by 
Fischer et al. (2014), and demonstrated in this thesis. 
8.3.2 A novel method to identify production possibility frontiers 
With land use trade-offs becoming increasingly common and land increasingly contested we 
need to find better ways to analyse trade-offs and identify optimal compromise solutions for 
multiple stakeholders (Hirsch et al., 2011, Jax et al., 2013, Lautenbach et al., 2013, McShane et al., 
2011). PPF analyses have been put forward as a method for this (Seppelt et al., 2013; Chapter 7). 
PPF analyses are advantageous over scenario analyses that restrict ‘trade-off’ analyses to a limited 
number of a priori zoning plans that are clearly sub-optimal (Lautenbach et al., 2013). It allows us 
to explore the potential limits of the various land use policies, identify to what extent current land 
use and land use plans fall short of the Pareto frontier, and point towards ways in which these could 
be improved (Lautenbach et al., 2013). However, previous applications of PPF analyses in the 
context of multiple ecosystem services have generally omitted or vastly simplified biodiversity 
representation, for example by selecting only one species to represent, or by omitting 
complementarity (as discussed in Chapter 7). 
In Chapter 7 I introduced a novel method to identify a relevant portion of the landscape 
production possibility frontier (PPF). This combined the theoretical framework of ecosystem 
services with recent advances in systematic conservation planning that enabled quantification of 
multiple benefits in heterogeneous landscape zones and account for the complementarity of 
locations for production and biodiversity features (Watts et al., 2009). One of the challenges of 
deriving PPF information is communication of the complex results to stakeholders and decision-
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makers (Lautenbach et al., 2013). Ruling out non-suitable solutions is one approach (Lautenbach et 
al., 2013), operationalized in Chapter 7 through identifying target thresholds to constrain the 
solution. Caveats of this method are described in detail in Chapter 7. Technical improvements 
could include refinement of the parameterisation process (Saltelli and Annoni, 2010), or conducting 
additional iterative searches from current solutions using Pareto objectives (Lautenbach et al., 2013, 
Polasky et al., 2008). Implementation improvements could include a greater participation of 
stakeholders in developing data on benefits, costs, targets, and constraints (Sayer et al., 2013), 
inclusion of spatial and temporal dynamics (Bagstad et al., 2013, Barraquand and Martinet, 2011, 
Hooijer et al., 2012, Wich et al., 2014), and development of a more user-friendly interface to the 
program. Such refinement of the method will facilitate the practical implementation of this 
approach, and make it readily applicable to further case study regions. 
8.3.3 Evaluating mixed strategies 
It has been proposed that mixed strategies (those that capture elements of land sharing and land 
sparing) may provide a superior option to either land sharing or land sparing alone (Adams, 2012, 
Fischer et al., 2008, Koh et al., 2009, Scariot, 2013). However, little evidence is provided for this 
other than citations of the biophysical heterogeneity of the landscape. These largely untested 
hypotheses have led, for example, to the endorsement of low-intensity agriculture ‘buffers’ around 
existing protected areas (Koh et al., 2009). Variation in landholder preferences could also indicate 
possible benefits of considering a range of policy options (Meijaard et al., 2013). The few land 
sharing and land sparing analyses that have included mixed strategies have indicated that one 
strategy, usually land sparing, is superior over the other (Green et al., 2005, Hulme et al., 2013), but 
have been criticised for their failure to account for numerous social and ecological complexities, 
such as cultural preferences and multiple production types (Fischer et al., 2011). Interestingly, 
while the results of Chapter 7 suggest a landscape preference for land sharing, a mixed strategy did 
not produce substantially better results than a pure sharing approach. Further, any minor benefits 
may be lost in transaction costs for developing an additional mechanism (Ofei-Mensah and Bennett, 
2013). However, if spatial dependencies are considered there may be synergistic benefit of mixed 
strategies in terms of biodiversity meta-population persistence, at least for some species (Schippers 
et al., 2009; Grashof-Bodkam et al., 2009). Analyses incorporating improved and additional data, 
including transaction costs, social preferences, the likelihood of policy success, and spatial 
dependencies would be required to be more certain in this regard. However, it does emphasise that 
mixed policy scenarios (and also sustainable intensification) ought to be comprehensively tested 
before being endorsed on the basis of philosophical preferences alone. 
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8.3.4 Exploring outcomes of land use plans and policies in a globally important 
region 
The EMRP is a globally important region for REDD+ actions. Given the biodiversity and social 
safeguards implemented in REDD+, this demands a multi-stakeholder, integrated landscape scale 
solution. Provincial level land use plans for Central Kalimantan are as yet not finalized (Sumarga 
and Hein, 2014), and carbon mitigation actions at a sub-national scale under REDD+ have not been 
specified. I hope this body of work will instigate refinement of future zoning plans for the region to 
facilitate progress toward international and national policy targets. 
Aside from providing data on the spatial value of a number of important ecosystem services, my 
research identified that existing land use planning is not likely to satisfy the needs of all 
stakeholders in the region (Chapters 6 and 7). The optimisation analysis (Chapter 7) confirms that 
the conservation zones proposed for extant forest areas are also located in areas with less value for 
agriculture (Chapter 4) and that oil-palm should be allocated to already degraded areas (Fitzherbert 
et al., 2008, Koh et al., 2011). Yet even the extensive conservation zones planned under the 
optimistic INPRES and EMRP Master Plan scenarios were insufficient for all biodiversity features, 
some forest types and primate species are not adequately represented in these areas (Chapter 6). 
While optimisation of land uses could improve prospects for biodiversity, these resulted in a trade-
off between smallholder agriculture and oil-palm objectives due to scarcity of suitable land 
(Chapter 7). Extensive areas of conservation would be required to accommodate intensive 
agriculture (i.e. oil-palm) compared to wildlife-friendly agriculture and smallholder agriculture. 
Solutions in these latter scenarios were noticeably easier to achieve compared with the former, as 
evidenced by the extent of land allocated to ‘unmanaged’ in land sharing and smallholder 
agriculture dominated scenarios (Chapter 7). This suggests that solutions in the EMRP are strongly 
dominated by the need for biodiversity features to be represented in the matrix (i.e. outside of 
protected areas) in this study system. This result is likely to be due to the degraded nature of the 
landscape, on which any changes in use or management are improvements from the status quo in 
most respects. It also echoes calls to consider the biodiversity value of production areas in 
Kalimantan (Chapter 1; Venter et al., 2013, Wilson et al., 2010). 
We tested only two ends of the scale on zoning constraints: where land use is completely 
constrained by existing zoning plans, and where land use is unconstrained. In reality, both of these 
are unrealistic. Furthermore, no amount of land sharing or sparing policy will be able to compensate 
for fundamentally inadequate land use planning, for example those which overcommit natural 
resources particularly in places that are disproportionally important for persistence of biodiversity 
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and ecological resources (Lindenmayer and Cunningham 2013). More conclusive recommendations 
for the study region are dependent on investigation of a greater range of constraints reflecting both 
existing land and legislative claims as well as biophysical conditions, and also on more specific 
land use policies and the opportunity for and feasibility of enacting changes in use and management 
(Martinet and Barraquand, 2012). This could include analysis with a greater emphasis on the 
effectiveness of incentives (e.g. Bamière et al., 2011, Bryan et al., 2011, Martinet and Barraquand, 
2012, Nelson et al., 2008). Overall, land-use policies will have to be carefully designed to 
appreciate and accommodate the complexities and interactions between ecological, political, social, 
economic, technological, and physical influences on agricultural and conservation policy (Mattison 
and Norris, 2005). Thus, integrating local, regional, and global environmental and economic 
scenarios will also be valuable, as demonstrated by my co-author paper (Bryan et al., 2014). 
8.4 How to translate this work into more usable tools for decision makers? 
Part of providing research that is relevant to decision-makers is asking the right questions, and 
recommending solutions appropriate for the specific contexts. Through Chapters 1-2, and my co-
author paper (Martin et al., 2014b) I have emphasised why biophysical, baseline, objective, and 
decision contexts matter. The results of Chapters 3-7 and co-authored papers (Bull et al., 2014) 
and (Bryan et al., 2014) have illustrated the importance of context, including how questions are 
framed (i.e. the objectives), the values and demands of the stakeholders involved, the future land-
use scenarios envisaged, as well as the biophysical constraints of the landscape. This has clarified 
some of the challenges and trade-offs faced by stakeholders, in particular identifying that not all 
targets are likely to be met without either a substantial restructure of land use and improvements in 
the benefits derived, or through revision of the targets themselves. However, in this thesis I have 
evaluated the outcome of different policy objectives (assuming the policy is successfully enacted), 
rather than exploring outcomes of specific policies. Therefore, results of my research should 
certainly not be seen as land-use plans in and of themselves, and further context specific assessment 
will be required. Decision-making should also ideally supported by relevant, timely, and interactive 
information that conveys information about costs, benefits, and risk associated with different 
scenarios (Cowling et al., 2008, Knight et al., 2011a, Knight et al., 2006, Pressey et al., 2007). 
One major challenge will be to translate these technically complex models and model outcomes 
into language that policy-makers and land-use planners can use. Some of the tools I have employed, 
particularly the PPF tools, are time and resource intensive and cannot provide real time feedback in 
management decision-making settings. Ideally decision-makers should be able to work with models 
and algorithms in real-time and explore the consequences of different approaches to land use, 
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including through the use of participatory modelling (Becu et al., 2008, García-Barrios et al., 2008). 
While the processing requirements of optimization analyses in heterogeneous landscapes with 
multiple stakeholders and objectives currently limits the feasibility of this, the outputs of this thesis 
could be incorporated into a decision process involving scenario analysis (e.g. Chapter 6) for faster 
feedback, and be informed by the general guidelines derived from the simplified models (Chapter 
5).  
8.4.1 Incorporating better costs, opportunities, spatial and temporal dynamics, and 
uncertainty 
Improvements on the analyses undertaken in this thesis, particularly with respect to Chapters 6 
and 7, could involve incorporating information on a wider range of costs, opportunities, spatial and 
temporal dynamics, and taking into consideration uncertainty. I summarise below some of the 
implications and possible ways these could be included in further study. 
Costs are important to consider in conservation planning, as often these are spatially 
heterogeneous (Armsworth, 2014, Naidoo et al., 2006), and distributed unevenly among 
stakeholders (Adams et al., 2010, Coggan et al., 2013). My research has focussed on whether all 
land use targets could be met given predominantly biophysical constraints, and therefore seeks to 
answer an “is it possible” question. As such the costs of restoration are less critical compared to a 
“how will it be possible” style question (Arponen et al., 2010, Kremen et al., 2008) or one that 
addresses the feasibility of different actions (Armsworth, 2014, Arponen et al., 2010). While my 
analyses did consider some costs, for example those involved in agricultural production and the 
costs of transporting timber to mills, the costs of restoration for biodiversity or carbon management 
were not included. At this stage, it is not clear to whom these latter costs will accrue. For example, 
whether costs for restoration will fall on local people, local or national government, or whether 
international finance might be sourced for this purpose. The latter would recognise that the primary 
benefit of this activity accrues globally and thus match the international stakeholder with the 
respective costs. Different mechanisms will have different cost profiles (Davies et al., 2010, Kim et 
al., 2014, Lennox and Armsworth, 2013, Ofei-Mensah and Bennett, 2013). There will also be 
heterogeneity of costs due to differing appropriate actions (Auerbach et al., 2014, Wilson et al., 
2007), and stakeholder preferences (Ando and Shah, 2010, Armsworth et al., 2013). Surveys of 
stakeholders and choice experiments may be useful ways to elicit costs of different conservation 
actions in this landscape (Bush et al., 2013, Moro et al., 2013). 
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Aside from monetary costs, conservation planning can also benefit from assessing where 
opportunities exist to leverage on social capital (Guerrero et al., 2010, Knight et al., 2011b). 
Heterogeneity in social preferences for different conservation mechanisms is known across Borneo 
(Abram et al., 2014a). These could translate into differences in private or community willingness to 
participate in conservation, such as a willingness to sell or provide land for restoration and 
conservation (Guerrero et al., 2010, Knight et al., 2011b), or a willingness to volunteer time and 
other resources (Ando and Shah, 2010, Armsworth et al., 2013, Kroetz et al., 2014). Governance 
characteristics can also affect political will and ability to conduct conservation activities, and may 
impact on likelihood or costs of conservation activity success (Eklund et al., 2011). These non-
monetary considerations are of particular importance in the EMRP as governance and tenure has 
been hotly contested (Galudra et al., 2011), and as previous efforts have had varying success due to 
social complexities (Jewitt et al., 2014). However, future prospects for the EMRP may improve, as 
both Indonesian government and private industries increasingly move towards positive actions for 
forest and peatland conservation and management (Luttrell et al., 2014, Wakker, 2014). 
Spatial considerations include the shape and connectivity of land use zones (Williams et al., 
2005), externalities and other off-site impacts (Azhar et al., 2014, Carvalheiro et al., 2010, Phalan 
et al., 2011a), and the flow of ecosystem services to consumers (Bagstad et al., 2013). Spatial 
configurations and matrix permeability have been recent foci of SLOSS research (Humphrey et al., 
2015), and such research is likely to be useful for integrating the influence of spatial characteristics 
into analyses of land sharing and land sparing. One recent example of spatial dependencies in land 
sharing and land sparing is Gilroy et al. (2014), who show significant declines in the value of land 
sharing for bird and beetle biodiversity with increasing distance to contiguous forest. With adequate 
information on the importance of symmetric or asymmetric connectivity (Beger et al., 2010) spatial 
considerations could be integrated by employing well-tested models and algorithms (Bamière et al., 
2011, Holzkämper and Seppelt, 2007, Polasky et al., 2008, Williams et al., 2005).  
The parameters and conditions employed in this study are likely to change through time but for 
the most part are assumed to be static. Violation of this assumption will have important implications 
for the sustainability of future land uses. For example, peat subsidence in the land uses with high 
drainage (oil-palm, but also intensive agriculture crops) may result in localized or large-scale 
flooding, and subsequent reduced or zero yields, which may result in land abandonment with 
related carbon and biodiversity implications (Abram et al., 2014b, Hooijer et al., 2012). Climate 
change predictions for Borneo suggest an increased seasonality of rainfall, with dry seasons 
becoming drier and wet seasons wetter (Kumagai and Porporato, 2012). There is considerable 
uncertainty surrounding impacts of El Niño events however (Collins et al., 2010), which is a key 
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driver of the regional climate, particularly the intensity of the dry season. Increased seasonality of 
rainfall may further emphasize the hydrological benefits of intact peatland (Wösten et al., 2006) 
though impact on peat swamp forest and associated agricultural systems is largely unknown (Wich 
et al., 2012). Variability in economic parameters such as commodity prices are potentially 
important as well, particularly in relation to development of peatland in the region (Barraquand and 
Martinet, 2011, Carrasco et al., 2014). If these temporal dynamics can be quantified adequately then 
it would be possible to include them in future land use planning (Barraquand and Martinet, 2011, 
Drechsler et al., 2009, Seppelt et al., 2013, Visconti et al., 2010). 
Aspects of risk and uncertainty can also change preferences for different solutions. Developing 
and improving predictions and forecasts for the future has been identified as a ‘grand challenge’ in 
sustainability (Reid et al., 2010) and uncertainty from various sources can be integrated into land 
use planning. For example, spatial conservation priorities may change when uncertainty in the 
accuracy of the underlying data is considered (Tulloch et al., 2013), preferences and priorities may 
change if risk is accepted (Gren et al., 2014, Tulloch et al., 2014), or if pre-emptive rather than 
reactive actions are accepted (Spring et al., 2007). As neither restoration success nor agricultural 
production are entirely deterministic due to reliance on climatic suitability and anthropogenic 
influences (Wilson et al., 2011b), incorporating information on the likelihood of success of 
different types of land-use activities will be valuable for further land use planning in the EMRP. 
8.5 Why have restoration projects in the EMRP region failed? 
While the main aims of this thesis were to examine potential outcomes of contemporary land 
use policy at the scale of the EMRP, it is also informative to reflect on the outcomes of the 
numerous policies and programs that have been directed at peatland management and restoration in 
the region. In section 8.5.1 I briefly outline the major land-use policies, regulations, agreements, 
and decisions that have impacted the EMRP region, as well as the main restoration projects that 
have largely been driven by international actors. In section 8.5.2 I focus on the Kalimantan Forests 
Carbon Partnership (KFCP) project, the centrepiece of the $100 million Indonesia-Australia Forest 
Carbon Partnership (IAFCP). This is the most recently completed project with the most available 
information critiquing the project. 
8.5.1 Historical overview of policies and projects in the Ex-Mega Rice Project area 
Land tenure and responsibilities for directing land use and management of the EMRP region 
have typically involved a tug-of-war between local, regional, and national government (Figure 8.1). 
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Informative discussion of the policy environment is provided by (Galudra et al., 2011) and more 
specifically regarding indigenous perspectives by (Jewitt et al., 2014), and information from these 
sources is summarised herein. Historically, under Dutch colonial rule and in the early years post 
Indonesian independence (under Agrarian Law No5/1960), customary (adat) land rights and 
management were recognised and land use and management in the EMRP was largely dictated by 
local communities. However, in the Soeharto era (Centralisation, 1965-1998), there were a series of 
regulations that both caused and capitalised on diminished customary laws, resulting in a gradual 
transfer of land-use and management rights to the Ministry of Forestry (MoF). These regulations 
did not repeal the customary rights established under the 1960 Agrarian Law, but largely annulled 
these rights. The MoF allocated large forestry concessions in the EMRP, resulting in logging 
becoming prominent in the local economy, and forestry companies taking the rights to land 
management in concessions away from customary institutions.  
The implementation of the Mega Rice Project (MRP) saw the repeal of forestry concessions, 
and management transferred back to the state. Regulations were then adjusted to allow forest lands 
to be cleared and drained for agriculture. Towards the end of the Soeharto era (Reformasi), and the 
beginning of democratic rule policies of decentralisation, land use and management rights were 
transferred to the regencies. During this time adat claims received limited recognition, including the 
allocation of use rights up to 150m from river and canal banks (later this was informally extended to 
5km from villages). In 2001 regulations allowed regencies to grant rights to small forestry 
concessions, and this was largely exploited in the region until the MoF reclaimed this right in 2002. 
However, regencies could still allocate oil-palm and mining concessions, a right that was exercised 
in the region to expand these industries, but also to further exploit remaining forests for timber. 
Many of these forestry, mining, and oil-palm concessions overlapped, among themselves and with 
community claims.  
After REDD+ was formally put on the international agenda in 2005 (at the UNFCCC Bali 
Conference of Parties), the Presidential Instruction 2/2007 (INPRES 2/2007) declared Indonesia’s 
intention to rehabilitate and revitalise the EMRP region. The MoF developed a plan for ‘forest’ 
lands, and the remainder was allocated to the Ministry of Agriculture and the Ministry of 
Transmigration, but there was (and still is) uncertainty as to which land is under the responsibility 
of each ministry, and plans for non-forest land have not been developed. Granting of new 
concessions for oil-palm was halted, and some concessions in early procedural stages were 
annulled. 
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Recently there has been increasing international pressure to enact peat restoration in the EMRP. 
In 2009 Indonesia committed to a 26% reduction in GHG emissions (or 41% with international aid; 
(Luttrell et al., 2014). In 2010 international negotiations on REDD+ were gaining force, and Central 
Kalimantan was designated a REDD+ pilot region. Also in 2010, Indonesia signed a bilateral 
agreement with Norway, which led to a moratorium on new concessions on forest and peat lands 
(2011-2013, 2013-2015; Luttrell et al., 2014). A national REDD+ agency in Indonesia was 
established in 2013 (Rosenberg and Wilkinson, 2013). Aside from goals to mitigate climate change, 
haze produced by fires has is a regionally significant issue (Glover and Jessup, 1999). In 2014 the 
government of Singapore approved a Bill enabling companies to be fined that were found 
responsible for creating haze, even if the sources occurred offshore. Also in 2014 Indonesia ratified 
the 2002 ASEAN Agreement on Transboundary Haze Pollution (AATHP; Bell, 2014). 
Since 2001 there have been numerous internationally driven programs to develop methods and 
mechanisms for peatland restoration and community revitalisation in the EMRP, and in the 
neighbouring Sebangau National Park (Figure 8.1). These have primarily involved funding from 
Canada, the Global Environment Facility, the European Union, Netherlands, and Australia. These 
projects have generally included Indonesian partners, including government, national and local 
NGOs, and research facilities, however they have predominantly come under management from 
either international NGOs or their national programs, or international consulting agencies. They 
have generally aimed to develop similar outcomes, including canal damming and re-flooding, forest 
restoration, fire management, policy and methodological development, and some aspect of 
livelihood support (Figure 8.1). Of note, they have usually tended to work in the same areas 
(particularly block A and E of the EMRP), and have often involved the same on ground personnel. 
Some exceptions to these trends are the RESTORPEAT program, which was largely directed 
towards research, and the EMRP Master Plan Project, which was instigated to provide the 
government of Indonesia with a revised plan for land use in the EMRP to replace the interim plan 
enacted in INPRES 2/2007. This revised plan has not yet been accepted into regulation. The 
ASEAN driven SEApeat and APFP are also different in that they have been enacted at a higher 
level, but as far as I am aware both are yet to develop on ground activities and these may appear 
very similar to their predecessors. 
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Figure 8.1 (next page): A summary timeline and basic features of relevant policies, regulation, 
and restoration projects influencing the EMRP. A question mark indicates the data is unknown, and 
“++” indicates other funding parties or locations. Acronyms: Ministry of Forestry (MoF), Ministry 
of Agriculture (MoA), Ministry of Transmigration (MoT), Mega Rice Project (MRP), Indonesian 
Presidential Instruction (INPRES), Association of South East Asian Nations (ASEAN), ASEAN 
Agreement on Transboundary Haze Pollution (AATHP), Climate Change, Forests and Peatlands in 
Indonesia (CCFPI), Global Environment Facility (GEF), Canada (CAN), Indonesia (ID), Center for 
International Cooperation in Sustainable Management of Tropical Peatland (CIMTROP), 
Keanekaragaman Hayati (‘Biodiversity’; KEHATI), Restoration of Tropical Peatlands 
(RESTORPEAT), European Union (EU), Central Kalimantan Peatlands Project (CKPP), World 
Wildlife Fund (WWF), Borneo Orangutan Survival (BOS), Wageningen University and Research 
(Wageningen UR), Kalimantan Forest Carbon Project (KFCP), South East Asia Peat (SEApeat), 
ASEAN Peatlands Forest Project (APFP), Roundtable on Sustainable Palm Oil (RSPO). Diagram 
not to scale. Information on regulations and policies up to 2007 sourced from (Galudra et al., 2011, 
Jewitt et al., 2014), for 2007-2013 from (Rosenberg and Wilkinson, 2013), and for 2014 from (Bell, 
2014). Program information: CCFPI (CCFPI, 2004); RESTORPEAT (Wosten et al., 2008), CKPP 
(CKPP, 2008); EMRP (Euroconsult Mott MacDonald et al., 2008); KFCP (KFCP, 2009, Rosenberg 
and Wilkinson, 2013); and SEApeat/APFP (ASEAN Peatlands Forest Project, 2014) 
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8.5.2 The Kalimantan Forest Carbon Project 
The Kalimantan Forest Carbon Project (KFCP) commenced in 2008 as a REDD+ pilot project, 
and like its predecessors aimed to develop and demonstrate the necessary methodologies and 
capacity for peatland restoration. However, it differed slightly to the earlier projects given the focus 
on methodologies that would support a carbon market style mechanism, but also in the evolving 
socio-political environment in which it occurred. 
The KFCP was initiated with much fanfare and promise following significant advances in the 
development of REDD+ negotiations (Rosenberg and Wilkinson, 2013). The overall intention of 
the project was to develop a participatory project with equitable incentives for all local people 
(KFCP, 2009). In line with ‘pro-poor’ sentiments of contemporary REDD+ negotiations (Jewitt et 
al., 2014), the project was located in sections of the EMRP dominated by indigenous Dayak 
communities that had been negatively impacted by the MRP (sections of block A and E north of 
Mantangai). This area consisted of both areas that had been drained and deforested, as well as 
relatively intact forest that had been drained only. The KFCP attempted to mitigate carbon 
emissions through damming existing canals and preventing creation of more canals to restore peat 
hydrology and minimise fires, and reforesting cleared areas. The project description also included 
livelihood interventions (reducing use of fire in agricultural areas, clear cutting, and illegal logging), 
improving the capacity to measure and monitor carbon projects, and provision of incentive-based 
payments for carbon management activities. Livelihood interventions also included plantations of 
acacia and oil-palm in degraded areas by smallholders or concessionaires. As a pilot project, several 
experimental payment approaches were explored, including immediate input-based compensation, 
annual performance-based (mainly regarding inputs), and outcome-based (linked to carbon 
emissions mitigation estimates; KFCP, 2009). However it is uncertain as to what extent these 
different approaches were actually developed within the project. 
The original $30M project scheduled to run until 2012 aimed to re-flood 120,000 ha of degraded 
peatlands, protect 70,000 ha of remnant peat forest, and plant 100 million trees (KFCP, 2009). 
However, additional funding sources to support this did not eventuate and these targets were later 
revised to 15,500 ha of re-flooding, and 2,000 ha of reforestation. An additional $17M was 
provided through IAFCP and a further year added to the project duration. Some aspects of the 
project, principally “enabling learning from the pilot project” and “transitioning support for local 
participants” were extended for a further year until 2014. Overall, by the end of 2012 the project 
achieved approximately 1,050 ha of reforestation and decommissioned small canals over 525 ha of 
peatland (Rosenberg and Wilkinson, 2013). While 2.5 million seedlings were produced, estimates 
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place successful plantings at 0.5 million, and survival rates of seedlings have been cited as low as 
20% (Courtney-Mercer, 2014). These results compare relatively poorly, even to the immediate 
predecessor, the Central Kalimantan Peatlands Project (CKPP), a three year project which is 
reported to have constructed 24 large and 263 small dams over 60,000 ha, reforested 1500 ha of 
peatland, but also initiated 25 village fire brigades, delivered health access to 17 villages, provided 
agricultural extension programs, designated protected areas, facilitated 25 village development 
plans, collated and generated spatial data and analysis, instigated the EMRP Master Plan process, 
and provided input into international policy (CKPP, 2008). Why were these results from the CKPP 
and the KFCP so different, and what can we learn from this? 
The characteristic of being ‘over ambitious but underachieving’ is common to integrated 
conservation and development programs (Adams et al 2004). In the case of the KFCP, 
unpredictable and unavoidable obstacles to developing a viable approach for peat forest 
rehabilitation have been cited, including extreme flooding that limited access and surveys for two 
years, delayed approvals from all levels of the Indonesian government, and difficulty in procuring a 
company with the capacity to construct the larger dams (Rosenberg and Wilkinson, 2013). 
However, it is clear from the achievements of the previous projects that the biophysical knowledge 
for peatland restoration existed. Indeed plans had been developed under the KFCP and permits 
granted to block the large canals just prior to the scheduled completion of the project in 2013, after 
which this aspect of the project was no longer funded. 
While the Australian Government and the KFCP officially state that the project came to a 
scheduled end, other sources suggest that the project was ‘quietly shelved’ due to failure to achieve 
goals, but also a widespread and critical lack of community support from an international scale 
down to the local scale (Walker, 2013). On the part of the international community, and particularly 
the Australian Government, some of this lack of support is likely due to the labouring evolution of 
international climate negotiations, numerous pilot schemes that have failed to achieve expectations, 
and a global financial crisis that reduced political motivation for REDD+ projects. Furthermore, 
these projects have demonstrated that private investment in peatland carbon is, at least in the short 
term, unlikely: profit from carbon emission reduction activities on peatlands have been marginal at 
best, particularly accounting for transaction costs, as well as volatility in international carbon prices 
(Rosenberg and Wilkinson, 2013). At a local scale have been challenges surrounding land tenure, 
ensuring social safeguards, and measuring and monitoring emissions (Jewitt et al., 2014, Rosenberg 
and Wilkinson, 2013).  
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8.5.3 A lack of community support 
Engagement with local stakeholders is a key recommendation in developing social safeguards in 
REDD+ (Arhin, 2014), and for effective land management more generally (Ban et al., 2013, Sayer 
et al., 2013). In the case of the KFCP there are conflicting reports of the level and effectiveness of 
community engagement. Some reports cite “full and effective participation of communities in all 
project phases” (De Lacey, cited in Lang, 2011, Rosenberg and Wilkinson, 2013), while others 
detail failure in this regard (Courtney-Mercer, 2014, Walker, 2013). Allegations were made that 
while the KFCP delivered many public information sessions (and indeed paid people to attend 
these), communities report not being involved in decision-making (Courtney-Mercer, 2014). 
One of the main points of contention and confusion was land tenure. Land tenure, including 
distinctions between ‘ownership’ and ‘use rights’ have a complicated and contested history in the 
EMRP (Figure 8.1; section 8.5.1; Galudra et al., 2011, Jewitt et al., 2014). In the KFCP claims 
made by villages, oil-palm concessions, and government agencies overlap (Galudra et al., 2011, 
Jewitt et al., 2014). KFCP intended to provide a forum to resolve land disputes, and aimed to gain 
trust and support of local people, however the ability to resolve tenure was clearly out of the scope 
of the KFCP. Further, the KFCP may have merely added another level of complexity to the region. 
The restrictive actions implemented by the KFCP were sometimes viewed by communities as 
indistinct from other claims over their land, including the ‘protected area’ designations of the 
CKPP, claims of oil-palm or forestry concessions, and the loss of community forests to the Mega 
Rice Project (Courtney-Mercer, 2014). The overwhelming sentiment of local participants (and their 
NGO supporters) seemed to be for securing land tenure, but while the KFCP potentially could have 
done better in managing their interactions with community groups, the ‘safeguards’ issue of land 
tenure was insurmountable by the KFCP. There was a clear disconnect between what the KFCP was 
tasked to do, what political rhetoric suggested it would do, what it was reasonably able to achieve, 
and what the local communities desired. 
REDD+ is seen as offering an alternative livelihood option for forest-dependent people, and 
thereby contribute to sustainable development in these regions. Yet forest-dependent communities 
have often been negatively impacted by protected areas and new forest-management initiatives 
(Antle and Stoorvogel, 2009, Springate-Baginski and Wollenberg, 2010). Funding via international 
sources forced the KFCP to operate from a higher scale of governance, and as such transaction costs 
were great, along with the likelihood of corruption and inequitable distributions (Jewitt et al., 2014). 
While the KFCP did offer financial incentives for participation, for a large part these were limited 
to remuneration for manual labour, not consistently and equitably distributed, and not seen as a 
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sustainable means to develop social capital (Courtney-Mercer, 2014, Jewitt et al., 2014). The 
variety of different mechanisms trialled by KFCP is also likely to have been confusing, and 
villagers could not see parallel actions occurring within neighbouring industrial oil-palm and 
forestry activities (which were outside the scope of the KFCP), despite these being a greater threat 
to peatland carbon. Finally, species selection for restoration largely ignored local knowledge of 
suitable species, and social preferences for economically useful species, and instead was biased 
towards biodiversity and carbon concerns (Courtney-Mercer, 2014, Jewitt et al., 2014). Thus a lack 
of substantial and attractive opportunities for livelihood diversification likely compounded the 
underlying hostility associated with land tenure and contributed to the failure of the KFCP. 
8.5.4 Future potential for peatland restoration 
The KFCP replicated the tenure, local partnership and conflict resolution issues that were 
featured in past efforts both in the EMRP and elsewhere (Nawir and Rumboko, 2007). Future 
projects must learn from the past experiences, and in particular negotiate the wicked problem of 
land tenure. Promisingly, Indonesia's REDD+ National Strategy, in line with the UN-REDD 
safeguards, states that REDD+ ‘is not solely about carbon emissions from the forest, it is a 
fundamental and momentous opportunity and challenge to reform forest and land governance’ 
(Indonesian REDD+ Task Force, 2012). 
Large-scale international programs have been scaled down in the EMRP region (Figure 8.1), 
and the major projects remaining are driven by ASEAN and the Indonesian REDD+ agency. 
Nonetheless, given the scale of the problem and the challenges that remain (from measuring and 
validating emissions reductions to ensuring social safeguards), international finance is likely to 
remain a prerequisite for peat management (Rosenberg and Wilkinson, 2013). While the KFCP 
failed to provide the basis for market-based finance, and recent evaluations suggest peatland carbon 
may be marginal at best (Rosenberg and Wilkinson, 2013), a future for carbon markets in peatland 
areas is still possible with improvements in measurement technology. Several new techniques based 
on vegetation monitoring and water table measurement have been developed in other 
(predominantly temperate) locations (Couwenberg et al., 2011, González et al., 2013, Gray et al., 
2013), which are making a market route based on measurable and verifiable emissions reduction 
more feasible, at least in certain social-political contexts (Bonn et al., 2014). 
Another market avenue that warrants further exploration are mechanisms that incentivize effort. 
Given the interactions between climate, land cover, and anthropogenic influences determining 
peatland emissions, peatland restoration activities carry a high risk of failure even without 
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consideration of legal and social challenges associated with implementation (Chapter 2; Rosenberg 
and Wilkinson, 2013). Incentivizing for effort is currently more easily measurable, and could 
provide up front funding to initiate activities, which can finance the often substantial up-front costs 
of restoration projects. Unfortunately the KFCP project has not reported on the relative cost-
effectiveness/efficiency of different incentive approaches. 
My research provides support for solutions that focus on developing livelihoods and promoting 
environmentally-friendly agricultural practices. Chapters 4, 6, and 7 suggest how easily carbon 
goals may be aligned with other development goals of the region, while Chapters 6 and 7 suggest 
that while regional trade-offs exist, these may be minimised through appropriate planning and 
implementation. Local positive outcomes are likely even from land uses typically considered to be 
quite detrimental to peat, such as oil-palm plantations, conditional on these replacing degraded and 
abandoned land (as opposed to replacing forest or carbon-friendly smallholder agriculture; 
Chapters 4 and 7; Edwards et al., 2011, Jewitt et al., 2014). Social and environmental incentives, 
such as agricultural training, micro-credit systems, community grants, and strategies to clarify land 
tenure, have underpinned strong partnerships in other forest carbon initiatives. Such incentives 
however need to be visible at an early stage of the project to encourage participation and empty 
promises must be minimised (Harvey, 2010). In the EMRP activities may include further 
development of karet, rubber, gelam and rattan industries through value-adding and market 
development, and supporting development of other perennial crops that will reduce the use of fire 
for clearing and economically dis-incentivise development of the more distant, fragile, deep peat 
areas (Peterson, 2013). Such actions may provide a more socially acceptable and equitable solution 
to restoration in the EMRP than actions predominantly centred on carbon emission mitigation. 
8.6 On efficiency and equity 
8.6.1 Efficiency 
One of the main focus points for systematic conservation planning has been to derive ‘efficient’ 
conservation plans (Moilanen et al., 2009). Basic concepts of efficiency are relatively easy to 
define, both mathematically and morally, however the broader concept of efficiency may not be so 
black and white. A quick scan of efficiency in the economics literature introduces several associated 
concepts, including technical efficiency, dynamic efficiency, allocative efficiency, Pareto or 
Kaldor-Hicks efficiency, and distributive efficiency. These emphasize that even the concept of 
efficiency needs to ask: Efficient in regards to what? For whom? And at which point in time? 
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The type of efficiency most closely related to the efficiency sought by the initial strategic 
conservation planning papers was that of “Technical/Productive efficiency”: when units of goods or 
services are produced at the lowest total average cost (Moilanen et al., 2009). Some of the main 
challenges of determining technical efficiency are to determine what benefits are to be maximised, 
and what costs are considered. Various aspects of the spatial conservation planning literature 
address these points, including, for example refining the costs (Armsworth, 2014, Naidoo et al., 
2006), and expanding the features considered from species to ecosystem processes (Edwards et al., 
2010, Pressey et al., 2007), stakeholder livelihoods (Ban et al., 2013, Klein et al., 2010), and 
ecosystem services (Chan et al., 2006, Egoh et al., 2010, O’Farrell et al., 2010). Technical 
efficiency takes a short-run approach, and assumes the nature of both inputs and outputs remains the 
same, an obvious fallacy particularly for environmental assessments. 
Several examples of incorporating time dynamics and uncertainty have been developed in the 
context of spatial conservation planning (Costello and Polasky, 2004, Meir et al., 2004, Visconti et 
al., 2010, Wilson et al., 2011b) These, along with the issue of optimal monitoring and distributing 
resources between research and action (Grantham et al., 2008, Grantham et al., 2009), can be seen 
as a problem of “dynamic efficiency”. This is the concept of balancing short run concerns (i.e. 
technical efficiency) with concerns in the long run (which would consider, for example, research 
and development). Both technical and dynamic efficiency are relatively simple optimization 
problems, once the problem context has been defined. This contrasts with other efficiency concepts 
in economics, in particular those that concern the distribution of costs and benefits. 
One of these distributional efficiency concepts in economics and policy are Pareto and Kaldor-
Hicks efficiency. These introduce consideration of multiple stakeholders, in that a Pareto 
improvement is a change in allocation that results in at least one stakeholder being better off, while 
no stakeholders are made worse off. A Pareto efficient allocation is then one from which no further 
Pareto improvements are possible (also known as the Pareto optimal frontier, or the production 
possibility frontier, PPF). Kaldor-Hicks efficiency is a relaxation of Pareto efficiency in that an 
allocation is deemed a Kaldor-Hicks improvement when stakeholders who gain can potentially 
compensate stakeholders who lose, and still be better off. These concepts are embedded into 
decision techniques such as Benefit Cost Analysis, and are commonly used criteria in policy 
decision-making (Stavins, 2007). Technical efficiency is necessarily a precondition of a Pareto 
efficient allocation, otherwise through improvements in technical efficiency one stakeholder may be 
made better off without detriment to the other. However, moving from a suboptimal allocation only 
using the Pareto or Kaldor-Hicks criteria may not achieve the Pareto efficient frontier, as solutions 
may get stuck in positions of a local optimum. Allocative efficiency is typically defined as relating 
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to economic distributions in which supply equates to demand, for example the allocation achieved 
by an idealised ‘perfect market’ in which there is no deadweight loss. In practice it is essentially the 
macroeconomic analogue to Kaldor-Hicks efficiency. 
Welfare and distribution are minor concepts within Pareto criteria, in that improvements ought 
not to make any stakeholder worse off. In the Kaldor-Hicks criterion this is less emphasised, as 
while improvements are determined after the potential redistribution of benefits and costs, generally 
there is no specification of the mechanism or requirement for compensation (Dietz and Atkinson, 
2010). However neither Pareto nor Kaldor-Hicks criteria consider the fairness or welfare 
implications of either the initial allocation or the ‘improved’ allocation. Further, as per the 
discussion of ‘win-win’ outcomes in Chapter 1, Pareto outcomes may not be seen as such at other 
spatial scales, or by all stakeholders. For example, if opportunity costs are considered very few 
Pareto improvements may be possible in contexts of resource scarcity or competition. 
Environmental policy analysis needs to step away from these simplistic criteria (Gowdy et al., 
2010a, Gowdy, 2004), and develop more nuanced methods to analyse and communicate trade-offs 
(Jax et al., 2013, McShane et al., 2011). 
Distributive efficiency more directly addresses concepts of welfare and distribution. Distributive 
efficiency is an allocation of goods and services to those most in need of them, specifically, those 
that will gain the most utility from them. Thus “distributive efficiency” is about determining an 
allocation that maximizes social utility, that is, the utilitarian concept of equity. 
8.6.2 Equity 
Equity is a central tenant of both the ‘triple bottom line’ (environment, economic, equity) and 
the ‘three E’s’ of policy evaluation (efficacy, efficiency, and equity). As presented by the concept of 
distributive efficiency, equity can be defined as maximising welfare across all stakeholders (social 
welfare). As an objective that incorporates the concepts of equality, fairness, ethics, liberty, and 
justice, equity is often posited as a policy goal in and of itself. Further, as inequity is often seen as a 
source of conflict, prioritising equity of outcomes can facilitate acceptance and subsequent higher 
likelihood for success of policy applications (Halpern et al., 2013). Yet despite these ideals, and the 
common usage of the term in environmental policy processes, equity has rarely been implemented 
as an objective of conservation planning itself, and when it has the terms equity and equality are 
used interchangeably (e.g. Halpern et al., 2013). Often discussion of equity is limited to rhetorical 
guidance, and assessment of equity to post hoc analyses (Jax et al., 2013, Luck et al., 2012a, Martin 
et al., 2014a). 
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In its most simple form, equity is conceived as proportional division: everybody gets an equal 
sized piece of cake. But this is based on several simplifying assumptions: first, that all pieces of 
cake are the same, and second, that we all value or need cake equally. Unfortunately these 
assumptions are simply untenable to application to conservation science: biodiversity is inherently 
heterogeneous and has multiple intrinsic and instrumental values, and multiple stakeholders with 
differing values are the norm. As environmental ethics and justice are increasingly prominent in 
conservation and ecosystem services (Gowdy et al., 2010b, Jax et al., 2013, Luck et al., 2012a), and 
environmental policy in general (Miller, 2013), there is a need to develop more nuanced methods of 
quantifying equity for the purposes of planning (Jax et al., 2013). So what are some of the 
theoretical bases that may be useful for understanding equity in environmental policy? 
8.6.2.1 Insights from game theory 
Game theorists have devised some procedures for gaining fair divisions among players for a 
divisible heterogeneous good over which different players may have different preferences. Here 
proportional division is not adequate. This operationalizes equity as the principle of an “envy-free” 
allocation: where no player wants to swap his or her share with any other player. For two players, 
this is the familiar “divide and choose” method, where one player cuts the cake, and the other gets 
to choose (Brams and Taylor, 1996, Robertson and Webb, 1998). For three or more players this is a 
little more complex, but strategies for both exact and approximate solutions exist (Nicolò and Yu, 
2008). 
However, while these methods are generally Pareto efficient and envy-free (i.e. they ought to 
make people happy enough), they are not necessarily equitable in terms of equal utility: each 
stakeholders subjective valuation of their own piece is not necessarily equal to the others’ own 
subjective valuation of their respective pieces (Nicolò and Yu, 2008). These issues can be illustrated 
by the simple two player cut and choose method: when the other players preference is not known, 
then this will result in a solution in which each player gets at least 50% of their perceived total 
value of the cake. However, if the other players preference is known, then the result may not be a 
1:1 division – if one player has a large appetite for cake and the other is watching their weight, then 
a 1:1 solution is not necessarily optimal, efficient, nor equitable, even if it is envy-free (Nicolò and 
Yu, 2008). 
These problems emphasize the challenges of defining equity in conservation planning: we want 
to maximize welfare, and gain happy stakeholders. But are we then aiming for efficiency, equity, or 
Chapter 8 211 
envy-free allocations? Also, how can we measure equity, fairness, and justice, and how much is 
enough? 
8.6.2.2 How is equity commonly measured? 
To operationalize equity in optimization analyses or policy assessment, a metric is required. 
Understanding the relationship of this metric to the fundamental construct of equity ought to be a 
necessary precondition for its use. One of the most common metrics for equity in use in 
environmental policy is the Gini coefficient (Halpern et al., 2013), a measure of how evenly a 
resource is distributed between multiple stakeholders. Formally, the Gini coefficient is defined as a 
ratio of areas on a Lorenz curve, i.e. the area between a line of equality (1:1) and the cumulative 
distribution function, divided by the area between a line of perfect equality and a line of perfect 
inequality (Bellù and Liberati, 2006). For ecologists, this can be readily understood as an analogue 
to the Simpson Index of biodiversity. 
As a ratio, the Gini coefficient is scale independent. This is both a benefit and a problem (Bellù 
and Liberati, 2006). Scale independence means that it is simple to apply to different populations. 
Interpreting similarities and differences, however, need reference to demography and absolute 
numbers. Problems identified include bias for sample size, and population size, and that changes 
may be inconsistent with concepts Pareto-improvement (Bellù and Liberati, 2006, De Maio, 2007, 
Deltas, 2003, Mackenbach and Kunst, 1997). The Gini-coefficient can deliver very different 
answers depending on the input parameter (e.g. disposable income versus wealth), and how well 
that parameter reflects the value or utility you want to measure in each and every population 
compared (De Maio, 2007).  
Many alternatives to the Gini Index are used in health and social welfare analyses (De Maio, 
2007, Mackenbach and Kunst, 1997). These include the Thiel index, a weighted average of 
inequality within subgroups, plus inequality among those subgroups (analogous to the Shannon 
Index used in biodiversity). Another common metric, as used by the United Nations (UN) is the 
20:20 ratio, the ratio of the income from the top 20% of the population versus the bottom 20% (or 
the related Palma ratio, which takes the top 10% and bottom 40%). The UN metric is both simple 
and robust to outliers and impacts of the middle class. Another common metric is the Hoover Index, 
which measures the proportion of all income that would need to be redistributed to gain perfect 
equality. All of these have benefits and issues depending on the context in which they are applied 
(De Maio, 2007, Mackenbach and Kunst, 1997). 
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One important thing to note in all these metrics is that they are all measures of inequality, not 
necessarily reflective of inequity or other social welfare concerns. While on a macroeconomic level 
correlations can be drawn between measures of social welfare and income inequality, these are not 
always consistent (Hiilamo and Kangas, 2014). Further, it is possibly an ideological supposition as 
to whether causation can be drawn from this, particularly at scales relevant to enacting on ground 
conservation actions. In essence, as identified in game theory, all these metrics assess proportional 
division; and proportional division is not necessarily equivalent to equity, fairness, or an allocation 
that is efficient or envy-free. Reviewing the objectives for including “equity” in environmental 
policy: we want to maximize welfare, and gain satisfied stakeholders. I therefore seriously question 
if these are appropriate metrics for our purposes. 
8.6.3 Equity and efficiency and planning for ecosystem services 
What does this mean in the context of planning for ecosystem services? As ecosystem service 
planning is more holistic when compared to planning only for biodiversity features, it is perhaps 
even more important to review what concepts of efficiency and equity are being operationalized in 
planning methods, as inefficiencies and inequities are more directly related to trade-offs and 
conflicts between stakeholders. 
How is efficiency generally constructed? Marxan and Zonation, two of the most commonly used 
systematic conservation planning tools, can both define threshold based targets and a ‘minimum set’ 
objective. In this format they both aim for technological efficiency. However, they differ in the 
treatment of targets that can and cannot be met: in Marxan, target achievement is weighted by a 
user-defined weight (the ‘species/feature penalty factor’), and any target achievement above the 
target threshold is not considered. This formulation clearly defines the production ‘set’, but will not 
find the production possibility frontier, as described in Chapter 7. New developments in progress 
for Marxan will incorporate more continuous benefit (utility) curves, which will improve the ability 
of Marxan to find this frontier, at least subject to achievement of targets, where possible. 
In Zonation, another commonly used systematic conservation program, triage is employed, and 
targets that cannot be achieved will not have resources allocated to them (Moilanen et al., 2009). 
Triage, although a pragmatic approach to resource prioritization that takes a ‘preventative’ approach 
to a predicted long term future (Bottrill et al., 2008, Traill et al., 2010, Wilson et al., 2011a), runs 
counter to economic theory and observation of human behaviour related to threatened species 
funding, which generally sees increased value and investment under conditions of scarcity 
(Balmford et al., 2011, Hotelling, 1931, Lynn, 1992). This suggests that either existing approaches 
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taken for triage do not reflect social values for conservation, or implies that people are short-
sighted, overly optimistic, and do not know what they really want (Wilson et al., 2011a). A newer 
formulation of Zonation reformulates the problem as maximum utility (i.e. allocative efficiency), 
rather than technical efficiency, which can give greater outcomes on return on investment than the 
original formulation (Di Minin and Moilanen, 2012, Moilanen and Arponen, 2011). However, both 
the threshold based and the maximum utility-based algorithms risk allocating conservation funds to 
more common species while allowing rare, albeit expensive, species to drop below sustainable 
thresholds. In this way, their maximum utility planning is also in effect triage, and while a rational 
and practical advance in conservation planning, this may still not represent an approach that is 
socially acceptable in a wider context. 
As discussed in Chapters 6 and 7, threshold based targets can also be seen as a way of 
integrating stakeholder demand, utility, or aspirations. Thereby, if targets are defined for the 
multiple stakeholders within the problem, this can be seen as a way to address social equity 
concerns of environmental planning (Klein et al., 2010; Chapter 6), where equity is defined as 
stakeholder satisfaction rather than equality, notwithstanding the many issues with defining 
threshold based targets (Carwardine et al., 2009). 
Applying the concept of equal proportions to represent equity seems incongruent with the well-
established systematic conservation planning principle of integrating stakeholders (Cowling et al., 
2008, Knight et al., 2011a, Pressey and Bottrill, 2008). The results from game theory indicate that 
equality is a rational choice when preferences of stakeholders are not known, but best practice 
systematic conservation planning seeks to elicit and incorporate stakeholder preferences (Pressey 
and Bottrill, 2008). Using the Gini coefficient to equally distribute impacts of reserves on fishing 
communities (as in Halpern et al., 2013) does not adequately consider their heterogeneous needs. 
For example, if one community has access to alternative sources of income, they may not be as 
affected by the implementation of a protected area on their traditional fishing grounds as another 
community that is totally reliant on fishing income. Further, as with the Pareto and Kaldor-Hicks 
criteria, equal distribution of impacts may not result in an equitable allocation in that the fairness of 
the initial allocation is not considered. For example, one community with only a small fishing area 
may need to exploit proportionately more of that area in order to sustain the community than 
another community with access to a large resource. Halpern et al. (2013) do note that 
equity/equality considerations may still fail to generate “accepted” plans when the “the needs or 
desires of particularly vocal or powerful minorities are not met”. I would argue that plans derived 
through optimisation using the Gini coefficient and other similar metrics of inequality may also fail 
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to generate plans that are equitable, if equity is defined as an allocation that is fair, envy-free, just, 
or socially optimal. 
One strong theme in discussions of environmental equity and justice is the right for self-
determination. For example the case of the EMRP in which indigenous villages participating in the 
KFCP wished primarily for land tenure, and to be able to manage the forests they claim under 
customary rights. How then could a regional planner have any certainty of the outcomes? Arguably 
regional level plans will always evolve during implementation (Pressey et al., 2013), however 
allowing local governance institutions to have autonomy may exacerbate this. One novel approach 
to this question could treat the outcomes as uncertain. By taking this approach, planners could use 
decision theoretic techniques that account for this uncertainty (Tulloch et al., 2013). Parcels could 
be allocated to local indigenous/community groups with the expectation that some will engage 
positively with environmental restoration, some may not, and that this distinction may be stochastic 
or assigned a specific probability. This allows planning at regional scales to occur with an accepted 
(and specified) level of certainty, but self-determination to be preserved at local scales. 
Overall, there is a long way to go in adequately defining, conceptualizing, and integrating equity 
concerns into conservation planning, and even relatively simple constructs such as efficiency 
require cautious application in the context of planning for a wide array of ecosystem services. 
Ultimately, the notion of equity is intrinsically subjective and context dependent (Dietz and 
Atkinson, 2010). Equity and efficiency are also ultimately and fundamentally co-dependent (Dietz 
and Atkinson, 2010, Halpern et al., 2013, Martin et al., 2008) and while evidence from 
experimental studies suggest that people value equity and efficiency equally, this balance will also 
sway with perceptions of ethics and morality (Dietz and Atkinson, 2010). 
8.7 Capitalising on money, morals and other social values 
As I have demonstrated in this thesis, using ecosystem services for conservation planning need 
not involve monetisation or specify solutions involving commodification of nature. The use of 
ecosystem services as a conceptual framework is not in opposition to conservation of nature for its 
‘inherent’ (aesthetic or ethic) value. Valuation is not equivalent, nor must it lead to monetisation, 
which in turn need not lead to commodification, or commercialisation (Gómez-Baggethun et al., 
2010, Gómez-Baggethun and Ruiz-Pérez, 2011). Using ecosystem services concept to frame multi-
stakeholder values does not inherently imply these values are tradeable, as suggested by 
(McCauley, 2006), but it can emphasise the trade-offs faced by multiple stakeholders (Jax et al., 
2013). Valuation is not performed in a socio-political vacuum (Gómez-Baggethun and Ruiz-Pérez, 
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2011, Jax et al., 2013), and I view the clarification of trade-offs between services, and between 
nature and technology to form a useful challenge for us to question what we as a society want from 
nature, from technology, from money, and from ourselves. 
Another concern regarding use of monetary mechanisms is that explicit financial payments for 
ecosystem services are not necessarily complementary or additive to cultural incentives, and may 
indeed crowd out moral sentiments (Bowles, 2008, Bowles and Hwang, 2008, Luck et al., 2012a). 
This is regarded as being counterproductive for conservation goals (Gómez-Baggethun et al., 2010, 
Kosoy and Corbera, 2010, McCauley, 2006). Evidence for ‘crowding out’ is suggested by 
behavioural experiments (Bowles, 2008), and is arising from empirical studies such as La Sepultura 
Biosphere Reserve, Chiapas, where both ICDP and PES incentives are applied (Rico García-Amado 
et al., 2013). Importantly, this process may be irreversible (Martin et al., 2008). However, these 
may be an effect of the mechanisms used, and not the impossibility of monetary incentives to work 
synergistically with morals. Indeed, experimental studies also show complementarity of self-interest 
incentives and social norms is possible, and therefore that these incentives need not be viewed 
exclusively (Bowles, 2008). These were identified in cases where incentives evoke, cultivate, and 
empower existing ethical motives, where institutional design encourages people to communicate, 
where generosity and trust in reciprocal trade is culturally valued, and when participants are assured 
that free-riders will be punished (Bowles, 2008). Overall, it is important to note that, while 
achieving some grand things for conservation, appealing to morals alone has so far failed to halt the 
biodiversity decline (Gómez-Baggethun and Ruiz-Pérez, 2011). Yet, while environmental markets 
have made some headway, they also engender fundamental criticism, as discussed in Chapter 1 and 
throughout this thesis. If morals or money alone cannot ensure the sustainability of our ecosystems, 
then what will? 
Recognising that multiple value types exist is a fundamental tenant of ecosystem service 
research, but we need to take a more integrated and pluralistic approach to developing solutions 
(Ives and Kendal, 2014, Jax et al., 2013). Solutions proposed on the basis of monetary or market 
mechanisms alone are likely to fail to take advantage of the range of incentives that people may 
prefer. For example, a recent survey of local forest owner perspectives on carbon-offset programs 
highlighted that financial gain was not a major source of motivation for participation (Miller et al., 
2014). The carbon farmers cited recreational, educational, and bequest values as primary reasons for 
maintaining carbon rich forests, and one of the main incentives that could help improve this would 
be education, not finance (Miller et al., 2014). Similarly, in studies of participation in agri-
environmental schemes in USA and Europe suggest that bequest values, uptake hurdles, and social 
attitudes are equally if not more important than financial concerns (Defrancesco et al., 2008, 
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Langpap, 2004, Lynch and Lovell, 2003). Access to social learning networks was cited as a primary 
incentive for pastoralists to participate in conservation programs in the Karoo, South Africa (Carien 
de Villiers et al., 2014). Intangible costs, such as the psychological cost of fear and danger, were the 
most important drivers of attitude towards large mammals in human wildlife conflicts, while 
tangible costs and benefits were often found to be non-significant (Kansky and Knight, 2014). In 
the EMRP participants in the KFCP reported that financial incentives were sometimes ineffective in 
a largely subsistence-based economy, and in in some cases that the financial incentives were only 
taken for lack of other viable livelihood avenues, and caused substantial division in the community 
(Courtney-Mercer, 2014).  
Contexts will always determine local and personal preferences. Sometimes this may result in 
mismatches between priorities based on cost efficiency, and those based on preference (Adams et 
al., 2014). As conservationists, we must always accept the reality that there are people who do not 
highly value the environment and biodiversity conservation due to personal preference, or who 
value other goals higher due to poverty or greed (Lele et al., 2013). However, we ought not ignore 
the increasing amount of evidence outlined above which suggest that financial incentives can be 
largely ineffective, and that non-monetary avenues may be more effective to incentivise 
conservation and sustainable environmental management (Blom et al., 2010, Muradian et al., 2013). 
Different incentives will be useful in different contexts, and more than one incentive may be 
usefully applied in a single context. Overall, we need to develop a more nuanced appreciation of the 
values people hold regarding both processes and outcomes (Jax et al., 2013), and become more 
creative and pluralistic in regards to accommodating and leveraging on these to incentivise positive 
behaviours (Ives and Kendal, 2014, Seymour et al., 2010). 
8.8 Final words 
Overall, my thesis highlights that land-use problems are complex, integrating biophysical, 
economic, and social systems, and involving trade-offs for and between many stakeholders. While 
an ecosystem services framework is useful to frame our relationship with our environment, in 
application it is best coupled with landscape and trade-off approaches to ensure all stakeholder 
values are appropriately considered and the differential opportunities afforded by heterogeneous 
landscapes are explored. Value systems are multiplicit, and we need to find better ways of 
recognising and integrating these multiple value systems into land use decisions. This thesis 
provided an example of how this can be done, by developing an important case study in the EMRP, 
and developing novel analysis methods to assess the potential of future land use plans and policies. 
My results highlight that incentives, and the metrics used to support them, need to be tailored to 
Chapter 8 217 
specific contexts, and that the best incentive or metric is the one that instigates positive actions in 
appropriate places. Trade-offs between land use objectives and stakeholders are likely ubiquitous, 
and simple solutions are unlikely to be found to address these complex systems. However, my 
results suggest that trade-offs may not be insurmountable, and gives hope for the future prospects of 
effective and equitable restoration and development of the EMRP. Yet to do this, we need to rethink 
our aims and approaches towards carbon emissions mitigation, economic development, and 
biodiversity conservation, including a move away from emphasising carbon and towards emphasis 
on developing livelihoods that are more likely to be successful in supporting carbon and 
biodiversity co-benefits. My results indicate these actions will contribute greatly to achieving the 
carbon emission mitigation goals in the region. More broadly, we need to refine our concepts of 
efficiency, equity, and social value, and develop a more nuanced, mechanistic understanding of 
these concepts in order to incorporate them effectively into future land-use policies and planning. 
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Appendices 
Appendix A. Current land use and land cover 
A land use and land cover classification at a 50 m resolution was performed by SarVision as 
part of the “Master Plan for the Rehabilitation and Revitalisation of the Ex-Mega Rice Project Area 
in Central Kalimantan” (SarVision Netherlands, 2008). The classification was based on PALSAR 
L-band radar data, and using reference data from Landsat satellite imagery, 90 m resolution digital 
elevation data, MODIS and AATSAR fire hotspot data, land use maps from the Indonesian 
Ministry of Forestry and Badan Perencana Pembangunan Daerah (BAPPEDA; Indonesian Regional 
Body for Planning and Development), tree cover percentage map for 2005, ground survey data for 
2007-2008, and aerial photographs (SarVision Netherlands, 2008). SarVision (2008) note several 
known inaccuracies of the data, including (a) burnt areas in some cases confused with river-riparian 
forest, (b) flooded shrubland being poorly defined, (c) tree crops and plantations being under-
represented due to similarities in the backscatter signature of shrubland and forest, this includes 
rubber enrichment areas along rivers, (d) grasslands and ferns confused with shrublands where 
biomass is particularly high, (e) shrubland classes of different cover percentages being difficult to 
define. For this study, a modified typology of land use and land cover types was defined as detailed 
in Table A1. 
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Table A1. Land use and land cover descriptions, with simplified classification. 
Code Brief description Detailed description (SarVision Netherlands, 2008) Simplified 
classification 
1 Riverine-riparian forest (cover >11%) Riverine, swamp forest and woodland. The main layer consists of broadleaved 
evergreen closed to open woodland on temporarily flooded land. Crown cover 
>11% and tree height up to 40 m. This class is intermediate between freshwater 
swamp forest on mineral soil and peat swamp forest. Sometimes forest regrowth in 
collapsed peat areas may resemble this category and be misclassified as such. 
Extant forest 
2 Swamp forest (mixed swamp, cover 
>11%) 
Peat swamp forest cover. Lowland evergreen broadleaved mixed swamp forest. 
Tree cover closed to open (cover >15%), elevation <1000 m. Understory is tall and 
stratified, with a second more open layer. 
Extant forest 
3 Woodland – degraded vegetation 
(cover 1-10%) 
Forest mosaics, degraded. Tree cover <10%, including forests degraded by fire and 
intensive logging over several years, comprising both tree regrowth and tall shrubs. 
Degraded 
4 Shrubland (cover >50%) non-flooded Shrubland and forest regrowth. Main layer consists of broadleaved evergreen 
closed to open vegetation, cover >50%. Height 0.3-5m. Examples occur in recently 
burnt and collapsed low pole and mixed swamp forest regrowth. 
Degraded 
5 Shrubland (>50% cover), flooded As for (4), with flooding duration estimated to be more than 4 months per year. Degraded 
6 Shrubland (cover 11-50%) flooded 
and non flooded 
Shrubs 11-50% cover and remainder herbaceous. Degraded 
7 Shrubland (cover 1-10%) Shrub cover <10%, remainder grass and ferns. Degraded 
8 Grassland and ferns Closed to open herbaceous vegetation, cover >50%, height 0.3 – 3m. Includes vast 
fern dominated, previously burnt areas and alang-alang grasslands (Imperata 
cylindrica). 
Degraded 
9 Water bodies Mostly permanent water bodies, but includes areas that may dry out at certain times 
(e.g. severe El Nino years).  
Water 
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10 Burnt shrubs and bare Recently burnt shrubs, some with regrowth others bare. Degraded 
11 Burnt forest and bare The main layer consists of closed to open tree cover, recently burnt dead/dry trees 
standing over new areas currently regrowing (canopy cover lost). Burn date 
between 2006-7. 
Degraded 
12 Swamp forest (low pole, cover 
>11%) 
Lowland evergreen broadleaved forest, low pole swamp forest. Occurring in 
elevations <1000m above sea level. Small diameter trees reaching up to 25 m but 
with a large proportion of understory. Areas are seasonally flooded and 
waterlogged. 
Extant forest 
13 Swamp forest (low pole, cover 1-
10%) 
Open vegetation with standing low pole trees and shrubs. Regularly flooded with 
waterpools between the open vegetation. 
Degraded 
14 Mangrove (cover 1-10%) Mangroves with sparse crown cover. Degraded 
15 Mangrove (cover >10%) Broadleaved evergreen mangroves over flooded tidal terrain. Crown cover >11%, 
and height 5-20m. 
Extant forest 
16 Sedges, temporarily flooded Regularly flooded areas including sedges (e.g. Thorachostachyum spp.) and 
pandanus (Pandanus spp.). 
Degraded 
17 Fish ponds Artificial water bodies used for fish farming. NA – Known to exist 
in study region, but 
not identified in the 
study area.  
18 Sawah Aquatic cultivated and managed areas. Usually graminoids grown in irrigated or 
temporarily flooded areas. 
Agriculture 
19 Dryland agriculture Cultivated and managed areas.  NA - Reallocated to 
25 (potential rubber 
mosaics) and 26 
(other dryland 
agriculture) 
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20 Swamp forest (cover >11%) Heath forest (kerangas). Is known to occur in the northern section of block E and 
near Sebangau National Park. Distinctive lowland evergreen broadleaved forest 
type dominated by small diameter trees with a tree cover >11%, occurring on sandy 
soils of poor fertility, often subject to water stress (drought or saturation).  
Extant forest 
21 Tree crops Includes perennial cash crops and plantations such as acacia, oil palm, tree or shrub 
cover. Often in mosaic with trees and herbaceous cover.  
NA - Reallocated to 
(23) coconut tree 
crops and (24) other 
tree crops depending 
on spatial location 
22 Settlement Artificial surfaces and built up areas. (Excluded) 
23 Tree crops – coconut Areas identified as (21) located close to the river mouth and identified as coconut 
by EMRP “Master Plan” reports. 
Agriculture 
24 Tree crops – other Areas identified as (21), not in coconut areas. Likely to be rubber, oil palm, or 
acacia. 
Agriculture 
25 Dryland agriculture – rubber Dryland agriculture (19) proximal to rivers on mineral soil, and likely to be rubber 
mosaics. 
Agriculture 
26 Dryland agriculture – other Dryland agriculture (19) away from rivers, and likely to be rice dominated. Agriculture 
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Appendix B. Detailed description of the methods used to map the potential 
distribution of forest types. 
A potential forest type layer was required as a basis for modelling potential emissions and 
emissions reduction. We classified extant forest into five types (mangrove, swamp forest, river-
riparian, mixed swamp, and low pole) and used maximum entropy species distribution modelling to 
map their potential distribution. Each model was fitted using a split sample approach Guisan and 
Zimmermann, 2000), using a random set of presence points (n=103 to n=2221, depending on the 
extant area of each forest type), and reserving 40% of the presence points for testing the 
performance of each model (Table B1). Presence points to generate the models of the potential 
distribution of each forest type were randomly selected from the extant area of each forest type 
using the ArcGIS Random Points tool, with the number of points weighted by the extent of the 
forest type (Table B1). The minimum distance between selected points was restricted such that 
there was a maximum of one point per 50 m x 50 m raster grid cell. Models were trained on the 
total area of extant forest, and projected through the remainder of the region by allocating each 50 
m x 50 m grid cell to the forest type with the highest likelihood prediction.  
All predictor variables were initially assessed for inclusion in the potential forest type models. 
These included WORLDCLIM climatic variables (WORLDCLIM, http://www.worldclim.org; 
Hijmans et al. 2005); a digital elevation model (with areas below sea level removed, “dem”), a peat 
depth model (“peat”), the Euclidian distance to the sea (“dist2sea”), and Euclidian distance to the 
closest major river (“dist2rvr”). WORLDCLIM variables selected for possible inclusion were: 
annual mean temperature [1], mean monthly temperature range [2], isothermality [3], temperature 
seasonality [4], maximum temperature of warmest month [5], minimum temperature of coldest 
month [6], temperature annual range [7], mean temperature of warmest quarter [10], mean 
temperature of coldest quarter [11], precipitation seasonality [15], precipitation of wettest quarter 
[16], precipitation of driest quarter [17], precipitation of warmest quarter [18], and precipitation of 
coldest quarter [19].  
The models were initially constructed using all available predictor variables. Variables were 
then sequentially excluded if they over-fit the model. Variables were also excluded based on: their 
percentage contribution, permutation importance, visual analysis of response and marginal response 
curves, the level of correlation with other variables, and assessment of resulting model predictions. 
The AUC scores for each model show the likelihood that a random point selected from the presence 
records will have a higher model score than a random point selected from the available pseudo-
absence points. All models perform better than random, with higher model discrimination for the 
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more restricted forest types (Table B2). Poorer model performance for the more extensive forest 
types (low pole and mixed swamp, Table B2) is likely due to (a) the coarseness of the peat depth 
layer failing to detect microtopographic variation, (b) past disturbance, and (c) the occurrence of 
intergrade areas between these forest types introducing inaccuracies into the classification of 
remotely sensed imagery. 
Predictions from each of the forest type models were overlain, and each cell in the study region 
was allocated the forest type with the highest modelled log-likelihood score. Areas of uncertainty 
between river riparian, mixed swamp, and low pole forest were identified by locating cells that had 
log-likelihood 95% confidence intervals that overlapped between these selected forest types. Areas 
containing water were masked using current water distribution maps identified from remote 
imagery and hydrological shapefiles. The uncertain areas comprised 16% of the study region, 76% 
of which covered areas without extant forest. Spatial analysis of the errors of omission and 
commission based on extant forest area showed substantial over prediction of the mixed swamp 
forest type, and under prediction of low pole and river riparian forest types (Table B2). The 
majority of the uncertainty surrounding the low pole / mixed swamp category was due to 
misclassification of low pole (56%) and hence these areas were denoted low pole. The reminder of 
the uncertainty was a result of under-prediction of river riparian areas (43%), and these areas were 
denoted river riparian. These adjustments improved the omission and commission scores (Table 
B2). Finally, the modelled distribution of each forest type was updated to reflect the extant 
distribution of each forest type. This resulted in adjustments to 17% of the study region, with the 
misclassification of low pole and mixed swamp forest types in intergrade areas accounting for 70% 
of the discrepancies.  
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Table B1. Number of sample points and predictor variables used to determine the potential 
distribution of each forest type. “WC” denotes WORLDCLIM climatic variables, which are 
referenced according to the variable number noted above. 
Forest type # random 
points 
Variables included Average 
AUC 
Mangrove 184 Dem; peat; dist2rvr; dist2sea; WC 
1,4,5,6,10,11,16,17 
0.973 
Swamp forest 103 Dem; peat; dist2rvr; dist2sea; WC 4,6,10,11,16,17 0.967 
Mixed swamp 1,232 Dem; peat; dist2sea; WC 4,6,11 0.655 
Low pole 2,221 Dem; peat; dist2rvr; dist2sea; WC 4,6,10,11,16,17 0.666 
River riparian 973 Peat; dist2rvr; dist2sea; WC 4 0.873 
 
 
 
Figure B1. Extant and potential distribution of each forest type. 
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Table B2. Errors of omission and commission for each forest type based on the extant forest area. 
Forest 
type 
Extant 
area (km2) 
 
Area 
predicted 
(km2) 
 
Correctly 
predicted 
(% of extant 
area) 
Omission 
error rate (%) 
Commission 
error rate (%) 
Pre-adjustment of uncertain areas 
Mangrove 1,947,855 2,311,555 92  08  27  
Low Pole 22,770,535 12,613,705 42  58  14  
River 
Riparian 
6,955,885 6,364,335 57  43  35  
Swamp 
Forest 
2,773,355 2,333,505 74  26  10  
Mixed 
Swamp 
22,410,510 33,235,050 80  20  68  
Post-adjustment of uncertain areas 
Mangrove 1,947,855 1,791,855 92  08  27  
Low Pole 22,770,535 12,256,160 54  46  10  
River 
Riparian 
6,955,885 5,402,655 78  22  28  
Swamp 
Forest 
2,773,355 2,045,580 74  26  10  
Mixed 
Swamp 
22,410,510 16,771,700 75  25  60  
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Appendix C. Additional methods to model carbon stocks and emissions 
Carbon fluxes were modelled on a 100 ha resolution hexagonal grid to facilitate processing of 
sufficient replicates in the process model, with all spatial inputs summarized as means for 
continuous data and modes for categorical data. As in Langner and Siegert (2009), we assumed that 
the MODIS-derived fire hotspots covered an entire grid square resolution equal to that of the sensor 
(1 km). Mangroves were not excluded from the fire model, as while mangroves are subject to 
infrequent fires, this broad forest type may include areas of more flammable vegetation types. The 
process model is summarized in Figure C1, land use proxies for carbon stocks in Table C1. Mixed 
effect models are given in Table C2. The maximum AGB values allowed for each land use type is 
shown in Table C3, and the conversion factors for estimating CO2e emissions is provided in Table 
C4. 
 
 
 
Figure C1. Summary of carbon process model.
Input&initial&carbon&stock&based&on&land&use&and&peat&depth
Calculate&probability&of&fire
Allocate&land&use
Apply,&at&yearly&time&steps,&models&for&probability&of&fire,&fire&
combustion,&vegetation&growth,&and&oxidation&according&to&
current&biomass,&land&use&and&location,&peat&depth,&and&
maximum&potential&for&loss&of&biomass&and&peat
Calculate&carbon&stocks&and&change&over&time,&convert&to&CO2e&
Determine&difference&compared&to&baseline&scenario
SUMMARY&OF&FIRE&PROCESS&MODEL
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Table C1. Biomass carbon estimates derived from land cover. 
Land cover description Above- ground 
biomass 
(AGB) carbon  
(t C ha-1) 
Below-ground 
biomass (BGB) 
carbon (% of 
AGB) 
Necromass carbon 
(% of AGB) 
Total phytomass (t 
C ha-1) 
AGB source 
Riverine-riparian forest 
(cover >11%) 
198.40 0.24 0.15 274.78 (Paoli et al., 2010) (mineral soil <100m) 
Swamp forest (mixed 
swamp, cover >11%) 
208.00 0.15 0.15 270.40 (Hergoualc'h and Verchot, 2011) (mixed pole 
only) 
Woodland – degraded 
vegetation (cover 1-
10%) 
85.50 0.15 0.15 111.15 (Hergoualc'h and Verchot, 2011) (virgin peat 
forest) * 47% 
Shrubland (cover 
>50%) non-flooded 
40.00 0.15 0.15 52.00 IPCC shrub default, assuming AGB+BGB, and 
15% is BGB 
Shrubland (>50% 
cover), flooded 
40.00 0.15 0.15 52.00 IPCC shrub default, assuming AGB+BGB, and 
15% is BGB 
Shrubland (cover 11-
50%) flooded and non 
flooded 
20.00 0.15 0.15 26.00 IPCC shrub default * 50% 
Shrubland (cover 1-
10%) 
12.00 0.15 0.15 15.60 IPCC shrub default * 30% 
Grassland and ferns 7.04 0.15 0.15 9.16 IPCC grass default 
Water bodies 0.00 0.00 0.00 0.00 Excluded 
Burnt shrubs and bare 2.00 0.15 0.15 2.45 Estimate of remaining biomass, based on 0.7* 
Sawah 
Burnt forest and bare 56.40 0.15 0.15 69.09 (Hergoualc'h and Verchot, 2011) (fire damaged 
forest) 
Swamp forest (low 128.30 0.15 0.15 166.79 (Hergoualc'h and Verchot, 2011) (low pole + 
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pole, cover >11%) transition types) 
Swamp forest (low 
pole, cover 1-10%) 
60.30 0.15 0.15 78.39 (Hergoualc'h and Verchot, 2011) (47% of low 
pole and transition types) 
Mangrove (cover 1-
10%) 
61.83 0.60 0.15 108.20 45.2% of >10% cover score (based on 
intact:degraded ratio for AGB calculated from 
(Komiyama et al., 2008) and assuming AGB is 
proportional to large woody debris. 
Mangrove (cover 
>10%) 
137.40 0.60 0.15 240.45 (Donato et al., 2011) (overall average of tree 
carbon) 
Sedges, temporarily 
flooded 
6.75 0.15 0.15 8.78 IPCC grass default 
Sawah 14.65 0.15 0.08 17.94 (Hergoualc'h and Verchot, 2011) (1:3) mixed 
shrub and rice 
Swamp forest (cover 
>11%) 
181.90 0.15 0.15 236.47 (Hergoualc'h and Verchot, 2011) (virgin peat 
forest) 
Settlement 0.00 0.00 0.00 0.00 Excluded 
Tree crops - palm 25.59 0.24 0.08 33.52 Equivalent to oil palm / 15% of maximum 
swamp (Lasco, 2002), assumed 24% for BGB 
Tree crops - other 65.83 0.24 0.08 86.24 (Lasco, 2002) (average value, assuming 24% for 
BGB) 
Agriculture - rubber 
mosaic 
17.27 0.24 0.08 22.62 (Hergoualc'h and Verchot, 2011) (1:2) mixed 
shrub and rice 
Agriculture - rice based 14.65 0.15 0.08 17.94 (Hergoualc'h and Verchot, 2011) (1:3) mixed 
shrub and rice 
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Table C2. Mixed effects models for probability of fire, given a) 10% loss of AGB in fire events (F10) and b) 70% loss of AGB in fire events (F70). 
Fire model F10 - - Generalized linear mixed effects model structure (fit by Laplace approximation) 
P(fire) ~ AGB carbon + log(distance to water) + El Niño + Agriculture + Potential forest typea + (El Niño | Year)  
Random effects Variance Std. dev # observations Groups 
El Niño | Year 6.642 2.577 103712 7 
Fixed effects Estimate Std. Error Z value Pr(>|z|)   
(Intercept) -0.829 1.057 -0.78 0.433 
 AGB carbon -0.0002 0.000 -7.25 0.000 *** 
log(distance to water) -0.307 0.008 -38.31 <2e-16 *** 
El Niño 2.075 1.055 1.97 0.049 * 
Agriculture -0.049 0.034 -1.43 0.153 
 Low pole 0.810 0.050 16.27 <2e-16 *** 
River riparian -0.431 0.055 -7.87 0.000 *** 
Swamp forest 0.679 0.063 10.77 <2e-16 *** 
Mixed swamp 0.598 0.049 12.11 <2e-16 *** 
Correlation of fixed effects 
  (Intercept) AGB carbon log(distance to water) El Niño Agriculture Low pole River riparian Swamp forest 
AGB carbon 0.028 
       log(distance to water) -0.051 -0.009 
      El Niño -0.998 -0.03 -0.001 
     Agriculture -0.008 0.117 0.166 -0.003 
    Low pole -0.04 -0.003 -0.049 0.001 -0.062 
   River riparian -0.046 -0.022 0.119 0 0.039 0.817 
  Swamp forest -0.028 -0.018 -0.118 0.001 -0.006 0.721 0.637 
 Mixed swamp -0.039 -0.033 -0.11 0.001 0.004 0.918 0.819 0.735 
a base potential forest type: Mangrove 
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Fire model F70 - - Generalized linear mixed effects model structure (fit by Laplace approximation) 
P(fire) ~ AGB carbon + log(distance to water) + El Niño + Agriculture + Potential forest typea + (El Niño | Year)  
Random effects Variance Std. dev # observations Groups 
El Niño | Year 6.0305 2.4557 103712 7 
Fixed effects Estimate Std. Error Z value Pr(>|z|)   
(Intercept) -0.431 1.007 -0.43 0.6687 
 AGB carbon -0.010 0.000 -62.42 <2e-16 *** 
log(distance to water) -0.270 0.008 -32.42 <2e-16 *** 
El Niño 2.067 1.005 2.06 0.0397 * 
Agriculture -0.703 0.036 -19.68 <2e-16 *** 
Low pole 0.882 0.050 17.55 <2e-16 *** 
River riparian -0.022 0.056 -0.39 0.6971 
 Swamp forest 1.078 0.064 16.76 <2e-16 *** 
Mixed swamp 0.921 0.050 18.39 <2e-16 *** 
Correlation of fixed effects 
  (Intercept) AGB carbon log(distance to water) El Niño Agriculture Low pole River riparian Swamp forest 
AGB carbon -0.007 
       log(distance to water) -0.056 -0.025 
      El Niño -0.997 -0.002 -0.001 
     Agriculture -0.013 0.291 0.156 -0.001 
    Low pole -0.042 -0.03 -0.044 0.001 -0.071 
   River riparian -0.047 -0.094 0.126 0 0.006 0.812 
  Swamp forest -0.028 -0.101 -0.122 0.001 -0.04 0.714 0.631 
 Mixed swamp -0.039 -0.09 -0.106 0.001 -0.025 0.914 0.815 0.732 
a base potential forest type: Mangrove 
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Table C3. Maximum AGB carbon values for each land use used in the carbon process model. 
Management Type Max AGB (t C ha-1) 
Agriculture  
(excluding sawah) 
Tree crops - palm 25.59 
Tree crops - other 65.83 
Agriculture - rubber mosaic 17.27 
Agriculture - rice based (including sawah) 14.65 
Unmanaged 
 
Mangrove 137.4 
Low pole peat swamp forest 128.3 
River-Riparian 198.4 
Swamp forest (nipah) 181.9 
Mixed peat swamp forest 208.0 
 
Table C4. Emission factors from changes in vegetation and peat, and the respective CO2e 
conversion factor. A standard carbon fraction of AGB of 0.5 was employed (Christian et al., 2003, 
Climate Change, 1995, IPCC GPG, 2006, van der Werf et al., 2010). 
Greenhouse 
gas 
Vegetation growth 
(t/tC) 
(assume all uptake 
as CO2) 
Peat oxidation 
(t/tC) 
Vegetation 
combustion 
(t/tC) 
Peat 
combustion 
(t/tC) 
CO2e 
factor 
CO2 3.667 3.655 3.16±0.18 3.406  1  
CO - - 0.208±0.04 0.4206 2  
CH4 - 0.004 0.0136±0.004 0.0416 21 
N2O - 0.004 0.004 0.004  310  
NOx - - 0.0032±0.0014 0.0045  NA 
TOTAL CO2e  3.667 4.979 5.1016 6.3608 . 
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Appendix D. Spatial and temporal patterns of carbon stock and emission proxies. 
This appendix includes aggregate values of carbon proxy metrics overall (i.e. across the entire 
study region), and the allocation among blocks (Table D1), the allocation of 10th percentile and 30th 
percentile hotspots among blocks (Table D2), correlations among proxies overall and by block 
(Table D3), congruency between 10th percentile hotspots overall and by block (Table D4), 
congruency between 30th percentile hotspots overall and by block (Table D5), the distribution of 
spatial value and hotspots across the study region for each model (Figures D1-D4), and the 
correlation within each proxy metric over time (Figure D5). 
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Table D1. Summary for carbon metrics overall and across administrative blocks (A – E). Model 
versions use 10% AGB loss in fire events (F10), 70% AGB loss in fire events (F70), El Niño index 
at 11 events over 50 years (S1) or 20 events over 50 years (S2). Stocks are shown as volume at the 
start of the model (t=0) and emissions are given for a 40 year time period. 
    Model OVERALL value 
!! Value allocation to blocks (%)  
    !! A B C D E 
Area      
(1000 ha) 
Total All models 1,475 !! 21 11 30 10 28 
Peat >3m  All models 447 !! 16 18 32 0 34 
Carbon 
stocks (yr 
0) (M t C) 
AGB All models 129 !! 14 12 22 7 45 
Total 
carbon All models 2,749 !! 17 16 30 2 35 
Potential 
emissions      
(40 yr)      
(M t 
CO2e) 
AGB 
F10 - S1 728 !! 16 12 24 7 41 
F10 - S2 807 !! 16 12 24 7 41 
F70 - S1 183 !! 15 17 10 7 51 
F70 - S2 381 !! 16 14 21 7 42 
Total 
carbon 
F10 - S1 10,433 !! 19 16 33 3 29 
F10 - S2 12,489 !! 18 16 33 2 30 
F70 - S1 9,023 !! 20 16 36 3 25 
F70 - S2 11,536 !! 19 17 35 2 27 
Potential 
emissions 
reductions      
(40 yr)     
(M t 
CO2e) 
AGB 
F10 - S1 1,162 !! 20 11 30 9 31 
F10 - S2 1,242 !! 20 11 30 9 31 
F70 - S1 618 !! 23 12 31 10 24 
F70 - S2 815 !! 22 12 31 9 27 
Total 
carbon 
F10 - S1 10,967 !! 19 16 34 3 29 
F10 - S2 13,023 !! 19 16 33 3 29 
F70 - S1 9,558 !! 20 16 37 3 24 
F70 - S2 12,070 !! 20 16 35 3 26 
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Table D2. Hotspot allocation among blocks. For each carbon proxy and model combination, the 10% hotspots (H10) and 30% hotspots (H30) 
distribution among blocks is shown as a percentage of total hotspot value. 
    Model !! H10 allocation to blocks (%) !! H30 allocation to blocks (%)  
    !! A B C D E !! A B C D E 
Carbon 
stocks (yr 
0) (M t C) 
AGB All models !! 3 4 15 0 78 !! 7 7 14 1 71 
Total 
carbon All models !! 19 13 1 0 67 !! 18 23 9 0 50 
Potential 
emissions      
(40 yr)      
(M t 
CO2e) 
AGB 
F10 - S1 !! 9 11 21 3 57 !! 9 8 17 3 64 
F10 - S2 !! 7 9 17 1 65 !! 8 8 16 2 66 
F70 - S1 !! 21 21 22 13 24 !! 17 17 25 8 34 
F70 - S2 !! 18 15 25 10 32 !! 14 15 24 6 41 
Total 
carbon 
F10 - S1 !! 43 27 19 0 11 !! 31 27 29 0 13 
F10 - S2 !! 47 28 12 0 13 !! 30 29 26 0 15 
F70 - S1 !! 49 16 29 0 5 !! 35 19 39 0 7 
F70 - S2 !! 53 21 15 0 10 !! 34 23 33 0 10 
Potential 
emissions 
reductions      
(40 yr)     
(M t 
CO2e) 
AGB 
F10 - S1 !! 12 11 24 3 50 !! 12 9 22 5 53 
F10 - S2 !! 11 10 21 2 55 !! 11 9 20 4 56 
F70 - S1 !! 26 16 35 10 13 !! 27 15 36 11 12 
F70 - S2 !! 24 16 29 10 21 !! 19 14 38 8 20 
Total 
carbon 
F10 - S1 !! 43 25 21 0 11 !! 31 26 31 0 12 
F10 - S2 !! 46 28 14 0 12 !! 30 28 28 0 14 
F70 - S1 !! 49 14 31 0 5 !! 34 19 40 0 7 
F70 - S2 !! 53 21 16 0 10 !! 33 22 35 0 10 
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Table D3. Overlap of deep peat (>3m) regions with carbon proxy hotspots. For each carbon proxy and model combination, the 10% hotspots (H10) 
and 30% hotspots (H30) overlap with deep peat areas is shown as a percentage of the smaller area within each comparison. 
    Model !! H10 overlap with peat >3m (%) !! H30 overlap with peat >3m (%)  
    !! ALL A B C D E !! ALL A B C D E 
Carbon 
stocks (yr 
0) (M t C) 
AGB All models !! 18 6 22 13 0 19 !! 26 25 26 19 0 28 
Total 
carbon All models !! 100 100 100 100 0 100 !! 100 100 100 100 0 100 
Potential 
emissions      
(40 yr)      
(M t 
CO2e) 
AGB 
F10 - S1 !! 14 6 16 21 0 13 !! 26 21 32 21 0 28 
F10 - S2 !! 14 4 19 21 0 13 !! 26 21 30 22 0 29 
F70 - S1 !! 8 2 3 23 0 10 !! 28 18 52 29 0 26 
F70 - S2 !! 10 0 5 23 0 10 !! 29 24 61 27 0 24 
Total 
carbon 
F10 - S1 !! 100 100 100 100 0 100 !! 97 97 98 98 0 96 
F10 - S2 !! 100 100 100 100 0 100 !! 100 100 100 100 0 100 
F70 - S1 !! 100 100 100 100 0 100 !! 96 95 97 97 0 98 
F70 - S2 !! 100 100 100 100 0 100 !! 100 100 100 100 0 100 
Potential 
emissions 
reductions      
(40 yr)     
(M t 
CO2e) 
AGB 
F10 - S1 !! 19 8 29 28 0 17 !! 22 12 32 20 0 26 
F10 - S2 !! 19 12 31 26 0 16 !! 22 12 28 18 0 26 
F70 - S1 !! 14 5 18 23 0 18 !! 21 8 30 35 0 16 
F70 - S2 !! 14 3 20 22 0 17 !! 24 11 31 36 0 15 
Total 
carbon 
F10 - S1 !! 100 100 100 100 0 100 !! 96 95 98 96 0 97 
F10 - S2 !! 100 100 100 100 0 100 !! 100 100 100 100 0 100 
F70 - S1 !! 100 100 100 100 0 100 !! 95 94 96 95 0 98 
F70 - S2 !! 100 100 100 100 0 100 !! 100 100 100 100 0 100 
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Table D4 (next page). Correlations between carbon proxies overall and for each block (A – E). Correlation is shown as the value of Spearman’s Rho, 
where relationships were found to be significant (p value <0.05) using a modified T-test to account for spatial autocorrelation (see main text, section 
3.4.3). Values for Rho can range from -1 (total negative correlation) to 1 (total correlation), with zero indicating no correlation. Non-significant 
relationships were converted to zero for display. Grey scale shows darkest for highest correlations, and lighter colours for negative correlations 
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Table D5 (next page). Congruency between the 10% hotspots for carbon proxies overall and for each block (A – E). Congruency is given as Cohen’s 
Kappa, which ranges from a minimum of -1 (shown here as lightest shade) to a maximum of 1 (shown here as darkest shade), with a value of 1 
indicating perfect similarity, 0 indicating expected similarity due to chance, and -1 indicating no similarity. Values greater than 0.6 are considered to 
represent substantial overlap, values between 0.2 to 0.4 to indicate minimal overlap, while equivalent negative values show analogous levels of 
disassociation. 
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Table D6 (next page). Congruency between the 30% hotspots for carbon proxies overall and for each block (A – E). Congruency is given as Cohen’s 
Kappa, which ranges from a minimum of -1 (shown here as lightest shade) to a maximum of 1 (shown here as darkest shade), with a value of 1 
indicating perfect similarity, 0 indicating expected similarity due to chance, and -1 indicating no similarity. Values greater than 0.6 are considered to 
represent substantial overlap, values between 0.2 to 0.4 to indicate minimal overlap, while equivalent negative values show analogous levels of 
disassociation. 
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Table D7. The impact of choice of carbon proxy on the efficiency of emissions reduction and financial benefits of climate change mitigation. 
M
od
el 
Ta
rg
et 
Policy 
40 year Potential 
emissions 
reduction (M t 
CO2e) 
Per cent of 
potential 
emissions 
reduction target 
Area (ha) 
Efficiency      
(1,000 t CO2e 
potential 
emissions 
reduction per 
ha) 
Potential benefit 
(M USD, based 
USD 9.2 per t 
CO2e) 
Benefit per ha 
(USD) 
F10 - S1 
26% 
AGB stock 1,153 40% 168,300 6.9 10,609 63,038 
Total stock 1,771 62% 122,600 14.4 16,293 132,897 
Total potential emissions 2,760 97% 158,900 17.4 25,396 159,824 
Total potential emissions reduction 2,848 100% 164,700 17.3 26,203 159,097 
Deep peat 6,239 219% 446,730 14.0 57,396 128,481 
41% 
AGB stock 2,027 45% 281,400 7.2 18,648 66,269 
Total stock 3,011 67% 209,600 14.4 27,704 132,177 
Total potential emissions 4,357 97% 273,600 15.9 40,085 146,509 
Total potential emissions reduction 4,492 100% 283,800 15.8 41,326 145,618 
Deep peat 6,239 139% 446,730 14.0 57,396 128,481 
F10 - S2 
26% 
AGB stock 1,363 40% 168,300 8.1 12,538 74,498 
Total stock 2,333 69% 122,600 19.0 21,461 175,051 
Total potential emissions 3,289 97% 149,700 22.0 30,260 202,137 
Total potential emissions reduction 3,383 100% 154,600 21.9 31,123 201,310 
Deep peat 7,974 236% 446,730 17.8 73,357 164,209 
41% 
AGB stock 2,420 45% 281,400 8.6 22,263 79,116 
Total stock 3,951 74% 209,600 18.9 36,351 173,428 
Total potential emissions 5,190 97% 256,400 20.2 47,749 186,227 
Total potential emissions reduction 5,335 100% 265,000 20.1 49,082 185,215 
Deep peat 7,974 149% 446,730 17.8 73,357 164,209 
F70 - S1 26% AGB stock 744 30% 168,300 4.4 6,847 40,681 
Total stock 1,465 59% 122,600 12.0 13,482 109,970 
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Total potential emissions 2,403 97% 136,100 17.7 22,109 162,450 
Total potential emissions reduction 2,480 100% 141,300 17.5 22,811 161,440 
Deep peat 5,520 223% 446,730 12.4 50,782 113,675 
41% 
AGB stock 1,378 35% 281,400 4.9 12,675 45,042 
Total stock 2,547 65% 209,600 12.2 23,434 111,804 
Total potential emissions 3,795 97% 241,600 15.7 34,918 144,527 
Total potential emissions reduction 3,910 100% 251,000 15.6 35,970 143,305 
Deep peat 5,520 141% 446,730 12.4 50,782 113,675 
F70 - S2 
26% 
AGB stock 1,004 32% 168,300 6.0 9,233 54,859 
Total stock 2,135 68% 122,600 17.4 19,644 160,226 
Total potential emissions 3,047 97% 133,000 22.9 28,037 210,802 
Total potential emissions reduction 3,136 100% 137,600 22.8 28,852 209,681 
Deep peat 7,525 240% 446,730 16.8 69,232 154,976 
41% 
AGB stock 1,866 38% 281,400 6.6 17,170 61,016 
Total stock 3,657 74% 209,600 17.4 33,649 160,539 
Total potential emissions 4,812 97% 232,900 20.7 44,267 190,070 
Total potential emissions reduction 4,943 100% 240,900 20.5 45,473 188,765 
Deep peat 7,525 152% 446,730 16.8 69,232 154,976 
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Figure D1. Distribution of hotspots and value for the six carbon proxies and their overlap with deep 
peat areas. Results are for model F10 – S1; stocks are shown for year 0; potential emissions and 
potential emissions reductions are shown for year 40. 
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Figure D2. Distribution of hotspots and value for the six carbon proxies and their overlap with deep 
peat areas. Results are for model F10 – S2; stocks are shown for year 0; potential emissions and 
potential emissions reductions are shown for year 40. 
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Figure D3. Distribution of hotspots and value for the six carbon proxies and their overlap with deep 
peat areas. Results are for model F70 – S1; stocks are shown for year 0; potential emissions and 
potential emissions reductions are shown for year 40. 
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Figure D4. Distribution of hotspots and value for the six carbon proxies and their overlap with deep 
peat areas. Results are for model F70 – S2; stocks are shown for year 0; potential emissions and 
potential emissions reductions are shown for year 40. 
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Figure D5. Consistency of carbon emissions proxies through time. Results for each proxy at years 
10, 20, 40 and 100 is assessed for correlation with the results at the 5 year time period. Correlation 
is assessed using Spearman’s Rho, and all are significant at a 95% significance level using a 
modified t-test to account for spatial autocorrelation. 
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Appendix E. Detailed methods to model carbon stocks and the potential for 
emissions reduction for Chapter 4 
We modelled and mapped carbon stocks (and fluxes) and the potential for emissions reduction. 
We quantified total carbon stocks (including above ground biomass (AGB), below ground living 
biomass (BGB), necromass, and soil carbon; t C ha-1). AGB carbon was allocated using a land 
cover proxy, and conversions to BGB and necromass estimated from AGB carbon using ratio 
factors drawn from the literature. Soil carbon was determined based on soil type (terrestrial peat, 
mineral or mangrove) and depth of (terrestrial) peat. Areas with less than 30 cm of peat were 
considered to overlay mineral fluvaquents and tropaquent (entisol) soils, and were assigned an 
average soil carbon value (375.24 t C ha-1 m-1; Wahyunto et al. 2004). Peat soils are often denser on 
the surface due to compaction (Kool et al. 2006), and particularly when the overall depth is shallow 
(Wahyunto et al. 2004). We therefore assigned a higher value, 980 t C ha-1 m-1, for the first 30 cm 
of peat for shallow peat soils (Wahyunto et al. 2004). The remaining peat, 30 cm and deeper, was 
assigned 786.8 t C ha-1 m-1, the average of fibric, hemic, and sapric peat values (Wahyunto et al. 
2004). Mangroves were allocated a global average carbon value of 783.5 t C ha-1 and based on an 
average soil depth of 199.4 meters (Donato et al. 2011).  
To model carbon flux we developed a novel process model of the effects of fire on vegetation 
and peat, harvest of wood products (HWP) which may occur through forestry activities or initial 
clearing under conversion to agriculture or oil palm, oxidation of peat in the absence of fire, and 
growth of plant biomass. Carbon fluxes were modelled over five land management regimes: 
smallholder agriculture, oil palm, forestry, conservation, and no active land management (Table 
E1).   
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Table E1. Model parameterization for each land use management regime. 
 Smallholder 
agriculture 
Oil palm Forestry Conservation No management  
Description All areas 
converted to 
smallholder 
agriculture. 
All areas 
converted to oil 
palm. 
Eligible harvest 
forest types in 
forestry rotation. 
For all non-
harvested forest 
types, this 
option is 
analogous to the 
conservation 
scenario, i.e. is 
not harvested, 
and no fires. 
Assumes no 
fire, no 
agriculture, and 
no forestry: all 
areas left to 
grow into 
forests in the 
absence of fire. 
The maximum 
emissions 
reduction 
possible.  
No agricultural 
or forestry 
management, nor 
fire management.  
Max AGB Determined by 
optimal future 
farming system. 
Immediate post 
clearing AGB 
starts at 2 t C ha-
1. 
Set for oil 
palm. 
Immediate post 
clearing AGB 
starts at 2 t C 
ha-1. 
Determined by 
potential forest 
type (PFT). 
Upon harvest, 
the remaining 
AGB is reduced 
to 56.4 t C ha-1. 
Determined by 
PFT. 
Determined by 
PFT. 
Fires Initial fire on 
clearing, then 
determined by 
fire probability 
model, assuming 
all land use is 
“smallholder 
agriculture”. 
Initial fire on 
clearing, then 
once at start of 
each 25 year 
rotation. 
Fire used for 
land clearing 
only: once after 
each harvest. 
No fire Determined by 
fire probability 
model, assuming 
all land use is  
“unmanaged”. 
Peat 
oxidation/ 
drainage 
18.246 t C ha-1 
yr-1 
(0.6m drainage 
depth). 
54.74 t C ha-1 
yr-1 (the 
average of 
specific oil 
palm models: 
1.8-7.3 kg C yr-
1 m2) 
(Couwenberg et 
al. 2010). 
If forested 
(>100 t C ha-1) 
then drainage at 
0.2m, or if 
deforested 
drainage at 
0.3m, oxidation 
at 6.08 and 9.12 
t C ha-1 yr-1 
respectively. 
If forested 
(>100 t C ha-1) 
then drainage at 
0.2m, or if 
deforested 
drainage at 
0.3m, oxidation 
at 6.08 and 9.12 
t C ha-1 yr-1 
respectively. 
If forested (>100 
t C ha-1) then 
drainage at 0.2m, 
or if deforested 
drainage at 0.3m, 
oxidation at 6.08 
and 9.12 t C ha-1 
yr-1 respectively. 
Peat loss in 
fire 
15cm 15cm 30cm NA 30cm 
Harvest of 
HWP 
If start AGB is 
higher than value 
for a logged 
forest + 25% of a 
conventional 
forestry harvest 
(91.4 t C ha-1) 
then the amount 
in excess of a 
logged forest 
(85.5 t C ha-1) is 
diverted to 
HWP. 
If start AGB is 
higher than 
value for a 
logged forest + 
25% of a 
conventional 
forestry 
harvest. 
40 year rotation 
on harvest of 
eligible forest 
types, with 
harvest at 65 m3 
ha-1. See above 
for definition of 
eligible harvest 
types and 
times). 
Nil Nil 
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The probability of fire was modelled using a generalized linear mixed effects (lme4::glmer, R 
package) model to allow for the partitioning of variance due to both fixed effects (environmental 
variables) and random effects (the year, to account for El Niño events; Bates et al.2012). The model 
included the following environmental variables: current AGB; MODIS fire hotspot data for the 
years 2000 to 2006, which included one major El Niño event; distance to rivers and artificial canals 
(log transformed); the potential forest type; and the presence of agriculture. The resulting model 
showed expected trends of reduced fire probability with increasing AGB, increasing distance from 
canals and rivers, agricultural management, and in river-riparian forests (which mainly exist on 
mineral soils). The strongest factor increasing fire probability was El Niño years, and fire-
susceptible forest types on peat soils. We assumed that a fire event would consume 70 percent of 
the available AGB (IPCC GPG 2006), regardless of soil type or existing land management. Peat 
consumption by fire was assumed to be 30 cm depth in unmanaged land, and 15 cm depth in 
managed agricultural areas (Ballhorn et al. 2009), or the entire profile of peat if less than these 
thresholds.  
Under the forestry model, eligible harvest types are either river riparian, or mixed swamp forest, 
are initially earmarked for harvest in that harvest round (according for the forestry model, which 
assumes harvest in yr 0 for extant forest, yr 20 for degraded forest with some remaining cover, and 
yr 40 for areas that have no remaining forest cover). Areas must also reach the criteria of a 
minimum viable harvest level, if not, they are carried over into the subsequent harvest round. 
Harvest at 65 m3 ha-1, which with a conversion factor of 0.725 t biomass per m3 equates to 47.125 t 
biomass or 23.56 t C ha-1. The minimum harvest threshold (174.06 t Biomass; the AGB that forest 
must be at before being eligible for harvest) is this harvest amount, plus 30% of a harvest (which is 
assumed to be damaged during harvest and burnt immediately), and the amount that remains after 
harvest (equivalent to the “burnt forests and bare” category, 112.8 t biomass). 
HWP were assumed to act as a temporary storage of carbon after which biomass was 
combusted, and were modelled as a time discounted value using a 1.4% social discount rate (Stern 
2006) and standard half life time horizons (2 years for paper, 30 years for solid products) with 
proportional distribution to paper (25%), solid wood (75%), and waste products (8% of total, 
assumed to be burnt immediately), and timber left standing (Murdiyarso et al. 2010). This equates 
to a conversion factor of 0.737, i.e. if 100 t C is sent to HWP rather than burnt immediately, this 
equates to 73.7 t C rather than 100 t C burnt. 
For each year without fire, harvest, or conversion, the vegetation in each cell experienced 
growth and there was a loss of carbon though peat oxidation, reflecting the continued impacts of 
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drainage in the region. Peat oxidative loss was estimated by the water table depth (Hooijer et al. 
2006) and this was assumed to be 20, 40, and 80 cm respectively for natural or restored, drained, 
and agricultural areas (Euroconsult Mott MacDonald et al. 2008). We used the average oxidative 
loss of 3 t C ha-1 yr-1 for every additional 10 cm drainage depth (assuming an average of 50 percent 
carbon loss due to oxidation, rather than soil respiration; Couwenberg et al. 2010). While peatlands 
may accumulate carbon in soil, we did not include this as the water table levels are generally not 
conducive for peat growth in the region (Page et al. 2009). We did not consider carbon loss or 
accumulation in the saline peat soils of mangroves. The maximum AGB was assigned based on the 
potential forest type and expected land use (Table E2). Growth in AGB (in the absence of fire) up to 
a maximum allowed under the assumed land use and land cover was assumed to be 13.5 t dry 
biomass for up to 20 years and 3.7 t dry biomass thereafter (IPCC GPG 2006). The maximum peat 
available to be lost was assigned based on the carbon stock in the peat soils above mean sea level 
(at which burning and oxidation was assumed to cease). 
The model was run over a 100 year time period and the average and standard deviation for AGB 
and soil carbon was determined for each grid cell in each year. The change in AGB and total 
phytomass was calculated as the difference between the contemporary year, and the start year 
(2007). Soil carbon stocks were calculated as the initial stock minus the amount predicted to be lost 
each year. The carbon emitted and sequestered was converted to carbon dioxide equivalents (CO2e) 
using standard emission factors for each of the flux categories. 
 
Table E2. Maximum AGB carbon values. 
Management Type MaxAGB (Mg C 
ha-1) 
Agriculture  
 
Tree crops - palm 25.59 
Tree crops - other 65.83 
Agriculture - rubber mosaic 17.27 
Agriculture - rice based, including sawah 14.65 
Unmanaged 
 
1 – Mangroves  137.4 
2 – Low pole PSF 128.3 
3 – River-Riparian 198.4 
4 – Swamp forest (nipah) 181.9 
5 – Mixed PSF 208.0 
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Appendix F. Additional methods for assessing timber value 
Harvest cycles are based on an estimate of the time required for a seedling to grow into a 
merchantable tree with diameter at breast height (DBH) of 50-60 cm (Kumari 1995). Transport 
costs were not included in timber value, as logs are generally transported to mills in a raw state. 
Road transport was calculated as the Euclidian distance to one of the two existing mills (Mentangai, 
Manusup; Figure 4.1) overland at a cost of $0.75 per m3 km-1. River transport was calculated as the 
Euclidian distance to the nearest canal or river at the same overland rate, with river transport at a 
cost of $0.1 per m3 km-1. A floor cost of $5 per m3 was also applied. This resulted in transport costs 
ranging from $5 - $28 per m3. We assumed constant costs and prices in real terms over time. Values 
were calculated on a 50 m x 50 m grid aligned with the current land cover. 
Appendix G. Methods to model potential value of crops from smallholder 
agriculture 
Table G1. Classification and regression tree model specifications for crop yield, with explanatory 
variables selected including hydrology (hydro), the Euclidean distance from the major rivers (dist.), 
annual mean temperature (temp.), physiography (phys.), and (log)peat depth (log(peat)).   
Crop Variables Number of 
terminal nodes 
Misclassification rate 
(%) 
Horticulture Hydro, temp, phys, log(peat) 9 28  
Rice Hydro, temp, phys, log(peat) 11 18  
Maize Hydro, dist,  temp, phys, log(peat) 15 29  
Soy Hydro, dist,  temp, phys, log(peat) 14 29  
Rubber Hydro, temp, phys, log(peat) 10 35 
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Table G2. Crop revenue calculations. Maximum potential yield and price per ton were retrieved 
from FAOSTAT Production and Annual Producer Prices for 2008, available at 
http://faostat.fao.org/, accessed 1/6/2012). Revenue cost ratios were derived from the literature. For 
horticulture, we calculated the average maximum gross revenue for the horticultural crops listed in 
Table G3. Coconut yield was assumed to be 100% in areas in which it is currently grown, and zero 
otherwise. 
 Rice Maize Soy Horticulture Rubber Coconut Source 
Maximum 
potential yield 
(t/ha) 
5 4.24 1.35 17.92 0.71 6.55 FAOSTAT 
Price (USD/t) 209 265 638 541 564 155 FAOSTAT 
Maximum gross 
revenue 
(USD/ha) 
1045 1124 861 7767 400 1015 Yield * Price  
Revenue cost 
ratio 
1.83 1.07 1.99 2.68 4.20 1.65 Rubber: Yamamoto and 
Takeuchi (2012) 
Coconut: Waney and 
Tujuwale (2002) 
Other crops: Jagau et al. 
(2008) 
Maximum net 
revenue 
(USD/ha) 
676 581 573 5656 323 632 Gross revenue – (gross 
revenue/(revenue cost ratio 
+1)) 
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Table G3. Crops included in horticulture calculations. 
Horticulture crops 
Bananas 
Green beans 
Cucumbers and gherkins 
Eggplants (aubergines) 
Mangoes, mangosteens, guavas 
Oranges 
Papayas 
Pineapples 
Tomatoes 
Watermelons 
Avocados 
Cabbages and other brassicas 
Carrots and turnips 
Cassava 
Chillies and green peppers 
Garlic 
Groundnuts 
Onions 
Potatoes 
Spinach 
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Table G4. Crop contributions to each farming system (Jagau et al. 2008). 
 Crop proportion to revenue Potential net 
revenue if all 
crops had 
100% 
suitability 
(USD / ha) 
Farming system Rice Maize Soy Horticulture Rubber Coconut 
Rice  0.75 0.1 0.1 0.05 0 0 905 
Rubber mosaic 0.55 0.05 0.05 0.05 0.3 0 809 
Rubber tree crop 0.3 0 0 0.05 0.65 0 696 
Coconut tree crop 0.3 0 0 0.05 0 0.65 896 
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Appendix H. Methods to model potential value of oil palm 
Variables selected by the classification and regression tree model for oil palm suitability 
included physiography, hydrology, and log(peat depth), resulting in a model with eight terminal 
nodes and a 41% misclassification rate. We assumed that oil palm plantation owners would devote 
all of their land resources to oil palm. We did not consider the status of existing oil palm 
concessions (Figure H1) in our calculations of net present value.  
 
Table H1. Oil palm profit margins from literature review. We converted all profit values to 25 year 
NPV equivalents using discount rates stated within each study, and converted these values to 2008 
USD using the United States consumer price index (http://www.bls.gov). We then calculated the 
profit quartiles based on these values, excluding study 1 as it did not account for all costs. 
Study USD/ ha Description of oil palm value Source 
1 7900 
(5500 – 
12500) 
2007 NPV over 25 years, 
assuming 25 year cycle and 15% 
discount rate, not including any 
costs other than startup, and 
assuming large companies 
http://news.mongabay.com/2007/07
17-indonesia.html, accessed 3rd 
February 2013. 
 
2 3388 2006 NPV over 25 years for 
mineral soils in areas near major 
centres 
http://www.dephut.go.id/INFORM
ASI/LITBANG/IFCA/Summary%2
04%20policy%20makers_final.pdf, 
accessed 3rd February 2013. 
 
3 2650 2006 NPV over 25 years for 
mineral soils in isolated areas 
http://www.dephut.go.id/INFORM
ASI/LITBANG/IFCA/Summary%2
04%20policy%20makers_final.pdf, 
accessed 3rd February 2013. 
 
4 4265 2006 NPV over 25 years for peat 
soils 
http://www.dephut.go.id/INFORM
ASI/LITBANG/IFCA/Summary%2
04%20policy%20makers_final.pdf, 
accessed 3rd February 2013. 
 
5 258 Annuitized 2009 value for 
conversion of alang-alang 
grasslands. 
http://tropcropconsult.com/downloa
ds_files/Fairhurst2009.pdf, 
accessed 3rd February 2013. 
6 762 2007 average annual profit from 
four major oil palm companies 
(Venter et al. 2009) 
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Figure H1. Status of oil palm plantations as of 2008 and areas of deep peat (>3 meters).  
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Appendix I. Full results for correlation and hotspot congruence analysis 
Table I1. Overall and block-wise correlation and congruency among services and carbon stocks. 
    Overall Block A Block B 
Layer 1 Layer 2 
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Smallholder 
agriculture 
Timber 0.11 0.38 -0.06 0.00 -0.03 0.08 -0.11 0.00 -0.09 0.00 -0.16 0.06 0.04 0.00 0.00 0.01 -0.02 0.28 
Smallholder 
agriculture 
Biodiversity 0.16 0.19 -0.04 0.00 -0.06 0.08 0.22 0.00 -0.03 0.01 0.17 0.13 -0.16 0.22 -0.10 0.00 0.00 0.30 
Smallholder 
agriculture 
Oil palm 0.55 0.00 0.08 0.03 0.61 0.24 0.41 0.00 -0.13 0.00 0.57 0.29 0.50 0.02 0.26 0.09 0.02 0.35 
Smallholder 
agriculture 
Initial total carbon 
stock 
0.09 0.51 -0.11 0.00 -0.08 0.08 -0.34 0.26 -0.11 0.00 -0.44 0.00 -0.51 0.00 -0.11 0.00 0.02 0.31 
Smallholder 
agriculture 
Potential emission 
reductions 
0.19 0.19 -0.11 0.00 0.12 0.12 -0.36 0.25 -0.11 0.00 -0.44 0.00 -0.51 0.05 -0.11 0.00 0.01 0.30 
Biodiversity Timber 0.35 0.04 0.07 0.01 0.22 0.13 0.11 0.25 0.06 0.01 0.00 0.08 0.25 0.01 0.03 0.01 0.08 0.10 
Biodiversity Oil palm 0.05 0.48 -0.03 0.01 -0.07 0.08 0.19 0.12 -0.02 0.02 0.15 0.17 0.05 0.67 -0.02 0.03 -0.02 0.10 
Biodiversity Initial total carbon 
stock 
0.12 0.55 0.03 0.01 0.12 0.12 -0.11 0.41 -0.03 0.01 -0.06 0.08 0.13 0.37 0.14 0.02 0.07 0.11 
Biodiversity Potential emission 
reductions 
-0.05 0.68 -0.07 0.00 -0.11 0.07 -0.14 0.25 -0.06 0.01 -0.09 0.07 0.04 0.75 -0.04 0.01 -0.03 0.08 
Timber Oil palm 0.20 0.00 -0.04 0.01 0.01 0.10 0.13 0.29 -0.06 0.01 0.04 0.14 -0.27 0.06 0.04 0.04 0.09 0.12 
Timber Initial total carbon 
stock 
0.36 0.02 0.30 0.04 0.36 0.17 0.05 0.00 0.22 0.03 0.00 0.09 0.12 0.38 0.17 0.03 0.13 0.12 
Timber Potential emission 
reductions 
-0.05 0.64 -0.11 0.00 -0.20 0.05 -0.26 0.08 -0.11 0.00 -0.16 0.06 -0.36 0.01 -0.11 0.00 -0.29 0.03 
Oil Palm Initial total carbon 
stock 
0.11 0.34 -0.01 0.02 0.00 0.11 -0.41 0.06 -0.09 0.01 -0.38 0.05 -0.59 0.01 -0.12 0.01 -0.39 0.02 
Oil Palm Potential emission 
reductions 
0.08 0.00 0.00 0.02 0.15 0.14 -0.49 0.02 -0.14 0.00 -0.49 0.02 -0.74 0.00 -0.16 0.00 -0.45 0.01 
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Smallholder 
agriculture 
Timber 0.11 0.40 -0.02 0.03 0.01 0.15 -0.29 0.26 -0.15 0.00 -0.27 0.03 0.18 0.08 -0.10 0.00 0.12 0.19 
Smallholder 
agriculture 
Biodiversity 0.02 0.83 -0.06 0.02 -0.10 0.12 0.31 0.16 0.42 0.10 0.28 0.16 0.12 0.29 -0.05 0.01 0.13 0.19 
Smallholder 
agriculture 
Oil palm 0.68 0.00 0.26 0.14 0.60 0.46 -0.36 0.22 -0.22 0.06 -0.27 0.06 0.63 0.00 0.31 0.06 0.37 0.25 
Smallholder 
agriculture 
Initial total carbon 
stock 
0.49 0.00 0.08 0.04 0.27 0.22 -0.07 0.72 -0.04 0.02 -0.07 0.08 -0.36 0.00 0.16 0.03 -0.28 0.10 
Smallholder 
agriculture 
Potential emission 
reductions 
0.62 0.00 0.13 0.05 0.57 0.29 -0.22 0.39 -0.15 0.00 -0.20 0.05 -0.43 0.00 0.17 0.03 -0.38 0.07 
Biodiversity Timber 0.42 0.02 0.05 0.01 0.26 0.14 0.16 0.17 -0.09 0.00 0.11 0.11 0.12 0.22 0.04 0.01 0.04 0.10 
Biodiversity Oil palm 0.11 0.50 -0.04 0.02 -0.08 0.16 0.00 0.90 -0.07 0.03 0.03 0.13 0.02 0.00 0.02 0.01 -0.02 0.08 
Biodiversity Initial total carbon 
stock 
0.19 0.29 0.09 0.02 0.09 0.12 -0.03 0.82 0.09 0.02 0.01 0.10 -0.24 0.06 -0.04 0.01 -0.07 0.08 
Biodiversity Potential emission 
reductions 
0.02 0.89 -0.05 0.01 -0.08 0.08 -0.10 0.53 -0.08 0.00 -0.06 0.08 -0.35 0.01 -0.09 0.00 -0.17 0.06 
Timber Oil palm 0.24 0.12 -0.02 0.03 0.04 0.20 0.33 0.02 0.06 0.05 0.16 0.16 0.08 0.37 -0.03 0.01 0.02 0.09 
Timber Initial total carbon 
stock 
0.47 0.01 0.49 0.06 0.39 0.18 -0.03 0.80 0.00 0.01 0.04 0.10 0.25 0.02 0.24 0.03 0.29 0.16 
Timber Potential emission 
reductions 
0.14 0.41 -0.10 0.00 -0.05 0.08 -0.05 0.66 -0.01 0.01 -0.02 0.08 -0.33 0.05 -0.10 0.00 -0.29 0.03 
Oil palm Initial total carbon 
stock 
0.61 0.00 0.09 0.05 0.31 0.29 0.18 0.12 0.14 0.07 0.24 0.18 -0.05 0.63 -0.02 0.01 -0.01 0.10 
Oil palm Potential emission 
reductions 
0.65 0.00 0.12 0.05 0.38 0.30 0.33 0.02 0.24 0.09 0.29 0.19 -0.09 0.50 0.00 0.01 -0.08 0.08 
 
Appendix 277 
Appendix J. Targeted literature review methods and references 
A targeted literature review was conducted using Thomson Reuters Web of Science accessed 
30th June 2014. The primary search included all ‘research articles’ that cited Green et al. (2005) 
(n=362). Of these, we selected articles that presented primary research, specifically those that 
explicitly compared land-sharing and sparing policies using both biodiversity and agricultural 
production metrics (n=26). We summarized the papers based on their inclusion of different 
contextual features. These included consideration of all variables that were the focus of this study 
(Table 5.1), as well as other landscape and decision context variables not considered in the analysis 
(Table J2). 
A list of studies included in the detailed review is provided in Table J1, which included both 
modeling and empirical studies. This targeted review was intended to be merely indicative of the 
extent to which a range of contextual factors have been captured in the land sharing and sparing 
literature to date, therefore is intentionally restrictive rather than unnecessarily exhaustive. The 
citation record for Green et al. (2005) is extensive and it is a key paper for the land-sharing and 
sparing literature for agricultural systems, being the first to develop a generalized, theoretical model 
of the influence of context on preferences for land sharing and land sparing. 
Table J1. References subject to detailed review. 
Anderson-Teixeira, K. J., B. D. Duval, S. P. Long, and E. H. DeLucia. 2012. Biofuels on the 
landscape: Is "land sharing" preferable to "land sparing"? Ecological Applications 22:2035-
2048. 
Barraquand, F., and V. Martinet. 2011. Biological conservation in dynamic agricultural landscapes: 
Effectiveness of public policies and trade-offs with agricultural production. Ecological 
Economics 70:910-920. 
Bisseleua, D. H. B., A. D. Missoup, and S. Vidal. 2009. Biodiversity Conservation, Ecosystem 
Functioning, and Economic Incentives under Cocoa Agroforestry Intensification. 
Conservation Biology 23:1176-1184. 
Brady, M., C. Sahrbacher, K. Kellermann, and K. Happe. 2012. An agent-based approach to 
modeling impacts of agricultural policy on land use, biodiversity and ecosystem services. 
Landscape Ecology 27:1363-1381. 
Butsic, V., V. C. Radeloff, T. Kuemmerle, and A. M. Pidgeon. 2012. Analytical Solutions to Trade-
Offs between Size of Protected Areas and Land-Use Intensity. Conservation Biology 
26:883-893. 
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Chandler, R. B., D. I. King, R. Raudales, R. Trubey, C. Chandler, and V. J. A. Chavez. 2013. A 
Small-Scale Land-Sparing Approach to Conserving Biological Diversity in Tropical 
Agricultural Landscapes. Conservation Biology 27:785-795. 
Chiron, F., K. Prince, M. L. Paracchini, C. Bulgheroni, and F. Jiguet. 2013. Forecasting the 
potential impacts of CAP-associated land use changes on farmland birds at the national 
level. Agriculture Ecosystems & Environment 176:17-23. 
Edwards, D. P., J. J. Gilroy, P. Woodcock, F. A. Edwards, T. H. Larsen, D. J. R. Andrews, M. A. 
Derhe, T. D. S. Docherty, W. W. Hsu, S. L. Mitchell, T. Ota, L. J. Williams, W. F. 
Laurance, K. C. Hamer, and D. S. Wilcove. 2014. Land-sharing versus land-sparing 
logging: reconciling timber extraction with biodiversity conservation. Global Change 
Biology 20:183-191. 
Eigenbrod, F., B. J. Anderson, P. R. Armsworth, A. Heinemeyer, S. F. Jackson, M. Parnell, C. D. 
Thomas, and K. J. Gaston. 2009. Ecosystem service benefits of contrasting conservation 
strategies in a human-dominated region. Proceedings of the Royal Society B-Biological 
Sciences 276:2903-2911. 
Ekroos, J., O. Olsson, M. Rundlof, F. Watzold, and H. G. Smith. 2014. Optimizing agri-
environment schemes for biodiversity, ecosystem services or both? Biological Conservation 
172:65-71. 
Fraser, M. D., J. M. Moorby, J. E. Vale, and D. M. Evans. 2014. Mixed Grazing Systems Benefit 
both Upland Biodiversity and Livestock Production. Plos One 9. 
Gabriel, D., S. M. Sait, W. E. Kunin, and T. G. Benton. 2013. Food production vs. biodiversity: 
comparing organic and conventional agriculture. Journal of Applied Ecology 50:355-364. 
Hanley, N., S. Acs, M. Dallimer, K. J. Gaston, A. Graves, J. Morris, and P. R. Armsworth. 2012. 
Farm-scale ecological and economic impacts of agricultural change in the uplands. Land 
Use Policy 29:587-597. 
Hulme, M. F., J. A. Vickery, R. E. Green, B. Phalan, D. E. Chamberlain, D. E. Pomeroy, D. 
Nalwanga, D. Mushabe, R. Katebaka, S. Bolwig, and P. W. Atkinson. 2013. Conserving the 
Birds of Uganda's Banana-Coffee Arc: Land Sparing and Land Sharing Compared. Plos One 
8. 
Macchi, L., H. R. Grau, P. V. Zelaya, and S. Marinaro. 2013. Trade-offs between land use intensity 
and avian biodiversity in the dry Chaco of Argentina: A tale of two gradients. Agriculture 
Ecosystems & Environment 174:11-20. 
Makowski, D., T. Dore, J. Gasquez, and N. Munier-Jolain. 2007. Modelling land use strategies to 
optimise crop production and protection of ecologically important weed species. Weed 
Research 47:202-211. 
Maskell, L. C., A. Crowe, M. J. Dunbar, B. Emmett, P. Henrys, A. M. Keith, L. R. Norton, P. 
Scholefield, D. B. Clark, I. C. Simpson, and S. M. Smart. 2013. Exploring the ecological 
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constraints to multiple ecosystem service delivery and biodiversity. Journal of Applied 
Ecology 50:561-571. 
Mastrangelo, M. E., and M. C. Gavin. 2012. Trade-Offs between Cattle Production and Bird 
Conservation in an Agricultural Frontier of the Gran Chaco of Argentina. Conservation 
Biology 26:1040-1051. 
Mueller, C., L. de Baan, and T. Koellner. 2014. Comparing direct land use impacts on biodiversity 
of conventional and organic milk-based on a Swedish case study. International Journal of 
Life Cycle Assessment 19:52-68. 
Phalan, B., M. Onial, A. Balmford, and R. E. Green. 2011. Reconciling Food Production and 
Biodiversity Conservation: Land Sharing and Land Sparing Compared. Science 333:1289-
1291. 
Sabatier, R., L. Doyen, and M. Tichit. 2010. Modelling trade-offs between livestock grazing and 
wader conservation in a grassland agroecosystem. Ecological Modelling 221:1292-1300. 
Sabatier, R., L. Doyen, and M. Tichit. 2014. Heterogeneity and the trade-off between ecological 
and productive functions of agro-landscapes: A model of cattle-bird interactions in a 
grassland agroecosystem. Agricultural Systems 126:38-49. 
Schoenhart, M., T. Schauppenlehner, and E. Schmid. 2011. Integrated bio-economic farm modeling 
for biodiversity assessment at landscape level. In Flichman G (Ed). 2011. Bio-Economic 
Models applied to Agricultural Systems. Springer, pp 185-213 
Steffan-Dewenter, I., M. Kessler, J. Barkmann, M. M. Bos, D. Buchori, S. Erasmi, H. Faust, G. 
Gerold, K. Glenk, S. R. Gradstein, E. Guhardja, M. Harteveld, D. Hertel, P. Hoehn, M. 
Kappas, S. Koehler, C. Leuschner, M. Maertens, R. Marggraf, S. Migge-Kleian, J. Mogea, 
R. Pitopang, M. Schaefer, S. Schwarze, S. G. Sporn, A. Steingrebe, S. S. Tjitrosoedirdjo, S. 
Tjitrosoemito, A. Twele, R. Weber, L. Woltmann, M. Zeller, and T. Tscharntke. 2007. 
Tradeoffs between income, biodiversity, and ecosystem functioning during tropical 
rainforest conversion and agroforestry intensification. Proceedings of the National Academy 
of Sciences of the United States of America 104:4973-4978. 
Tichit, M., L. Doyen, J. Y. Lemel, O. Renault, and D. Durant. 2007. A co-viability model of 
grazing and bird community management in farmland. Ecological Modelling 206:277-293. 
Tuomisto, H. L., I. D. Hodge, P. Riordan, and D. W. Macdonald. 2012. Comparing energy 
balances, greenhouse gas balances and biodiversity impacts of contrasting farming systems 
with alternative land uses. Agricultural Systems 108:42-49. 
  
Appendix 280 
Table J2. Contextual features that could influence preference toward land-sharing and land-sparing 
policies, and the extent to which they have been accounted for in a targeted sample of the peer-
reviewed literature. 
Category Parameter Description Proportion of studies in 
literature review varying or 
including this parameter 
Contextual parameters systematically varied in our analysis 
Land-use 
and policy 
Baseline land-
uses 
Agricultural and non-
agricultural land-use options 
that exist in the landscape 
prior to a policy being applied. 
38.5% did not specify baseline 
land-uses, and 57.7% did not vary 
the baseline land-uses (or did not 
distinguish them). Only 7.7% 
examined several different baseline 
land-uses. 
Baseline land-
use allocation 
Proportion of land allocated to 
each baseline land-use. 
38.5% did not include a baseline 
land-use allocation. 19.2% varied 
this allocation as part of the 
analysis. 
Future land-use 
options 
The types of agricultural and 
non-agricultural policies and 
land-use scenarios considered. 
All studies (by definition of the 
search) included sharing and 
sparing with 34.6% including both 
sharing or sparing (including set 
asides). 19.2% focused on a 
gradient of intensity, but did not 
include set-asides for higher 
intensity land-uses. 46.2% 
included scenarios consisting of a 
range of policies without a strict 
gradient of intensity, of which 
41.7% were specific agri-
environmental policies. 
Policy 
effectiveness 
The expected impacts of 
different levels of policy 
implementation or policy 
outcomes. 
53.8% did not consider different 
levels of policy effectiveness. 
Features of 
interest 
Species types Whether multiple species or 
guilds are considered. 
80.2% considered multiple species 
or multiple guilds within a single 
taxa. 
Crop types Whether multiple crop types 
are considered. 
19.2% considered multiple crop 
types, though in 60% of these crop 
types were determined by the 
model and not systematically 
varied. 
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Decision 
context 
Objective(s)  The objective of the policy, 
e.g. to maximize biodiversity 
while maintaining crop value 
constant, maximize yield with 
constant biodiversity, evaluate 
outcomes of particular land-
use scenarios, or describe a 
production possibility frontier 
(PPF).  
61.5% evaluated outcomes of 
particular land-use scenarios and 
did not specify the objective of the 
policy. 19.2% specified an aim to 
maximize biodiversity while 
maintaining the crop value 
constant and only 3.8% aimed to 
maximize yield. 19.2% explored 
production possibility frontiers, 
thereby allowing assessment of 
strategies across multiple 
objectives. Other potential 
objectives not seen in the reviewed 
literature include those framed 
around equity or sustainability. 
Decision criteria  For decisions that impact 
multiple stakeholders, are 
solutions accepted where 
gains for any one stakeholder 
can compensate for losses to 
other stakeholders (Kaldor-
Hicks criteria), or must all 
stakeholders either improve or 
maintain their current level of 
benefit (Pareto criterion). 
None explicitly assessed this, 
though several studies, by 
specifying a specific threshold of 
yield to maintain, imply a Pareto 
criterion. One study implied a 
Kaldor-Hicks criterion. 
Contextual parameters referred to in the literature, but not varied in our analysis 
Heterogeneity 
within land-
uses 
Spatial  Variation of values over 
space.   
23.1% of studies. 
Temporal  Variation of values over time.   15.4% of studies. 
Interactions 
within and 
among land-
uses  
Spatial  Metapopulations, 
externalities, leakage 
23.1% of studies. 
Species 
interactions 
For example, predator-prey 
interactions, competition, 
facilitation, etc. 
None explicitly assess this, 
although it is inherently captured 
by empirical studies. 
Temporal  Historical legacy (e.g. 
primary forest cannot be re-
created), temporal 
simulations, considerations of 
time lag in benefits or costs) 
34.6% included some aspect of 
historical legacy or temporal 
considerations. 
Scale, 
distribution, 
and patterns 
Scale  Area of the region studied. Only one paper explicitly 
examined different scales. 
Resolution Area of the individual 
landscape units considered 
No papers varied the resolution, 
however one showed how 
resolution (decisions at farm-scale 
Appendix 282 
within the region studied or field-scale) can influence agent 
based decisions by allowing farm-
level management (and risk) 
diversification. 
Pattern of land-
uses  
Arrangement over the 
landscape. 
7.7% considered different patterns 
of land-uses. 
Valuation 
methods 
The ecological 
metrics that are 
used. 
Species abundance, richness, 
probability of persistence, 
fragmentation stats, habitat 
area, or ecosystem service 
value. 
Most (84.6%) consider standard 
ecological metrics such as 
abundance or richness, which both 
scale positively with area. Only a 
small proportion considering 
landscape metrics (2 studies), 
ecosystem services (3 studies), and 
measures of the probability of 
persistence (1 study). Studies 
considering composition (15.4 %) 
always propose sparing to preserve 
species dependent on natural 
ecosystems. 
Agricultural 
production 
metrics used, 
and whether 
prices are 
exogenous or 
endogenous. 
Yield or profit. 65.4% considered yield (or a 
related measure) and 34.6% 
considered profit, and all were 
exogenous, with one exception. 
Equivalency of 
different 
metrics 
An example might include 
whether one unit of 
biodiversity equates to one 
unit of agricultural 
production. 
None of the food production 
oriented papers discussed how 
biodiversity and yield combine to 
form aggregate social outcomes. 
One study focused on greenhouse 
gas emissions used this an 
aggregated value.  
Decision 
context 
In any of the 
above 
categories, and 
model 
uncertainty 
This can include, for 
example, parameter 
uncertainty, model 
uncertainty, and stochasticity. 
Uncertainty was featured in nine 
studies, with four incorporating 
stochasticity.  
 Decisions 
under 
uncertainty 
For example including 
criteria of expected value, 
minimizing the maximum 
loss, or maximizing the 
minimum regret. 
Only three evaluated decisions 
under uncertainty (by measuring 
an expected value).  
 Decision 
maker(s) 
Agent-based or benevolent 
dictator (who makes the 
decisions), and if agent-based 
Five papers included agent based 
models, but assumed these to be 
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are these heterogeneous, i.e. 
from a single or multiple 
stakeholder groups. 
homogeneous. 
Other aspects of the literature subject to review 
Continental focus (Europe, North 
America, Africa, South and Central 
America, and Asia) 
The majority (60%) was from Europe and only 11% were 
from Asian countries.  
Papers studying only one contextual 
variable and what this was 
81% of studies varied two or less of the contextual 
parameters that were a focus of our study. As summarized 
above, the majority considered different species types 
(80%), with variation in the effectiveness of policy the next 
most common (43%). 
  
Appendix 284 
Appendix K. Overview of the simplified land use change model 
Outline of the model 
1. Allocate the baseline land-uses within “agriculture” (i.e. crop types of smallholder 
agriculture or oil palm for the EMRP), and “other” (either pristine or degraded).  
2. Specify the proportion of the landscape initially allocated to agriculture (in intervals of 
10%) 
3. Calculate the baseline value for biodiversity and agricultural yield. 
Given an objective to maximize biodiversity and the strategy of land-sharing: 
4. Calculate the extent of land required under low impact agriculture to provide a yield 
equivalent to the baseline. The remainder of the area is assumed to remain as “other”, with 
the exception of scenarios where the biodiversity value of “other” is less than or equal to 
that expected under low impact agriculture. In these exceptions, low impact agriculture is 
allowed to expand to cover the entire area. These exceptions occur in land-use scenario 1, 2, 
and 4 for tolerant species in smallholder agriculture under policy effectiveness level C, for 
land-use scenario 3 and 4 for sensitive, moderate, and tolerant species in smallholder 
agriculture for all levels of policy effectiveness, and for sensitive species in oil palm, for all 
levels of policy effectiveness. 
Given an objective to maximize biodiversity and the strategy of land-sparing: 
5. Calculate the extent of land required under high yield agriculture to provide a yield 
equivalent to the baseline. A proportion of the land is then spared because yield is greater in 
high yield agriculture compared to the baseline. This spared area is assumed to be pristine, 
restored, or left unmanaged and therefore degraded. There are two exceptions to this rule. 
The first exception is when the biodiversity value of the spared land is greater than or equal 
to the biodiversity value of “other”. This occurs in land-use scenarios 3 and 5, for all species 
types under all policy effectiveness levels in smallholder agriculture, and for sensitive 
species in policy effectiveness level A in oil palm. In these cases, it is expected that high 
yield agriculture, in proportion with spared land, will expand to cover the entire area (i.e. no 
“other” land-use remains). The second exception is occurs in land-use scenario 4, when the 
biodiversity value of high yield agriculture is greater than that of the spared land, and 
therefore no land is spared.   
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Given an objective to maximize yield and the strategy of land-sharing: 
6. Calculate the extent of land required as “other” to maintain the overall biodiversity value 
equivalent to the baseline. The exceptions, when the biodiversity value of the spared land is 
greater than or equal to the biodiversity value of “other”, and when the biodiversity value of 
high yield agriculture is greater than that of the spared land, are the same as under the 
maximize biodiversity objective, and result in the same outcomes. 
Given an objective to maximize yield and the strategy of land-sparing: 
7. Calculate the extent of spared land required to compensate for the possible loss of 
biodiversity due to high yield agriculture. Exceptions occur in land-use scenarios 3 and 5, 
where the expected value for biodiversity of high yield agriculture is greater than or equal to 
that of “other”. This occurs for all species types under all policy effectiveness levels in 
smallholder agriculture, and for sensitive species in policy effectiveness level A in oil palm. 
In this case it is expected that high yield agriculture will expand over the entire area. 
8. After all land-use allocations are made calculate the new scores for biodiversity value and 
agricultural yield over the entire landscape. 
The land-use allocations are subject to the constraint that the proportion of land allocated to 
agricultural uses or spared must be between 0 and 100%. Therefore in some cases the baseline 
conditions will not be achieved. For example, if 75% of the baseline land-use is agriculture 
applying low impact agriculture to the entire area will not achieve an equivalent baseline level of 
yield. 
Under the Kaldor-Hicks decision criterion, we determined preference for a land-sharing or 
sparing strategy by summing the value of agricultural yield and biodiversity expected under each 
policy (baseline, sharing, or sparing). If both sharing or sparing were even, but above the baseline 
value, these were denoted “even”, if no strategies were preferable or when the highest ranked of 
sharing or sparing were equivalent to the baseline, preference was allocated to “none”. Under the 
Pareto decision criterion, any strategy that performed worse than the baseline for either objective 
was removed from the analysis prior to ranking.  
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Appendix L. Simple land-use change model parameters 
Land-sparing and sharing strategies in the context of smallholder agriculture 
We conducted an expansive literature review (i.e. not limited to the subset used in the targeted 
literature review of Appendix J) to identify the range of potential impacts on yield and biodiversity 
of land-sparing and sharing strategies in a range of crop types (excluding oil-palm). We reviewed a 
broad range of crop types and regions, but found no literature related to the EMRP study region or 
the mixed smallholder agricultural systems found in the area. A summary of the literature review is 
provided in Tables L1 and L2. We selected representative values for potential impacts on yield 
from sparing (+50% and +100%) and sharing (0% and -25%) strategies and representative values 
for impacts on biodiversity from sparing (0% and -25%) and sharing (+50% and +100%) strategies. 
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Table L1. Literature review for impacts on yield. 
Source Sparing 
agriculture 
Baseline Sharing 
agriculture 
Summary  
Phelps et al. 
(2013) 
50-100% Baseline NA Democratic Republic of Congo. 
References were pers. comm. with 
industry representatives. 
Gabriel et 
al. (2013) 
Baseline NA -50% English organic farms versus conventional 
farms. 
Waldron et 
al. (2013) 
Unclear from which 
baseline 
10% Increasing shade gradient in Ecuador 
cacao. 
Hodgson et 
al. (2010) 
Baseline NA -55% winter 
crop, -15% 
livestock 
English organic farms versus conventional 
farms. Noted that if surrounding land had 
higher production then the average crop 
reduction was higher (-70%) than if 
surrounding land had lower production (-
50%).  
Steffan-
Dewenter et 
al. (2007) 
40% Baseline -50% For a shade gradient. Data was for income, 
rather than yield. 
References 
Gabriel, D., S. M. Sait, W. E. Kunin, and T. G. Benton. 2013. Food production vs. biodiversity: 
comparing organic and conventional agriculture. Journal of Applied Ecology 50:355-364. 
Hodgson, J. A., W. E. Kunin, C. D. Thomas, T. G. Benton, and D. Gabriel. 2010. Comparing 
organic farming and land sparing: optimizing yield and butterfly populations at a landscape 
scale. Ecology Letters 13:1358-1367. 
Phelps, J., L. R. Carrasco, E. L. Webb, L. P. Koh, and U. Pascual. 2013. Agricultural intensification 
escalates future conservation costs. Proceedings of the National Academy of Sciences of the 
United States of America 110:7601-7606. 
Steffan-Dewenter, I., et al. 2007. Tradeoffs between income, biodiversity, and ecosystem 
functioning during tropical rainforest conversion and agroforestry intensification. Proceedings 
of the National Academy of Sciences of the United States of America 104:4973-4978. 
Waldron, A., R. Justicia, L. Smith, and M. Sanchez. 2012. Conservation through Chocolate: a win-
win for biodiversity and farmers in Ecuador's lowland tropics. Conservation Letters 5:213-221. 
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Table L2. Literature review for impacts on biodiversity. 
Source Sparing 
agriculture 
Baseline Sharing 
agriculture 
Summary  
Macchi et 
al. (2013) 
-50% NA Baseline Species richness and abundance. Argentina 
dry Chaco versus soy monoculture. 
Gabriel et 
al. (2013) 
Baseline NA -33 to + 
50% (mean 
+27%) 
Species abundances in English organic 
farms versus conventional farms 
Waldron et 
al. (2013) 
Unclear from which 
baseline 
100% Increasing shade gradient in Ecuador cacao. 
Egan and 
Mortensen 
(2012) 
Baseline NA 70% Pastures had 70% more plant species 
richness than arable fields. Farmland of 
Pennsylvania, USA. 
Steffan-
Dewenter et 
al. (2007) 
NA Baseline 0% For a shade gradient. Suggest large loss of 
biodiversity on transition from 40% shade 
to no shade, but do not provide data. 
Schulze et 
al. (2004) 
0 to -50% NA Baseline Assessed trees, understory plants, birds 
(endemics, insectivores, and 
frugivores/nectar feeders), butterflies 
(endemics, fruit feeders), and dung beetles 
in Sulawesi, Indonesia. Suggest declines of 
approximately 50% seen in only 3/10 of 
taxa. 
References 
Egan, J. F., and D. A. Mortensen. 2012. A comparison of land-sharing and land-sparing strategies 
for plant richness conservation in agricultural landscapes. Ecological Applications 22:459-471. 
Gabriel, D., S. M. Sait, W. E. Kunin, and T. G. Benton. 2013. Food production vs. biodiversity: 
comparing organic and conventional agriculture. Journal of Applied Ecology 50:355-364. 
Macchi, L., H. R. Grau, P. V. Zelaya, and S. Marinaro. 2013. Trade-offs between land use intensity 
and avian biodiversity in the dry Chaco of Argentina: A tale of two gradients. Agriculture 
Ecosystems & Environment 174:11-20. 
Schulze, C. H., M. Waltert, P. J. Kessler, R. Pitopang, D. Veddeler, M. Mühlenberg, S. R. 
Gradstein, C. Leuschner, I. Steffan-Dewenter, and T. Tscharntke. 2004. Biodiversity indicator 
groups of tropical land-use systems: comparing plants, birds, and insects. Ecological 
Applications 14:1321-1333. 
Steffan-Dewenter, I., et al.. 2007. Tradeoffs between income, biodiversity, and ecosystem 
functioning during tropical rainforest conversion and agroforestry intensification. Proceedings 
of the National Academy of Sciences of the United States of America 104:4973-4978. 
Waldron, A., R. Justicia, L. Smith, and M. Sanchez. 2012. Conservation through Chocolate: a win-
win for biodiversity and farmers in Ecuador's lowland tropics. Conservation Letters 5:213-221. 
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Land-sparing or sharing strategies for oil palm 
We selected representative values for potential impacts on oil palm yield from sparing (+50% 
and +100%) and sharing (0% and -25%) strategies and representative values for impacts on 
biodiversity from sparing (0% and -25%) and sharing (+10% and +25%) strategies (Figure 5.2). 
While sustainable and biodiversity friendly farming has an evidence base, this is somewhat 
limited for oil palm (Phalan 2009, Edwards et al. 2010) particularly for mammals (Ramirez and 
Simonetti 2011). Two main strategies have been explored, preserving or restoring forest fragments 
within the oil palm matrix, and increasing structural diversity within oil palm. The Round table on 
Sustainable Palm Oil (RSPO) certification program (RSPO 2007) promotes the former, with focus 
on retaining fragments with high conservation value (HCV) within both existing and expanding 
plantations. 
Recent research suggests maintaining forest fragments to be largely an ineffective policy, at 
least for birds. Edwards et al. (2010) report that forest fragments in oil palm plantations were better 
than oil palm for birds: abundances of threatened bird species were 60 times lower in fragments 
than in contiguous forests, compared with 200 times lower in oil palm. Species richness in 
fragments were higher than oil palm (about 25-30%), a figure echoed in Koh (2008) with a 20% 
increase in bird and butterfly species when moving from 0% to 10% of forest cover on a landscape 
scale. However, richness of threatened species was around 30% of contiguous forest for both oil 
palm and fragments, and the composition of fragments were more similar to oil palm (Edwards et 
al. 2010). Forest fragments also did not increase bird abundances in adjacent oil palm (Edwards et 
al. 2010).  
Increasing structural diversity of oil palm plantations is another potential avenue to enhance the 
biodiversity value. Several authors have suggested, for example, shade trees, diverse agroforestry 
on plantation boundaries, and understory complexity as potential methods to increase the 
biodiversity value of plantations, but often these are unsupported by empirical data (e.g. Bhagwat 
and Willis 2008). Azhar et al. (2011) suggest smallholder oil palm has 25% more bird species 
richness than commercial plantations, mainly as a consequence of increased structural complexity. 
Nájera and Simonetti (2010) suggest that the removal of the understory vegetation reduces bird 
diversity and abundance in oil palm plantations. Koh (2008) suggests that with large increases in 
the understory cover of legumes and epiphytes (i.e. from 0% to 70% and 100% respectively), gains 
of 15% and 20% of butterfly and bird species richness can be made. However, Koh (2008) also 
notes that species richness is increasing from a very low base, with species richness ranging from 
0.4 – 2.6 in his study. 
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A literature review by Fitzherbert et al. (2008) suggests that overall sparing may be preferable 
in oil palm landscapes, as only marginal gains can be made for biodiversity, and few sharing 
options do not negatively impact production (Koh 2008). Koh et al. (2009) note that oil palm have 
high water, light, and nutrient demands up to a 15 m radius, leaving little opportunity for successful 
intercropping, with oil palm shading out understory crops such as cocoa, and is shaded out by over-
story crops such as rubber. However, using figures presented in Koh et al. (2009) regarding 
intercrop viability (in Ghana, no corresponding figures could be found for Indonesia or other 
tropical peat swamp regions), we calculate (roughly) that while there is likely to be drop in oil palm 
revenue in shared oil palm landscapes, revenue from inter crops may be enough to maintain 72 – 
100% of profit (Table L3). No figures on biodiversity were found for intercropped oil palm, 
however Phalan (2009) in reply to Bhagwat and Willis (2008) note that most intercrop biodiversity 
advantages in the literature are seen with introduction of large shade trees, and such intercropping is 
unlikely to be widely adopted due to the negative impact of these shade elements on oil palm 
production and predominance of industrial ownership and management of plantations. 
 
Table L3. Oil palm intercrop profitability. As we could not find relevant information on 
intercropping for oil-palm landscapes in Indonesia, we estimated this using figures from a variety of 
sources. Figures on stem densities presented in Koh et al. (2009) regarding oil palm and cocoa 
intercrop profitability, from experimental work in Ghana. Revenue for oil palm quoted at US$980 
per ha in 2006 (Koh 2008). We use Indonesian revenue figures quoted for coffee (US$410; from 
FAO 2008 as quoted by Koh 2009) instead of cocoa, based on the assumption that these figures are 
at least as high as cocoa, and that stem density and flowering success are proportional to crop yield.  
System Oil palm stem 
density per ha 
Intercrop stem 
density per ha 
Profit (2006 USD) 
Optimal density for 
oil palm only 
125 – 228  None 980 
Dense intercrop 
with cocoa 
148 
(65% – 100% of 
optimum) 
1975 stems, with 
25% flowering 
success 
Oil palm = 637 – 980 and cocoa 
= 102.5 
Total = 709.5 – 1082.5 
Widely spaced 
intercrop with 
cocoa 
105 – 115 
(46% – 92% of 
optimum) 
1975 stems, with 
80% flowering 
success 
Oil palm = 450.8 – 901.6 and 
cocoa = 328 
Total = 778.8 – 1229.6 
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Appendix M. Conditional inference trees and random forest parameterization 
methods 
We examined the importance of the contextual parameters through applying random forests 
utilizing conditional inference trees (function ‘cforest’ in the R package ‘party’; Hothorn et al. 
2006, Strobl et al. 2007, Strobl et al. 2008). Conditional variable importance is gained through 
randomly reshuffling each parameter in turn and comparing the average performance of the 
permuted ensemble of trees to the original (Strobl et al. 2007, Strobl et al. 2008).  
We analysed two parameter sets, the first including contextual parameters for a case study 
system (“EMRP”), the second including parameters that were generalized into numeric variables 
(“Generalized”). For the generalized parameter set, we calculated a set of seven independent 
variables: three parameters in common with the EMRP categories (proportion of the landscape 
initially agriculture, objective, and decision criteria), alongside two indicators of the landscape 
context (“biodiversity loss from other”: the difference in biodiversity value of the baseline non-
agricultural land-uses and the agricultural land-uses; and “biodiversity gain from sparing”: the 
difference in biodiversity value of spared land compared with the baseline agricultural land-use); 
two indices of the concavity or convexity of the species response to yield increases or decreases 
(“convexity index for sharing” and “convexity index for sparing” derived as described in Figure 
M1). 
To parameterize the random tree model, we include 500 trees in each forest (i.e. ntrees=500) 
and used the largest random subset of the data possible (n=3,000 for each dataset from a total 
n=3960), and used the square root of the number of variables in each random tree (i.e. n=3) as 
recommended in Strobl et al. (2009). We specified subsampling, rather than bootstrapping, to create 
conditional inference trees that can deal with both categorical and continuous variables without bias 
(i.e. we specified control=cforest_unbiased()). Preliminary analysis using CCA revealed that all 
variables were significant. The variable importance threshold in the random tree model, that is the 
minimum value with which a variable can be considered important, is determined by the absolute 
value of the lowest negative scoring variable (i.e. larger values indicates greater importance). While 
cross-validation is not required due to the out-of-bag (OOB) used within random forest calculations, 
failure of the permutation tests involved in calculation of variable importance using the whole 
database necessitated subsampling of the data, so we bootstrapped the analysis using all data 
(n=3,000) ten times. Similarly, we utilized n=1200 for the analysis subset for the land-use scenarios 
1 and 2, from a total possible n=1584. We found the ranking of the variables did not become stable 
when increasing the ntrees due to this sub-setting of the data. We also found a trade-off in terms of 
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processing time between ntrees and the size of the sub-sampled set, but ranking stability was more 
positively affected by increasing the size of the sub-sampled set and so we favored the sample size 
instead.  
 
 
 
Figure M1. Derivation of convexity indices. Pristine forest is represented by point A, and baseline 
agriculture by point B. A straight line forms the relationship between these. Convexity index for 
land-sharing, i, is calculated as the biodiversity value expected at the yield level of low impact 
agriculture, minus the observed biodiversity value of low impact agriculture, C. Similarly, the 
convexity index for land-sparing, ii, is the difference between the expected and observed value for 
high yield agriculture (point D). Hence, negative convexity indices represent species with concave 
biodiversity-yield relationships, for which in the model of Green et al. (2005) illustrates a 
preference for sparing, and conversely, positive convexity indices a convex biodiversity-yield 
relationship, for which sharing gains preference. 
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Appendix N. Full results from the simple model of landscape change 
Crop types of “smallholder agriculture” and “oil palm”, species types of “sensitive” (S), 
“moderate” (M), and “tolerant” (T), and policy effectiveness levels of “A”, “:B”, and “C” are 
considered. Preference for land-sharing (blue tones, indicated by “LSh”) land-sparing (orange-red 
tones, “LSp”). An even preference for land-sparing and land-sharing (grey tones, “even”) are 
indicated along with the score difference to that achieved in the baseline scenario. Scores negative 
to the baseline scenario are indicated by white text on purple shading (where land-sparing was the 
highest ranked out of the two policy strategies) and dark green-blue with white text (where land-
sharing would be the most preferred strategy), but both strategies perform worse than the baseline. 
Dark grey shading with “NA” indicates instances where neither land-sharing nor land-sparing 
would produce Pareto improvements (i.e. at least one objective would see a reduction in value). 
Tables from next page.
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Appendix O. Target calculations 
We base the targets on explicit targets or policy objectives stated in policy of Indonesia or other 
organizations representative of stakeholders, such as the Convention on Biological Diversity, or 
targets calculated from current levels of entitlement. 
Carbon emissions reduction 
Carbon emission reduction targets for Indonesia have been explicitly stated as 26% of “business 
as usual” (BAU) emissions by 2020, or 41% with international assistance (Lutterell et al., 2011). 
We assume that this percentage target continues to 40 years, and the BAU to be continuation of 
current management (Scenario 1), which we estimated to emit approximately 11.87 Gt CO2e over 
40 years (Law et al., 2015), and therefore calculate the emissions reduction target to be 4.87 Gt 
CO2e over 40 years at 41%, and 3.09 Gt CO2e at 26%. 
Smallholder agriculture 
We calculate a smallholder agriculture targets as $160.1 M pa, based on the basic needs of the 
anticipated population growth, which are comparable to desired economic growth targets. 
Population in the region is expected to reach 630,000 by 2033 (from the estimated 350,000 in 2005; 
Euroconsult Mott MacDonald, 2008). It was estimated that in 2006 around 75% of employment was 
in agriculture (Oosterman and Samiadji 2008), and we use this same proportion for estimation of 
agriculture dependence in 2033. Targets based on population demand are calculated as the amount 
of income required to maintain the population employed in agriculture (472,000) above the poverty 
line, here assumed at US$1 per day (for 365 days per year, totals $172.3 M). While some jobs are 
likely to be created outside of smallholder agriculture (for example in oil-palm), even if only 50% 
of the population is dependent on smallholder agriculture (i.e. 157,500 jobs in other sectors) this 
still equates to quite a low daily income per capita ($1.50). A reasonable estimate of jobs created 
from oil-palm is 100,000 from 350,000 ha of oil-palm plantations development. Indonesian 
economic development goals are stated at 7-8%, while EMRP reports suggest a more modest 5% is 
appropriate. The value of smallholder agriculture expected from the current agricultural area and 
management ($43.5 M), with a per annum growth of 5-7% for 25 years, equated to a target of 
$147.4 M - $236.2 M), however incorporating a contribution to economic growth from anticipated 
oil-palm development (as per the ‘current zoning plan’, scenario 3) reduces these targets by $37.7 
M. The final target value of $160.1 M pa was chosen as an average of these values. 
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Oil-palm and timber 
Oil-palm and timber targets were developed from estimates of value expected should current 
entitlements be developed. Around 30% of the region has already been allocated oil-palm 
concessions. Despite many of these being potentially contested as they overlap with deep peat 
areas, they still represent perceived entitlements. We take the value expected from all concessions 
($1,285,296,509) as a representation of the target. The forestry target was taken as the potential 
value of forestry generated by the current zoning plan’s (scenario 3) “forestry” zone ($35,916,457). 
Biodiversity target 
Biodiversity targets are derived from the Convention on Biological Diversity ‘Aichi’ goals of 
retaining at least 17% of the land area as protected areas, and preventing the extinction of known 
threatened species. For forest types, we set the target as 17% of the modelled forest type area, or the 
entire current extant forest type area if current extent is less than 17% (Table O1). For primates, we 
follow the Aichi targets aiming that no threatened species will experience further declines. We 
calculate approximate population sizes within the study area based on home range estimates, and 
assumed contribution of different land uses to the population (Table O2). Assumed land use was 
based on the current land cover, with the exception of extant forests equating to a conservation 
zone. For the threatened species we hold species targets at 100% of their current population. For 
orang-utans this goal is also supported through the Indonesia wide policy of stabilising populations 
by 2017 (Indonesia Ministry of Forestry, 2009). For Near-Threatened and Least-Concern primates 
we set targets as equivalent to retaining at least 70% of their population over at least three 
generations, i.e. targets that would maintain their status as not threatened under the IUCN. We 
converted the rate (a maximum loss of 30 % over 3 generations) to a yearly equivalent using a 
standard effective rate formula: 
!""#$%&'#!!"#$%!!!"#$ = (1+ 0.3)( !!!) − 1   
Where n is the number of years within a generation for each species. We then project the 
threshold population size for each species at the end of the study planning horizon (25 years). 
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Table O1. Forest type target calculations. Potential forest type (PFT) represents the modelled forest 
distribution, given no clearing or degradation. 
Forest type Total PFT area 
of the forest type 
(ha) 
Current extant 
area of the 
forest type (ha) 
Aichi target 
(17% of 
PFT)(ha) 
Target (as 
percentage of 
extant area) 
Mangrove 50,363 7,789 8,562 109.9 %  
(clipped to 100 %) 
Low pole 521,230 193,092 88,609 25.9 % 
River riparian 188,316 76,655 32,014 41.8 % 
Swamp forest 62,317 31,362 10,594 33.8 % 
Mixed Swamp 653,035 252,526 111,016 44.0 % 
 
 
 
 
 
 
 
Table O2 (next page). Target calculations for primate species. The equivalent area denotes the 
equivalent area of primary forest estimated to support the population expected in 2008. 
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Common 
name 
Scientific 
name 
Sensitivity to 
deforestation 
IUCN 
category 
Mass 
(kg) 
Generation 
time (yrs) 
Home 
range 
(ha) 
Potential 
distribution 
in EMRP 
(ha) 
Equivalent 
area in 
2008 (ha) 
Expected 
population 
2008 
Effective 
yearly 
rate of 
decline 
accepted 
Target: 
Minimum 
equivalent 
area at 25 
years (ha) 
Long-tailed 
Macaque 
Macaca 
fascicularis 
Low LC 4 6 200 46600 29053 145 0.015 20072 
Pig-tailed 
Macaque 
Macaca 
nemestrina 
Med VU 8 NA 800 206600 129987 162 0.000 129987 
Proboscis 
Monkey 
Nasalis 
larvatus 
Med EN 12 NA 200 1505000 806332 4032 0.000 806332 
Maroon 
Leaf 
Monkey 
Presbytis 
rubicunda 
Low LC 6 5 100 175700 106032 1060 0.018 67944 
Silvered 
Leaf 
Monkey 
Trachypithecus 
cristatus 
Med NT 6.2 5 800 954100 449543 562 0.018 288061 
Orangutan Pongo 
pygmaeus 
Med EN 50 NA 800 1088500 599044 749 0.000 599044 
Bornean 
white-
bearded 
gibbon 
Hylobates 
albibarbis 
Med EN 6.4 NA 14 277100 157370 11241 0.000 157370 
Western 
Tarsier 
Tarsius 
bancanus 
med VU 0.2 NA 2 150900 102760 51380 0.000 102760 
Slow Loris Nycticebus 
menagensis 
high VU 0.3 NA 10 135700 78238 7824 0.000 78238 
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Appendix P. Land sparing and sharing strategies in the context of smallholder 
agriculture and oil-palm 
Land-sparing and sharing strategies in the context of smallholder agriculture 
We conducted a literature review to identify the range of potential impacts on yield and 
biodiversity of land-sparing and sharing strategies in a range of crop types (excluding oil-palm). We 
reviewed a broad range of crop types and regions, but found no literature related to the case study 
region or the mixed smallholder agricultural systems found in the area. A summary of the literature 
review is provided in Tables P1 and P2. The ‘baseline’ represents the initial or control condition, 
which may be reflective of practices that are conventional within a cultural context (‘Traditional’), 
or ‘conventional’ agriculture in developed countries, which can be often be aligned with ‘sparing’ 
practices. We selected representative values for potential impacts on production value from sparing 
(+50% and +100%) and sharing (0% and -25%) strategies and representative values for impacts on 
biodiversity from sparing (0% and -25%) and sharing (+50% and +100%) strategies. We assumed 
yield to be directly proportional to production value, and thus impacts on yield are directly 
translated to impacts on production value. 
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Table P1: Literature review for impacts on yield.  
Source Baseline Strategy and effect 
size 
Summary  
Phelps et al. 
(2013) 
Traditional Sparing  
+50-100% 
Democratic Republic of Congo. References 
were pers. comm. with industry 
representatives. 
Gabriel et al. 
(2013) 
Traditional Sharing  
-50%  
English organic farms versus conventional 
farms. 
Waldron et al. 
(2013) 
Unclear Sharing 
+10% 
Increasing shade gradient in Ecuador cacao. 
Hodgson et al. 
(2010) 
Conventional Sharing 
-55% (winter crops), 
-15% (livestock) 
English organic farms versus conventional 
farms. Noted that if surrounding land had 
higher production then the average crop 
reduction was higher (-70%) than if 
surrounding land had lower production (-50%).  
Steffan-Dewenter 
et al. (2007) 
Traditional Sparing 
+40% ; 
Sharing 
-50% 
For a shade gradient. Data was for income, 
rather than yield. 
References 
Gabriel, D., S. M. Sait, W. E. Kunin, and T. G. Benton. 2013. Food production vs. biodiversity: comparing 
organic and conventional agriculture. J. Appl. Ecol. 50, 355-364. 
Hodgson, J. A., W. E. Kunin, C. D. Thomas, T. G. Benton, and D. Gabriel. 2010. Comparing organic farming 
and land sparing: optimizing yield and butterfly populations at a landscape scale. Ecol. Lett. 13, 1358-1367. 
Phelps, J., L. R. Carrasco, E. L. Webb, L. P. Koh, and U. Pascual. 2013. Agricultural intensification escalates 
future conservation costs. PNAS 110, 7601-7606. 
Steffan-Dewenter, I., M. Kessler, J. Barkmann, M. M. Bos, D. Buchori, S. Erasmi, H. Faust, G. Gerold, K. 
Glenk, S. R. Gradstein, E. Guhardja, M. Harteveld, D. Hertel, P. Hoehn, M. Kappas, S. Koehler, C. 
Leuschner, M. Maertens, R. Marggraf, S. Migge-Kleian, J. Mogea, R. Pitopang, M. Schaefer, S. Schwarze, S. 
G. Sporn, A. Steingrebe, S. S. Tjitrosoedirdjo, S. Tjitrosoemito, A. Twele, R. Weber, L. Woltmann, M. 
Zeller, and T. Tscharntke. 2007. Tradeoffs between income, biodiversity, and ecosystem functioning during 
tropical rainforest conversion and agroforestry intensification. PNAS 104, 4973-4978. 
Waldron, A., R. Justicia, L. Smith, and M. Sanchez. 2012. Conservation through Chocolate: a win-win for 
biodiversity and farmers in Ecuador's lowland tropics. Conserv. Lett. 5, 213-221. 
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Table P2: Literature review for impacts on biodiversity. 
Source Baseline Strategy and 
effect size 
Summary  
Macchi et al. 
(2013) 
Low intensity 
agriculture 
Sparing 
-50% 
Species richness and abundance. Argentina dry 
Chaco versus soy monoculture. 
Gabriel et al. 
(2013) 
Conventional Sharing 
-33% to +50% 
(mean +27%) 
Species abundances in English organic farms 
versus conventional farms 
Waldron et al. 
(2013) 
Unclear Sharing  
+100% 
Increasing shade gradient in Ecuador cacao. 
Egan and 
Mortensen (2012) 
Conventional Sharing  
+70% 
Pastures had 70% more plant species richness 
than arable fields. Farmland of Pennsylvania, 
USA. 
Steffan-Dewenter 
et al. (2007) 
Traditional Sharing 
+0% 
For a shade gradient. Suggest large loss of 
biodiversity on transition from 40% shade to no 
shade, but do not provide data. 
Schulze et al. 
(2004) 
Low impact 
agriculture 
Sparing 
0% to -50% 
Assessed trees, understory plants, birds 
(endemics, insectivores, and frugivores/nectar 
feeders), butterflies (endemics, fruit feeders), 
and dung beetles in Sulawesi, Indonesia. 
Suggest declines of approximately 50% seen in 
only 3/10 of taxa. 
References 
Egan, J. F., and D. A. Mortensen. 2012. A comparison of land-sharing and land-sparing strategies for plant 
richness conservation in agricultural landscapes. Ecol. Appl. 22, 459-471. 
Gabriel, D., S. M. Sait, W. E. Kunin, and T. G. Benton. 2013. Food production vs. biodiversity: comparing 
organic and conventional agriculture. J Appl. Ecol. 50, 355-364. 
Macchi, L., H. R. Grau, P. V. Zelaya, and S. Marinaro. 2013. Trade-offs between land use intensity and avian 
biodiversity in the dry Chaco of Argentina: A tale of two gradients. Ag. Ecosyst. Environ. 174, 11-20. 
Schulze, C. H., M. Waltert, P. J. Kessler, R. Pitopang, D. Veddeler, M. Mühlenberg, S. R. Gradstein, C. 
Leuschner, I. Steffan-Dewenter, and T. Tscharntke. 2004. Biodiversity indicator groups of tropical land-use 
systems: comparing plants, birds, and insects. Ecol. Appl. 14, 1321-1333. 
Steffan-Dewenter, I., M. Kessler, J. Barkmann, M. M. Bos, D. Buchori, S. Erasmi, H. Faust, G. Gerold, K. 
Glenk, S. R. Gradstein, E. Guhardja, M. Harteveld, D. Hertel, P. Hoehn, M. Kappas, S. Koehler, C. 
Leuschner, M. Maertens, R. Marggraf, S. Migge-Kleian, J. Mogea, R. Pitopang, M. Schaefer, S. Schwarze, S. 
G. Sporn, A. Steingrebe, S. S. Tjitrosoedirdjo, S. Tjitrosoemito, A. Twele, R. Weber, L. Woltmann, M. 
Zeller, and T. Tscharntke. 2007. Tradeoffs between income, biodiversity, and ecosystem functioning during 
tropical rainforest conversion and agroforestry intensification. PNAS 104, 4973-4978. 
Waldron, A., R. Justicia, L. Smith, and M. Sanchez. 2012. Conservation through Chocolate: a win-win for 
biodiversity and farmers in Ecuador's lowland tropics. Conserv. Lett. 5, 213-221. 
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Land-sparing or sharing strategies for oil-palm 
We selected representative values for potential impacts on oil-palm production value from 
sparing (+50% and +100%) and sharing (0% and -25%) strategies and representative values for 
impacts on biodiversity from sparing (0% and -25%) and sharing (+10% and +25%) strategies. 
Again, we assumed yield variations related directly to variation in production value. 
While sustainable and biodiversity friendly farming has an evidence base, this is somewhat 
limited for oil-palm (Phalan 2009, Edwards et al. 2010) particularly for mammals (Ramirez and 
Simonetti 2011). Two main strategies have been explored, preserving or restoring forest fragments 
within the oil-palm matrix, and increasing structural diversity within oil-palm plantations. The 
Round table on Sustainable Palm-oil (RSPO) certification program (RSPO 2007) promotes the 
former, with focus on retaining fragments with high conservation value (HCV) within both existing 
and expanding plantations. 
Recent research suggests maintaining forest fragments to be largely an ineffective policy, at 
least for birds. Edwards et al. (2010) report that forest fragments in oil-palm plantations were better 
than oil-palm plantations for birds: abundances of threatened bird species were 60 times lower in 
fragments than in contiguous forests, compared with 200 times lower in oil-palm plantations. 
Species richness in fragments were higher than oil-palm plantations (about 25-30%), a figure 
echoed in Koh (2008) with a 20% increase in bird and butterfly species when moving from 0% to 
10% of forest cover on a landscape scale. However, richness of threatened species was around 30% 
of contiguous forest for both oil-palm plantations and fragments, and the composition of fragments 
were more similar to oil-palm plantations (Edwards et al. 2010). Forest fragments also did not 
increase bird abundances in adjacent oil-palm plantations (Edwards et al. 2010).  
Increasing structural diversity of oil-palm plantations is another potential avenue to enhance the 
biodiversity value. Several authors have suggested, for example, shade trees, diverse agroforestry 
on plantation boundaries, and understory complexity as potential methods to increase the 
biodiversity value of plantations, but often these are unsupported by empirical data (e.g. Bhagwat 
and Willis 2008). Azhar et al. (2011) suggest smallholder oil-palm has 25% more bird species 
richness than commercial plantations, mainly as a consequence of increased structural complexity. 
Nájera and Simonetti (2010) suggest that the removal of the understory vegetation reduces bird 
diversity and abundance in oil-palm plantations. Koh (2008) suggests that with large increases in 
the understory cover of legumes and epiphytes (i.e. from 0% to 70% and 100% respectively), gains 
of 15% and 20% of butterfly and bird species richness can be made. However, Koh (2008) also 
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notes that species richness is increasing from a very low base, with species richness ranging from 
0.4 – 2.6 in his study. 
A literature review by Fitzherbert et al. (2008) suggests that overall sparing may be preferable 
in oil-palm landscapes, as only marginal gains can be made for biodiversity, and few sharing 
options do not negatively impact production (Koh 2008). Koh et al. (2009) note that oil-palm have 
high water, light, and nutrient demands up to a 15 m radius, leaving little opportunity for successful 
intercropping, with oil-palm shading out understory crops such as cocoa, and is shaded out by over-
story crops such as rubber. However, using figures presented in Koh et al. (2009) we calculate 
(roughly) that while there is likely to be drop in oil-palm revenue in shared oil-palm landscapes, 
revenue from inter crops may be enough to maintain 72 – 100% of profit (Table P3). No figures on 
biodiversity were found for intercropped oil-palm, however Phalan (2009) in reply to Bhagwat and 
Willis (2008) note that most intercrop biodiversity advantages in the literature are seen with 
introduction of large shade trees, and such intercropping is unlikely to be widely adopted due to the 
negative impact of these shade elements on oil-palm production and predominance of industrial 
ownership and management of plantations. 
Table P3: Oil-palm intercrop profitability. Figures presented in Koh et al. (2009) regarding oil-
palm and cocoa intercrop profitability, from experimental work in Ghana. Revenue for oil-palm 
quoted at US$980 per ha in 2006 (Koh 2008). We use Indonesian revenue figures quoted for coffee 
(US$410; from FAO 2008 as quoted by Koh 2009) instead of cocoa, based on the assumption that 
these figures are at least as high as cocoa, and that stem density and flowering success are 
proportional to crop yield.  
System Oil-palm stem 
density per ha 
Intercrop stem 
density per ha 
Profit (2006 USD) 
Optimal density for 
oil-palm only 
125 – 228  None 980 
Dense intercrop 
with cocoa 
148 
(65% – 100% of 
optimum) 
1975 stems, with 
25% flowering 
success 
Oil-palm = 637 – 980 and 
cocoa = 102.5 
Total = 709.5 – 1082.5 
Widely spaced 
intercrop with 
cocoa 
105 – 115 
(46% – 92% of 
optimum) 
1975 stems, with 
80% flowering 
success 
Oil-palm = 450.8 – 901.6 and 
cocoa = 328 
Total = 778.8 – 1229.6 
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Appendix Q. Allocation of spared land 
Spared land was prioritized to provide maximum benefit to biodiversity, while being cost 
effective in regards to the opportunity cost to agriculture. For each additional per cent of 
agricultural land spared we calculated a cost efficiency score for missing biodiversity features by 
first calculating the shortfall, s1, for each biodiversity feature, j: 
!1! = !1! − !!"#!!"!!!!!!!!  
where t1j is the representation target for feature j, aijk is the amount of feature j in parcel i when in 
land use k, and xik is 1 if parcel i is in land use k, and 0 otherwise. The score for the cost-efficiency 
of missing biodiversity targets in parcel i, CE(missing)i, is contingent on these shortfalls: 
!"(!"##"$%)! = !!"!,!"#$ − !!"!,!"#$ /!1!!×! !!! !!!!!! !!"!,!"#$  
where the cost-efficiency is based on the additional contribution to the targets for each biodiversity 
feature from allocation of parcel i to a conservation land use, cons, rather than an agricultural 
production land use, prod (either smallholder agriculture or oil-palm), scaled by the feature target, 
t1j , and divided by the value of agricultural production that is forgone (i.e. the amount of the 
production feature j2 when parcel i is in production). The Heaveside function, H, which takes the 
value of 0 when sj1 ≤ 0 and 1 otherwise, and therefore forcing CE(missing)i to consider the cost 
efficiency of only the biodiversity features that fall short of their targets. Similarly we calculate the 
cost-efficiency score for all biodiversity features: 
!"(!"")! = ! !!"!,!"#$ − !!"!,!"#$ /!1!!!!!! !!"!,!"#$  
where the cost-efficiency score for all biodiversity features in parcel i, CE(all)i, is based on the 
additional contribution to the targets for all biodiversity features. We also calculate the cost-
efficiency score for carbon mitigation CE(carbon)i, in the same way, by specifying feature j1 as 
potential carbon emissions reduction. 
To resolve ties, we also calculated the sum of the percentage contributions, for missing and all 
features (and similarly carbon): 
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!"#(!"##"$%)! = !!"!,!"#$ − !!"!,!"#$ /!1!!×! !!! !!!!!!  
!"#(!"")! = ! !!"!,!"#$ − !!"!,!"#$ /!1!!!!!!  
We then prioritized parcels to be spared based first on CE(missing), then in order of 
SUM(missing), CE(all), SUM(all), CE(carbon), SUM(carbon). The top ranked cells up to the area 
that was to be spared were selected, and reallocated to the conservation zone.  
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Appendix R. Additional policy strategy results 
Land sharing with expansion of agricultural area to compensate for production value lost 
due to wildlife friendly practices on agricultural land. 
Land sharing carries the implication that if yields and therefore production values are negatively 
impacted under wildlife-friendly practices, that land area under agriculture will need to expand if 
overall production is to remain the same. We therefore explored the implications of this. Under land 
sharing that compensated for lost production value by increasing agricultural area, starting with the 
same specifications for land sparing as described in the main paper, and assuming a decline in 
production value, we compensated for the amount of total production lost by increasing the area of 
agriculture. This increase in area was prioritized to maximise achievement of biodiversity goals, 
while being cost-effective (that is, using the same notation as for Appendix Q, in the order of 
CE(missing), SUM(missing), CE(all), SUM(all), CE(carbon), SUM(carbon), SUM(production) ). 
Priorities were calculated for each step-wise increment. Expanding agricultural area benefits the 
most common species that are tolerant to agriculture, sometimes quite substantially. Other species 
accrue benefits at a slightly slower rate than compared to the strategy without agricultural 
expansion, then accrue benefits faster at a higher rate at the upper levels of policy effectiveness 
(Figure R1). 
Land sparing with different assumptions regarding further impacts on biodiversity of 
increasing land use intensity 
Increasing land-use intensity is usually expected to decrease the suitability of agricultural land 
for biodiversity, however there is the potential that, at least at low increases of land-use intensity, 
this may not occur. We compared results of land sparing assuming 1) no further impacts to 
biodiversity, and 2) further negative impacts on biodiversity due to intensification of remaining 
agricultural area. These differ by less than 5% of target achievement, as spared land is prioritised 
for cost-effective biodiversity conservation, and remaining agricultural land is often poor for 
biodiversity and therefore contributes little to overall biodiversity levels, particularly when starting 
from a low baseline (Figure R2). 
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Figure R1. Land sharing benefits for primates under conditions of no expansion, or with expansion 
of agriculture, for a) current land use (scenario 1), b) current concessions developed (scenario 2), c) 
the current zoning plan (scenario 3), and d) the alternative zoning plan (scenario 4). Key to primate 
species as per the main results in Chapter 6. 
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Figure R2. Benefits for primate biodiversity for land sparing assuming 1) no further impacts to 
biodiversity, and 2) further negative impacts on biodiversity due to intensification of remaining 
agricultural area, for a) current land use (scenario 1), b) current concessions developed (scenario 2), 
c) the current zoning plan (scenario 3), and d) the alternative zoning plan (scenario 4). Key to 
biodiversity species as per the main results in Chapter 6. 
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Appendix S. Land use zone composition and transitions 
Initial land use zone composition is provided in table S1. Land use transitions are detailed for 
land sharing in table S2, and for land sparing in table S3. Values are rounded to one decimal place. 
 
 
 
Table S1. Initial land cover composition of each land use zone.  
Scenario Initial land use zone % of total 
area 
Land cover composition of each zone (%) 
Agriculture Extant forest Degraded 
Scenario 1 Smallholder agriculture 11.6 100.0 0.0 0.0 
Unmanaged 88.4 0.0 43.0 57.0 
Scenario 2 Smallholder agriculture 7.3 100.0 0.0 0.0 
Oil palm agriculture 29.3 14.6 17.6 67.8 
Total agriculture 36.7 32.0 14.0 54.0 
Unmanaged 63.3 0.0 51.9 48.1 
Scenario 3 Smallholder agriculture 19.9 29.8 23.1 47.1 
Oil palm agriculture 8.4 34.6 16.2 49.1 
Total agriculture 28.3 31.0 21.0 48.0 
Forestry 10.4 3.8 11.4 84.8 
Conservation 61.3 3.9 50.3 45.8 
Scenario 4 Smallholder agriculture 30.7 26.7 26.5 46.8 
Oil palm agriculture 7.8 33.7 17.5 48.7 
Total agriculture 38.5 28.0 25.0 47.0 
Forestry 6.7 5.6 7.7 86.7 
Conservation 54.9 0.8 51.0 48.2 
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Table S2. Land use transitions from the initial land use zones under land sharing strategies, with the 
possibility for expansion of agricultural land use zones to compensate for production value forgone 
in initial agricultural zone. 
Scenario Strategy Zone % of 
total 
area 
Land cover composition of the agricultural 
zone (%) 
Agriculture Extant forest Degraded 
Scenario 1 Sharing 
50% 
Final agricultural zone 13.0 89.2 7.3 3.5 
Increase in agricultural zone 1.4 0.0 67.7 32.3 
Sharing 
100% 
Final agricultural zone 14.9 77.8 16.0 6.2 
Increase in agricultural zone 3.3 0.0 72.0 28.0 
Scenario 2 Sharing 
50% 
Final agricultural zone 41.8 27.8 18.1 54.1 
Increase in agricultural zone 5.2 46.8 53.2 0.0 
Sharing 
100% 
Final agricultural zone 47.7 24.4 24.4 51.3 
Increase in agricultural zone 11.0 58.6 41.4 0.0 
Scenario 3 Sharing 
50% 
Final agricultural zone 31.7 28.4 18.8 52.8 
Increase in agricultural zone 3.4 4.9 0.0 95.1 
Sharing 
100% 
Final agricultural zone 36.1 25.5 16.9 57.6 
Increase in agricultural zone 7.8 4.5 1.9 93.6 
Scenario 4 Sharing 
50% 
Final agricultural zone 43.1 25.4 22.2 52.4 
Increase in agricultural zone 4.6 2.1 1.7 96.2 
Sharing 
100% 
Final agricultural zone 49.1 22.4 19.6 58.0 
Increase in agricultural zone 10.6 1.4 0.9 97.7 
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Table S3. Land use transitions under land sparing strategies. 
Scenario Strategy Spared 
land % of 
total area 
Land cover composition of the spared zone (%) Extant forest 
in 
agricultural 
zone spared 
% 
Agriculture 
in 
agricultural 
zone spared 
% 
Agriculture Extant 
forest 
Degraded 
Scenario 1 Sparing 33% No additional impact on 
biodiversity in agricultural 
zones 
3.8 100.0 0.0 0.0 NA 33.0 
Sparing 50% 5.8 100.0 0.0 0.0 NA 50.0 
Sparing 33% With additional impact on 
biodiversity in agricultural 
zones 
3.8 100.0 0.0 0.0 NA 33.0 
Sparing 50% 5.8 100.0 0.0 0.0 NA 50.0 
Scenario 2 Sparing 33% No additional impact on 
biodiversity in agricultural 
zones 
12.1 23.2 40.7 36.1 95.5 24.2 
Sparing 50% 18.3 28.4 27.7 43.9 98.7 44.8 
Sparing 33% With additional impact on 
biodiversity in agricultural 
zones 
12.1 23.9 40.3 35.8 94.6 24.9 
Sparing 50% 18.3 27.9 28.1 44.0 99.9 44.0 
Scenario 3 Sparing 33% No additional impact on 
biodiversity in agricultural 
zones 
9.3 9.7 58.0 32.4 90.8 10.2 
Sparing 50% 14.1 15.5 41.9 42.6 99.3 24.8 
Sparing 33% With additional impact on 
biodiversity in agricultural 
zones 
9.3 9.8 58.3 31.9 91.4 10.3 
Sparing 50% 14.1 15.5 41.7 42.8 99.0 24.8 
Scenario 4 Sparing 33% No additional impact on 
biodiversity in agricultural 
zones 
12.7 12.2 57.7 30.1 77.0 14.3 
Sparing 50% 19.2 13.6 48.4 38.0 97.9 24.1 
Sparing 33% With additional impact on 
biodiversity in agricultural 
zones 
12.7 8.3 61.9 29.8 82.6 9.7 
Sparing 50% 19.2 12.4 48.4 39.2 97.9 22.1 
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Appendix T. Marxan with Zones problem specification and parameterisation 
Details of Marxan with Zones software can be found in Watts et al. (2009). The objective 
function for Marxan with Zones is essentially to minimize a summation of cost, connectivity, and 
missed target penalties: 
!!"!!" + ! !"!!,!!,!!,!!!!!,!!!!!,!!!!!!!
!
!!!!
!
!!!!
!
!!!!
!
!!!
!
!!!  
+ ! !"!!!"! ! !1 !1!1! + ! !(!2) !2!2!"!!!!!!!! ! 
Where:  
m is the number planning units in consideration. 
p is the number of land use zones in consideration. 
cik is the cost of including planning unit i in land use zone k. 
xik is 1 if planning unit i is in land use zone k, and 0 otherwise, i.e. each planning unit is 
restricted to a single zone. 
b is the connectivity weighting factor (this controls the relative importance of connectivity 
relative to the cost and missed target penalty scores. 
cvi1,i2,k1,k2 is the connectivity cost between planning unit i1 and i2 associated with having unit i1 
in zone k1 and unit i2 in zone k2.  
n is the number of features in consideration. 
FPFj is the feature penalty factor for each feature j, a weighting used to control the importance 
of reaching its representation target. 
FRj is the representation cost of meeting the representation target of feature j. This is calculated 
as the cost of a zone configuration for meeting the target for feature j only, including both 
planning unit and connectivity costs. 
s1 and s2 are the shortfalls in meeting feature targets overall and for each zone respectively, 
and are calculated as: 
!1 = !1! − !!"#!!"!!!!!!!!  !2 = !2!" − !!"#!!"!!!!  
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Where: 
t1j is the representation target for feature j. 
t2jk is the representation target for feature j in zone k. 
aijk is the amount of feature j in planning unit i when in zone k. 
H(s1) is a Heaveside function which takes the value of 0 when s1 ≤ 0 and 1 otherwise, and 
similarly H(s2) takes the value 0 when s2 ≤ 0 and 1 otherwise. 
As the connectivity and the zone target features are not used in this study, the objective function 
becomes to minimize: 
!!"!!" +!!!!!!!! !"!!!"! ! ! !!!!!!! ! 
where 
! = !! − !!"#!!"!!!!!!!!  
and  
s is the shortfall in meeting overall targets t, for each feature. 
The minimization of the objective function is conducted using a simulated annealing algorithm. 
This is an approximate algorithm for deriving good answers to complex problems. Given the 
number of planning units, zones, features, in conservation and ecosystem service problems, these 
are usually considered complex problems (i.e. the large number of possible solutions means that 
these can not feasibly all be evaluated). As it is an approximate method, several replications are 
run. Each replication begins with a random allocation of planning units to zones. A single change to 
this allocation is then evaluated, and a decision to accept or reject the change is made, before 
iterating with another random change. At first the algorithm will accept both changes that increase 
or decrease the total score, but as the number of iterations increases, the more strictly the algorithm 
will only accept changes that decrease the total score. With an adequate number of iterations, good 
solutions are found, and with adequate replications these good solutions can be compared and 
synthesized. 
In addition to the minimization function, limitations on the set of zones allowed for each 
planning unit may be defined. Two of these zone set restrictions were implemented to improve the 
selection process (i.e. reduce the solution space). First, extant mangrove areas were locked into 
conservation, as the target for these was 100% of the remaining extant mangrove forest region. 
Second, only areas that would give positive forestry returns were allowed to be selected for forestry 
zones. Note while only extant forest could be considered for forest conservation, this rule was 
implemented through manipulating the benefit scores, rather than allowable zones. “Unmanaged” 
was included as a potential land use, as we saw no reason to exclude it at this stage. While we have 
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not included direct costs of conservation management in this problem, it is possible that this land 
use would feature more heavily in optimized plans if this were the case. 
Preliminary analysis determined that targets for all features were not simultaneously achievable. 
We determined that the main trade-offs were between smallholder agriculture, oil palm, and 
biodiversity features (predominantly the proboscis monkey, Nasalis larvatus). We therefore decided 
to structure the optimisation problem to ensure achievement of all biodiversity feature targets, as 
well as forestry and carbon targets, while varying the target level from 0 – 100% of oil-palm (or 
smallholder agriculture), in steps of 10%, and specify smallholder agriculture (or oil-palm) as the 
‘cost’. That is, for each planning unit allocated to land use zones that were not smallholder 
agriculture (or oil-palm), the cost was equal to that of the potential value of smallholder agriculture 
(or oil-palm) from that planning unit. In this way we can approximate two dimensions of the multi-
dimensional productions-possibility frontier, i.e. oil-palm versus smallholder agriculture. While 
theoretically placing either oil-palm or smallholder agriculture as the cost should give the same 
result in an optimisation problem, in reality the algorithm used by Marxan with Zones may give 
different results: due to the threshold function (i.e. the Heaveside function), once targets are reached 
further achievement is not considered, and if there is not enough differentiation in the cost layer to 
encourage further allocation to any specific zone then essentially they are randomly allocated.  
Determining what is an adequate number of replications and iterations, as well as deciding on 
appropriate values for the annealing parameters (that control the acceptance profile of the random 
changes), and the FPF for each feature all form part of the calibration and parameterization process 
for Marxan with Zones. We followed guidance in the Marxan Good Practices Handbook, and the 
Marxan with Zones User Guide for calibration and parameterization. 
Using the recommended initial parameters and methods, we tested iterations from 1x105 to 
5x107, and number of replications from 10 to 200. Then, using iterations = 2x105 and number of 
replications = 5, the FPF for each feature was calculated using the steps below (and considering the 
target is achieved at 99% and the maximum FPF limited to 1x105): 
1. Start FPF with a small number (0.001) for all feature targets (except that which was used as 
the cost: this is set to 0 for the whole process). 
2. Run Marxan with Zones. 
3. For all targets that were not achieved, increase FPF by a factor of 10 
4. Repeat 2-3 until all targets are achieved 
5. Divide all targets by 10  
6. Increase all targets by a small number (0.001) 
7. Run Marxan with Zones 
8. If a target is met, drop back to the last FPF 
9. For all targets not met, increase the last increase by 100 
10. Repeat 7-9 until the maximum difference between six successive FPF scores is 0.3. 
 
We used a final number of replications of 100 and iterations of 500,000, after checking this 
would give a good result for all runs, and selected only those runs that satisfied all target 
requirements. 
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Appendix U. Full optimisation results 
Full optimisation results (Figure U1, U2), showing the location of the PPF, compared against 
the achievement of the a priori zone scenarios of Chapter 6, and resulting selected area patterns and 
percentages allocated to each zone. For reference, percentage allocation to each zone under the a 
priori zoning scenarios is given in Figure U3, and the percentage of each zone allocated to each 
block is provided in Figure U4. While in the baseline case (Figure U1a) several of the a priori plans 
perform better than the PPF in terms of agricultural production, these a priori plans do not achieve 
all biodiversity or timber targets. In solutions in which oil palm is given preference, oil-palm and 
the resulting need to increase conservation area often crowds out the area for smallholder 
agriculture (Figure U1, U2). In contrast, solutions that favour smallholder agriculture often can 
achieve the smallholder agricultural target in combination with an amount of oil-palm production. 
This occurs due to the capacity for smallholder agriculture to support relatively high levels of some 
biodiversity features, particularly for more widespread species tolerant of some agricultural 
disturbance. As these species can be adequately represented in a matrix with high proportions of 
smallholder agriculture, less land is required to be dedicated to strict conservation in order to reach 
the biodiversity target (Figure U1, U2, U4). Areas allocated to conservation are heavily biased to 
existing forested regions, particularly Block E, as well as riverine-riparian forests (Figure U1, U2, 
U4). Relatively more area is allocated to ‘unmanaged’ in scenarios with higher emphasis on 
smallholder agriculture than on oil palm (Figure U1, U2, U4). This reflects the relative ease with 
which the Marxan with Zones algorithm can find suitable solutions for this emphasis, and that 
further target achievement is not pursued after threshold targets are achieved. Allocation of land 
sparing and land sharing under mixed strategies show a dominance of land sharing for smallholder-
agriculture and oil-palm (Figure U5). When sparing is allocated, for oil palm this tends to be 
strongest in the scenario that specifies the greatest yield benefit from high-yield agriculture (i.e. 
policy effectiveness level C), whereas for smallholder agriculture a greater proportion is allocated 
when there is no impact on biodiversity for yield increases in high-yield agriculture (i.e. policy 
effectiveness level A; Figure U5). 
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Figure U1 (this and following pages). PPF results against a priori zoning plan achievements, and 
resulting selected and the area allocated to each zone in the solutions that are maximizing oil-palm 
production, maximizing smallholder production, or allocating equal impact on both (with respect to 
target achievement), subject to achieving all biodiversity, carbon, and timber targets. Grey points 
represent the multiple solutions from Marxan with Zones, the PPF was line of the points furthest 
from the origin, and solutions selected for display are indicated. a) baseline (current benefit levels), 
b) land sharing, policy effectiveness level A, c) land sharing, policy effectiveness level B, d) land 
sharing, policy effectiveness level C, e) land sparing, policy effectiveness level A, f) land sparing, 
policy effectiveness level B, g) land sparing, policy effectiveness level C.  
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Figure U2 (next page). PPF results against a priori zoning plan achievements, and resulting 
selected and the area allocated to each zone in the solutions that are maximizing oil-palm 
production, maximizing smallholder production, or allocating equal impact on both (with respect to 
target achievement), subject to achieving all biodiversity, carbon, and timber targets. Grey points 
represent the multiple solutions from Marzan with Zones, the PPF was line of the points furthest 
from the origin, and solutions selected for display are indicated. a) mixed strategy, policy 
effectiveness level A, b) mixed strategy, policy effectiveness level B, and c) mixed strategy, policy 
effectiveness level C.  
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Figure U3 . Areas allocated to each zone in the a priori zoning plans. 
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Figure U4. Distribution of zone area (as proportion of total EMRP region) over blocks (x axis).  
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Figure U5. Distribution of sharing or sparing production lands when both sharing and sparing 
allowed, (as proportion of total EMRP region) over blocks (x axis). 
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